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removal efficiency of pollutants, climate change mitigation benefits and toxicological effects of existing and
alternative SS treatments (involving pyrolysis, incineration, and/or anaerobic digestion). Conventional SS

treatment leaves between 24 % and 40 % of OPFRs unabated, while almost no degradation occurs for PFAS.
Thermal treatments can degrade more than 93% of target OPFRs and 95 % of target PFAS (with the rest released
to effluents). The different treatments affect how HMs are emitted across environmental compartments. Con-
ventional treatments also show higher climate change impacts than thermal treatments. Overall, thermal
treatments can effectively reduce the HOCs emitted to the environment while delivering negative emissions
(from about —56 to —111 kg CO3-eq per tonne of sludge, when pyrolysis is involved) and producing renewable
energy from heat integration and valorization.

1. Introduction

The production of sewage sludge (SS) has dramatically increased
worldwide over the last two decades as a result of increasing population
and living standards [21]. In Europe, the sludge production based on the
most recent supported statistics in 2021 is around 5.5 million tonnes of
dry solids per year [25]. Although the volume of SS produced is only 2 %
of the initial wastewater volume, its treatment and disposal account for
up to 50 % of the total operational and capital costs of wastewater
treatment plants [21].

Incineration of dried sludge and landfilling remain the primary
sludge disposal practices in most of the countries [15], but environ-
mental policies tend to tighten environmental regulations and reduce
landfill disposals to incentivize solutions for recycling [46]. Sludge can
be used as a soil amendment in agriculture [2] or as a source of heat in
industrial applications (e.g., cement production) [14]. The main re-use
route in the EU is application to agricultural soils (45 % directly and
7 % after composting) [47]. In Norway, total sludge production showed
an average annual growth of 6 % in the last few years, reaching 134,000
tonnes of dry solids in 2021 [81], and around 79% of SS is used in
agriculture, green spaces as parks, or delivered to fertilizer producers
[80].

Although applications in agriculture and in green areas make use of
some nutrients contained in the sludge, they also risk releasing toxic
pollutants into the environment [8]. The sludge is a collector sink of
hazardous organic compounds (HOCs), hazardous metals (HMs), phar-
maceutical products, pesticides, and microplastics, among others, at
various concentrations [55]. Among the HOCs, per- and polyfluoroalkyl
substances (PFAS), a complex group of synthetic chemicals that have
been used in consumer products since the 1950 s, and organophosphate
flame retardant (OPFRs), a group of chemicals used as flame retardants
and plasticizers, are of rising concern because of their long-lasting
persistence in the environment and food products, with increasing
studies showing that exposure to these HOCs is linked to harmful health
effects in humans and animals [5,67]. HMs have been reported to affect
biochemical and physiological functions in plants and animals, and
induce adverse health effects in humans, such as neurologic, cardio-
vascular and developmental diseases, and various types of cancer [11,
31].

The EU is considering reducing the limits of the contamination levels
allowed in SS used as fertilizer, with some countries already adopting
lower levels [40]. Stricter limits will increase costs and reduce the
contamination levels for potential applications [24]. There is an urgent
need for improved and efficient management solutions for sludge that
can safely stabilize, remove or reduce its content of pollutants [28].

Thermal treatments such as anaerobic digestion, pyrolysis, hydro-
thermal processes, and incineration are options for reducing the waste to
be landfilled, while allowing waste hygienization and energy recovery.
Thermal treatments can convert the sludge into energy directly [63] or
by producing a gas rich in CH4 and/or Hy, which can in turn be used as
an energy carrier [30]. Currently, anaerobic digestion is frequently
applied to SS and the resulting digestate is used in agriculture. This
technology recovers about 50 % of the organic matter by producing
biogas but only partly addresses the issue of degradation of pollutants

[42]. Thermal treatment of SS via incineration in EU has increased [44].
Incineration has the advantage to recover useful energy and destroy
several toxic organic contaminants contained in the sludge (though not
HMs). However, it does not valorize nutrient and material contents of SS
and might increase risks of air pollution. Pyrolysis of SS is still at a
pre-commercial scale, but its use, either stand-alone or integrated with
anaerobic digestion, is gaining rapid interest as a solution to maximize
energy and material outputs (e.g., in the form of biochar) while safely
degrading most of the toxic contaminants [70].

Despite the importance of the topic and the need to optimize man-
agement strategies from a sustainability perspective, there is limited
information on the environmental trade-offs of implementing these
technologies and, even more, on the efficiency by which they can
remove toxic pollutants. Some existing studies based on Life-Cycle
Assessment (LCA) of sludge treatment via pyrolysis [27,32,39], hydro-
thermal treatment [54,59] or incineration [27,58] mainly focus on
climate change effects and/or rely on hypothetical systems and process
simulation as data source. When human toxicity or freshwater ecotox-
icity impacts are considered [27,32,39], they mostly rely on simplified
and generic factors without considering the main sources of these im-
pacts and/or tracking the fate of the individual contaminants and their
release to the environment through the different treatment stages. An
accurate mapping of the fate of the various pollutants from measuring
their levels in real samples collected before and after each treatment
stage can inform about the effectiveness of abatement of each treatment
method. Further, while toxicity impact factors are available for most
HMs, this is not the case for most HOCs, preventing an accurate estimate
of their effects on human and ecosystem health once released to different
environmental compartments (air, freshwater, soil, etc.). Despite the
large number (more than 3000) of substances included in the USEtox™
database, the most common source for toxicity impact factors in LCA,
data are available for only twelve OPFRs and very few PFAS (e.g., PFOA,
PFHxA, PFBS) [36].

In this study, we integrate laboratory measurements of contaminants
concentration in 32 samples (14 sampling campaigns) of sewage sludge
collected before and after thermal treatments at running wastewater
treatment plants (WWTPs) and at a pyrolysis pilot plant in Norway with
an LCA approach where alternative treatment scenarios are compared in
terms of climate change mitigation benefits, removal efficiency of haz-
ardous substances (PFAS, OPFRs, and HMs), and toxicity impacts. The
scenarios are based on individual (or combinations of) thermal/non-
thermal treatments such as anaerobic digestion, de-watering, stabiliza-
tion, drying, pyrolysis, incineration, and valorisation of co-products
(biogas upgrading, heat and power cogeneration, biochar application
to soils). Process simulation is used to compute an accurate mass and
energy balance of each treatment scenario, and novel characterization
factors to estimate the toxic impacts of emissions to air, water, and soils
of a variety of PFAS and OPFRs are calculated and applied. Different
climate metrics and a Monte-Carlo uncertainty analysis are applied to
explore variability in the results from a large variety of process factors
and model uncertainties. Results are presented as statistical outcomes
from 10,000 repetitions of the analysis by randomly selecting any
possible value within the given uncertainty ranges of each uncertainty
factor.
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2. Materials and methods

Fig. 1 shows an overview of the methods and data used to map the
fate of HMs and HOCs throughout the treatment scenarios and estimate
the corresponding life-cycle environmental impacts. The first step con-
sisted of sampling and analyzing the concentrations of HOCs and HMs in
raw SS from 6 Norwegian WWTPs, which provided the composition of
the input materials and concentration profiles of the pollutants (Section
2.1). This information was fed into Aspen Plus in Step 2 to quantify the
mass and energy flows at the level of unit process for the identified SS
management options, as described in Section 2.2. The third step
involved a combination of documented literature and laboratory data to
quantify the removal efficiency of pollutants at each process stage of SS
treatment and map the fate of HOCs and HMs within each process unit
and their release to water, air or soil (Section 2.3). In the fourth step, the
eco-toxicity characterization factors for a variety of HOCs (mostly PFAS)
were determined using up-to-date environmental impact assessment
models based on stressor-response mechanisms, exposure risks, and
health effects (Section 2.4). The fifth step involved the characterization
of the climate change and toxicity impacts (LCA results) for the SS
treatment scenarios considered in this study (section 2.5).

2.1. Sample collection and types of contaminants

Raw SS samples were obtained from five wastewater treatment
plants (WWTP-1, WWTP-2, WWTP-3, WWTP-4, and WWTP-5) and one
sludge treatment plant (STP-6) located in the Trondelag, Viken and Oslo
regions. The WWTP-1 and WWTP-2 are serving the city area of Trond-
heim (Central Norway), and they are designed for a capacity of 170,000
PE (Population Equivalent) and 120,00 PE, respectively, with a disposed
sludge of 1799 tonnes TS-year ! and 1750 tonnes TS-year ' (where TS
means Total solids, based on dry sludge). The largest unit (WWTP-3) is
serving the Metropolitan area of Oslo (750,000 PE), with 16,966 tonnes
TS-year ! of SS. The other plants are situated in the Viken Region
(South-East Norway), in Moss, Gardermoen and Drammen, respectively.
WWTP-4 and WWTP-5 serve approximately 80,000 PE, and the disposed
sludge is 683 and 1185 tonnes TS-year !, respectively. STP-6 receives

Raw sewage sludge

— &o properties
= N
Sampling in Laboratory HOCs and HMs
| WWTPs analysis Concentration profiles

o ¢

Literature review and
Laboratory analysis
|

Removal rates

Removal pathways

Degradation and fate
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sludge from various treatment plants, treating 3310 tonnes TS-year °,

and it converts sludge into biogas through thermal hydrolysis and
mesophilic anaerobic stabilization.

The samples were collected in different seasons during 2020 and
2021 after primary (WWTP-1 to 5) and activated sludge treatment (STP-
6) (sampling description in Castro et al. [13] and Castro et al. [12]). The
samples of raw sludge in WWTPs have been taken before treatment such
as digestion or lime application to avoid effects on the concentration of
organic pollutants, and after digestion. Samples of wastewater and raw
sludge were taken in 1-L amber glass jars or 1-L. HDPE jars; in the case of
digested sludge, 10 kg of sample was collected in sterile polypropylene
bags. Once in the laboratory, samples of wastewater were filtered
through a glass microfiber filters GF/F diameter 47 mm (WhatmanTM,
VWR, Norway), previously baked to reach 0.45 um pore size, and sludge
was frozen at — 20°C in aluminum foil containers for 12h and
freeze-dried (—21 °C, 6 mbar). Dried samples were homogenized in a
mortar and kept at 4 °C until analysis. Extraction and analysis of OPFRs,
BPA and PFAS was performed according to previous work with minor
modifications [12,13,43,83]. Target chemical quantification was
accomplished using internal standards and matrix-matched calibration
curves prepared by spiking the target chemicals and internal standards
into the matrix prior to extraction modifications. Details about extrac-
tion and analysis are available in the Supplementary Text 1 and
Tables S1-3 in Appendix A.

Twelve HMs were detected and analyzed in the raw SS: arsenic (As),
barium (Ba), cadmium (Cd), cobalt (Co), chromium (Cr), copper (Cu),
molybdenum (Mo), nickel (Ni), lead (Pb), strontium (Sr), vanadium (V)
and zinc (Zn). The targeted HOCs include 21 OPFRs, 39 PFAS and 1
bisphenol (bisphenol A [BPA]). These HOCs were selected due to
increasing interest by policy makers, their high persistence and toxicity,
particularly regarding food safety [22,23,51]. Regarding the OPFRs,
four chlorinated, seven aryl and ten alkyl compounds were detected in
the sludge. The PFAS include four fluorotelomer sulfonate compounds
(FTS), fifteen perfluoroalkyl carboxylates (PFCA), nine perfluoroalkane
sulfonates (PFSA), seven perfluorooctane sulfonate precursors (PreFOS)
and four uncategorized compounds. The full list of HOCs and HMs
considered in this study is available in Table S4. The laboratory analysis

1
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Fig. 1. Main steps of the methodological framework used in this study.
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finds that OPFRs are the HOC that are most abundantly detected in the
raw SS in Norway (the average of all OPFRs is 2023.2

+ 1564.5 ng/g-dwSS, where dwSS means dry weight sewage sludge),
followed by PFAS (average: 560.3 + 47.28 ng/g-dwSS) and BPA (50.1

+ 39.6 ng/g-dwSS). The highest concentration of PFAS were observed
for the PFAS-PFCA (78.7 % of all PFAS), while PFAS-PreFOS,
PFAS-PFSA, PFAS-FTS and PFAS-uncategorized represent 10.6 %,
8.9 %, 1.12% and 0.66 %, respectively. The concentration in raw
(pre-digested) SS of each HOC and HM, together with other types of
information such as proximate and ultimate analysis, is reported in
Table S5.

One of the scenarios of SS treatment includes pyrolysis. As a com-
mercial pyrolysis plant is not available yet, data are taken from samples
of SS and resulting biochar and emissions to air from a pilot plant. This
plant consists of a medium scale (2 — 10 kg-h™1) Biogreen® pyrolysis
unit (ETIA, France), which was installed by VOW ASA (Lysaker, Nor-
way). The pyrolyzer consists of an electrically heated reactor (up to
800 °C), a condenser unit for pyrolysis gas (=10 °C) with a collection
tray for the pyrolysis oil, and a combustion chamber (700-900 °C) for
the remaining pyrolysis gas [83]. The resulting biochar, produced at
different temperatures (500-800 °C) during a 2-hr period of stable
conditions at a given pyrolysis temperature (~4-10 kg produced in
total), was subsampled (100 g) and stored in glass jars (200 mL). Py-
rolysis samples are grouped at 550 °C (those ranging from 500 °C to
600 °C) and 750 °C (from 700 °C to 800 °C). Before pyrolysis, the
digested sludge was submitted to drying in batches of 2 m® of sewage
sludge (5-10% moisture) in a paddle dryer (1.5 x 5m) operating at
102-110 °C. Water was removed at a rate of 300 L hour™! by a super-
heated steam, supplied from a heat exchanger into a heating jacket fitted
around the drier. Dried samples were then pelletized (length 40 mm,
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radius 8 mm) before pyrolysis [13,83]. Pyrolysis gas composition was
measured by Fourier Transform Infrared Spectrometer (FTIR, Gasmet)
and aerosols (PM10) with a pdr-1500 (Thermo Scientific). Emission
factors for gases and contaminants were calculated using the carbon
balance approach as described by Sgrmo et al. [83].

2.2. Alternative scenarios for sludge management

Eight different scenarios for sludge management were considered
(Fig. 2). The first is a baseline case (C1) that represents a common
treatment that includes lime stabilization and de-watering to produce
bio-solids (or de-watered sludge) to be disposed as fertilizer on land
areas. The second baseline case (C2) includes anaerobic digestion
instead of lime stabilization, followed by dewatering and upgrading of
biogas to produce methane and replace natural gas. Both C1 and C2 are
representative of current options of SS treatment in Norway and are used
to benchmark the environmental performances of six alternative sce-
narios that include thermal treatments (pyrolysis and incineration), with
or without anaerobic digestion (AD). Pyrolysis is the thermal treatment
considered in C3, where SS initially undergoes AD and then the digested
sludge is pyrolyzed, and C4, where AD does not occur. The pyrolysis
cases were evaluated at both low (500-600 °C, averaged results indi-
cated as 550 °C) and high (700-800 °C, averaged results indicated as
750 °C) temperatures, with energy recovery via combined heat and
power (CHP) from bio-oil and pyrolysis gas in a boiler and use of biochar
in agriculture. The energy produced (heat and power) is partially used to
meet the internal energy demand of the treatment plants, and the rest is
exported to the energy market (as power, heat only produced for in-
ternal use). In C5 and C6, SS is sent to incineration (850 °C, 0.3 MPa)
either directly after de-watering and drying (C6) or after AD, de-
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watering and drying (C5) and ash disposal to a landfill. In both cases,
heat and power are produced from energy recovery and partially used to
meet the internal energy demand, while the surplus is exported to the
energy market (as electricity).

The main process stages of SS treatment scenarios (sludge stabili-
zation, de-watering, drying, AD, biogas upgrading, pyrolysis, and
incineration) and modelling of their technological parameters are
explained in detail in Supplementary Text 2, while the individual sce-
narios and their configurations are described in Supplementary Text 3.
The process modelling was built using experimental laboratory data and
complemented by bibliographic information in Aspen Plus v10.1 process
simulation software. Conventional and nonconventional components
were defined. Nonconventional refers to heterogenous components that
do not participate in chemical or phase equilibrium, with enthalpy and
density being the only properties defined. These nonconventional
components include the feedstock biomass (contained in raw SS), bio-
char, bio-oil and ash. Process modelling uses HCOALGEN and DCOA-
LIGT as property models to calculate the enthalpy and density for the
nonconventional compounds by providing the proximate, ultimate and
sulfanal data analysis. The proximate and ultimate analysis of biochar
and bio-oil based on laboratory data from the analysis of samples from
the pilot plant (complemented with literature data and/or simulations
when needed) are available in Table S12, and those for pyrolysis gas in
Table S10 (bio-oil and pyrolysis gas sent to CHP unit to produce energy).
The inventory data containing all inputs and process outputs of each
investigated scenario is available in Table S13, and the gaseous emission
compositions from CHP boiler and incinerator in Table S14.

2.3. Removal rates of HOCs and HMs

Available information on the fate and transformation of contami-
nants during the various treatments of SS is limited [35]. The existing
studies mostly focus on conventional treatments and rely on individual
(point) measurements or assumptions from process simulations. In this
study, we rely on extensive measurements and laboratory analysis
before and after the main process stages, i.e., AD and pyrolysis, to es-
timate the removal rates and speciation data for HOCs and HMs. Infor-
mation on the speciation and degradation from lime stabilization,
de-watering, drying and incineration are collected from the literature
(data source are listed in Table S15 and removal rates in Table S16). The
main removal rates and degradation processes in each stage for OPFRs,
PFAS, BPA and HMs are described in the following subsections.

2.3.1. Lime stabilization

During lime stabilization, the pH of the sludge increases, which re-
duces the solubility, mobility, and toxicity of various HOCs and HMs in
SS. The removal rates for 15 OPFRs in the expected basic solution after
lime addition (pH = 11-13) are taken from the literature [82], while
removal efficiency for 6 OPFRs (TiBP, DPMP, BBOEHEP, 30H-TBOEP,
RDP and BPA-BDPP) are based on structural similarity with other
OPFR for which data are available. For example, a 10 % removal for
TiBP is considered, in line with TnBP. Base-catalyzed hydrolysis of the
phosphate ester bond of OPFRs (OP triesters to OP diesters as end
products) is the most relevant mechanism of degradation [82]. The
pH-value affects desorption of BPA from solid to liquid phase, and a pH
around 12 induces a 92% desorption, which corresponds to pKy= 10.3
for BPA [41]. Similar to BPA, pH-values affect the mobility of PFAS.
PFAS tends to attach to solid phase, and alkaline environments reduce
the potential leachability of PFAS and increase the sorption to sludge
solid phase. PFAS compounds are strong acids, having pK, values less
than 1.6 [88]. For simplicity, it is assumed that PFAS at pH= 12 are
immobilized as calcium salts that are immobilized in the sludge [53],
with a 0 % desorption to the liquid phase after lime stabilization. For
HMs, the pH changes their leaching behavior, affecting the fractionation
and extractability [38]. As the lime stabilization is proceeding, certain
metals are transported into the aqueous phase [76]. The HM extraction
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rates for Ar, Cd, Cr, Cu, Ni, Pb and Zn (% removal) after lime stabili-
zation are obtained from the literature [38,76], while for the remaining
HMs (Ba, Co, Mo, Sr, V) it is assumed to be an average value based on the
reported factors for the other metals (24.5 % + 19.3).

2.3.2. De-watering

The partition coefficient Kq is often used to characterize the affinity
of organic substances to the aqueous or solid phase, [41]. The greater
this coefficient is, the higher is the affinity to solid phase. The partition
coefficient Kq (in L/kg) is defined as Arvaniti et al. [6]:

Cs

K, =—
‘7 Cw

(€8]
where C; is equilibrium HOCs concentration in the sludge (ug/kg) and
Cy is the equilibrium HOCs concentration in the liquid phase (ug/L). The
fraction (f;) of each target compound that would be sorbed in solid phase
at equilibrium for a given sludge concentration (suspended solids, SS, in
kg/L) is defined as Eq. 2 [6]:

SS-Ky

T 1+ (SSKy) @

fs

The removal efficiency, Removal;(%), indicating the discharge of
component i along with the effluents (de-watered compound), is
calculated as:

Removal; geyarering = (1 —f)-100 3)

Data of Ky of all the HOCs are reported in Table S17. For 8 OPFRs,
data were obtained from the literature [51] and their average log Ky
(2.79 4+ 0.71) is used as a proxy for the missing K4 values of the other
OPFRs. For BPA, log K4 = 3.07 + 1.03 was calculated based on the
log-normalized organic carbon content-normalized partition coefficient
(log Ko = 3.6 L/kg-oc)[19] and the organic carbon fraction (f,) [61]:

Kq = Kocifoe /100 4

where f,c =0.29kg OC/kg SS, based on the raw SS properties
(Table S5).

Multiple data sources [34,6,61,7,92] were used to compile the Kq for
PFAS (see Table S17), either using the Ko (Eq. 4) or directly obtaining
the Ky values. Missing K4 values were estimated through the relation log
K4 versus carbon chain length for the different PFAS subgroups (PFCA,
PFSA, FTS and PreFOS) (See Fig. S7). The sorption properties of PFAS
are related to its fluorocarbon chain length; longer chained such as
PFCAs (>Cy) and PFSAs (>Cg) are more susceptible to sorb and bio-
accumulate in solid fractions than the shorter-chained PFAS (<Cs),
which have higher water-solubility [65].

Regarding HMs, no sorption changes was assumed in de-watering,
except for the HMs in the sludge losses from de-watering process (i.e.,
5% of SS input mass).

2.3.3. Drying

The average boiling points for BPA is 361 °C and ranging between
197.2-374.0 °C, and 120.2 - 273.2 °C, for OPFRs and PFAS, respectively
[68,94], so no losses of HOCs are assumed for our drying conditions
(100 °C, 1 atm). The same assumption was considered for HMs.

2.3.4. Anaerobic digestion and pyrolysis

Laboratory analysis data were used to determine the removal rates
for HOCs and HMs (values detailed in Table S16), using the samples
from the WWTPs and the pyrolysis pilot plant. Samples were collected
for the input sludge and the digested sludge in the case of AD, and py-
rolyzed sludge (produced from both raw SS and digested sludge). For
pyrolysis, a proximate and ultimate analysis of the bio-oil and biochar
was done (Table S12), and for gas emission the composition is measured
through FTIR (gas composition in Table S10). The product yield of py-
rolysis as percentage of biochar, bio-oil and syngas are detailed in
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Table S10. After pyrolysis, bio-oil and pyrolysis gas are sent to the CHP
unit for electricity and heat production, considering process modeling to
estimate the energy produced and the associated gaseous emissions
(more details in Table S14).

2.3.5. Incineration

Pilot-scale incineration experiments demonstrated the destruction
efficiency for OPFRs, which are almost entirely destroyed (>99.999 %
destruction efficiency) [57]. Complete removal of BPA was assumed, as
no specific data for BPA removal efficiency at our incineration temper-
ature of 850 °C is available. Zhang et al. [93] estimated the influence of
operational conditions of incineration on destruction of PFAS, it re-
ported complete mineralization at temperature > 1000 °C; however, a
more recent study did show municipal solid waste incineration could
release PFAS through the flue gas [9]. Complete destruction of PFAS is
thus assumed, although some incomplete fluorinated products could still
be emitted [9]. In the case of HMs, a chemical speciation transformation
of HMs during incineration process is considered based on literature
data [16,52]. The main removal mechanism is volatilization [16] and
the HMs residual fraction remains in the solid fraction (ash), except for
Cd for which a complete volatilization is considered [65]. The volatili-
zation efficiency of incinerated SS is estimated for As, Cr, Cu, Ni, Pb and
Zn (Table S16). An average volatilization efficiency was assumed (54.7
+ 21 %) for other HMs (Ba, Co, Mo, Sr, and V) for which specific in-
formation is missing. Emissions of other pollutants from incineration (e.
8., GHGs) are estimated according to the process simulation in Aspen
Plus as detail in Table S14.

2.4. Climate change and ecotoxicological assessment

2.4.1. Life cycle assessment

The different SS treatment scenarios were investigated using LCA by
explicitly quantifying inputs of energy and materials and emissions to
air, water and soils from each process stage, and estimate the associated
environmental impacts for climate change and toxicity effects. Specific
removal rates and fate of HOCs and HMs were mapped through different
treatment units to identify where emissions or transformations occur, to
compare on the effectiveness of each treatment process. The functional
unit considered in this study is 1 tonne of SS (i.e., raw SS: wet basis, 75 %
moisture) entering the process alternatives. The system boundaries for
the case studies are from ‘cradle to grave’, as outlined in Fig. 2. The life
cycle inventories for the case studies were estimated by primary data
collection from lab experiments and process modelling, complemented
with data from the scientific literature through meta-analysis when
necessary. These include emission factors, characteristics of waste
streams, energy and material balances and information on mass and
energy co-products, as summarized in the Supplementary Text 2 and 3.
Background life cycle inventories were obtained from Ecoinvent data-
base v3.6, operationalized using Brightway2. Emissions of individual
stressors (e.g., COy or CH4 for climate change and HOCs for human
toxicity) were converted to environmental impacts using chemical-
specific metrics, also referred as characterization factor (CFs) in LCA
[18]. The CFs are simplified measure of the environmental system
response to a certain stressor, and are based on physical models of
varying complexity linking emissions to impacts [64]. In this study, we
assess effects in two impact categories, climate change (at different time
horizons) and human and freshwater ecotoxicity.

The SS treatment plant infrastructure is modelled as a wastewater
treatment facility with an operational lifespan of 30 years, treating an
average annual sewage volume adapted to the processing size in the case
study. As in our cases the SS treatment plant does not include the whole
WWTP process unit, but only the sludge handling, half of the total plant
infrastructure was assumed (made of AD, lime stabilization, de-
watering, drying CHP, gas cleaning and biogas upgrading). In the py-
rolysis and incineration cases, a synthetic gas factory and waste incin-
eration facility were considered in addition.
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In terms of energy recovery, there is none in the baseline cases. In the
scenarios with AD, biogas is upgraded and considered as a replacement
for natural gas. In the scenarios with pyrolysis, the heat and power from
CHP are first used to run the process plant. This requires all the heat, and
between 87 % and 54 % of the electric power in C3 scenarios, and be-
tween 5.2 % to 7.7 % of it in C4 scenarios (details in Fig. S8), with the
remaining electricity exported to the grid (displacing the average Nor-
wegian power mix). In the incineration cases, both heat and power are
produced in surplus, but only the benefits from surplus electricity are
considered due to the logistical challenges associated with valorizing the
heat.

2.4.2. Climate metrics

The climate forcers considered in our study are well-mixed green-
house gases (WMGHGS), including CO,, CHy4 and nitrous oxide (N20),
and short-lived climate pollutants (SLCPs), such as NOx, CO, SOx,
NMVOC, organic carbon (OC), and black carbon (BC). The main dif-
ference between WMGHGs and SLCPs is their lifetime in the atmosphere.
WMGHGS have lifetimes longer than SLCPs (which persist for less than
about one year), and while WMGHGs get well mixed in the atmosphere,
SLCPs do not [18]. The impact of SLCPs on climate is largely dependent
on the emission location, with high concentrations around the emission
source, and their effects on climate are most significant in the first few
years following the emission [1]. The confidence level in the predicted
climate change impacts of SLCPs is lower than WMGHGs, and uncer-
tainty ranges of these characterization factors are considered in the
uncertainty analysis. In terms of metrics, one metric representative of
short-term effects (GWP20), one of mid-term effects (GWP100, a proxy
for changes in global surface temperature about four decades after an
emission) [4] and one of long term effects (GTP100) were considered.
We refer to other studies for a more extensive definition and discussion
of these different metrics [49,84]. For WMGHGs, global average char-
acterization factors from the most recent IPCC report [29] were
considered, while for SLCPs characterization factors that are specific for
emissions occurring in Europe for GWP20 (for which SLCPs are most
relevant) were used, along with global average values for GWP100 and
GTP100 [50,64].

2.4.3. Ecotoxicological metrics

In LCA, the toxicity impacts of chemicals on human health and
freshwaters are typically estimated using characterization factors
derived from Usetox™ 2.12, a model endorsed by the UNEP-SETAC Life
Cycle Initiative [33,74]. The main output of the database are charac-
terization factors of chemicals, including their fate, exposure, and effect
parameters. Usetox™ provides a transparent quantification of human
health and ecosystem toxicity CFs for emissions to eight environmental
compartments: urban air, continental urban air, household indoor air,
industrial indoor air, continental freshwater, continental seawater,
continental natural soil and continental agricultural soil [74]. The unit
for human toxicity CFs is cumulative cases of either cancer or non-cancer
outcomes per kg of pollutant emission (cases/Kgemitted), and for fresh-
water ecotoxicity is the potentially affected fraction (PAF) of aquatic
species integrated over the exposed water volume (mg), time (day) and
kg emitted (PAF-m>-d//Kgemitted) [66].

Despite the large number of substances available in the Usetox™
database at the time of this study (3077 organics and 27 inorganics
compounds in version 2.12), only twelve OPFRs and three of the
analyzed PFAS were present (PFAS CFs not yet included in Usetox™
database). CFs are instead already available for HMs and BPA. In this
study, we calculated new CFs for 9 OPFRs and 36 PFAS using the Use-
tox™ model, whereas other CFs already implemented (12 OPFRs, BPA
and 3 PFAS) were updated. The CFs were computed as the result of three
main factors: fate factor (FF), exposure factor (XF) and effect factor (EF)
[75]. Tables S18 and S19 show the wide range of input parameters that
are collected to compute CFs in Usetox™. These data include physico-
chemical parameters (e.g., molecular weight, partitioning coefficient
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between organic carbon and water, vapor pressure, water solubility,
etc.), degradation factors, bioaccumulation, ecotoxicological effects,
and carcinogenic and non-carcinogenic effects on human health. The
physicochemical parameters provide an estimation of the FF, i.e.,
mobility of the compounds in water environments, soils and sediments
[66]. The XF is defined as the fraction of a substance dissolved in aquatic
ecosystems or inhaled or ingested by the human population [26]. The
parameters involved in exposure factor calculation are bioaccumulation
factors in plant roots, plant leaf, and fish, and biotransfer factors in milk
and meat. The EF includes ecotoxicological effects for aquatic environ-
ments and human health. The aquatic environment includes freshwater
and marine, and the EF is represented by effective concentration
affecting 50% of the exposed population (EC50). Since most of the data
currently available are for the freshwater environment, this study only
considers impacts on freshwater ecotoxicity. For human toxicity, the
effective dose affecting 50% of the exposed individuals (ED50) for
cancer/non-cancer after inhalation or ingestion is used. In this study, we
limit the analysis to ingestion as the only routes of exposure and to
non-carcinogenic impacts due to a lack of data on carcinogenic effects of
the substances considered, for which studies have been carried out only
for three OPFRs (TnBP, TCEP and TDCIPP) and no PFAS. The resulting
CFs computed for this analysis are available in Table S20. For each
component, the CFs used are specific to the environmental compartment
where the toxic components are emitted, i.e. that different toxicity
factors are considered if HOCs are directly released to water bodies after
de-watering or to agricultural land with the biosolids or the biochar. For
emissions to air, we consider emission to urban air; for those to water,
emission to continental freshwater; and, for those to soils, emission to
continental natural soil. Toxicity impacts are only considered for the
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components that are included in the raw SS, so to better highlight the
varying effects of the different treatment scenarios.

2.4.4. Statistical and uncertainty analysis

The repercussions of key uncertainties in process parameters and
characterization factors on the LCA results was investigated with a
Monte Carlo analysis, where 10,000 runs are used to produce results by
randomly selecting one value within the uncertainty ranges per each
run. Statistical scores are then summarized from these outputs and
represented in the results. A range of plausible values are considered for
a broad list of parameters related to SS properties, process units, trans-
port distances and characterizations factors, as summarized in
Table S21. The ranges considered for elementary composition of raw SS,
HMs and HOCs content in raw SS are shown in Table S5 and are based on
the standard deviations of the measurements reported by experimental
empirical data from our laboratory analysis or from the literature. A
triangular probability distribution based on the minimum, maximum
and mode of the given range for each parameter is assumed for the se-
lection of the random value, where the mode can be interpreted as the
most representative value for the distribution [62].

3. Results
3.1. Mapping the fate of HOCs and HMs

Fig. 3 shows the removal rates (degradation) of HOCs and HMs in
each scenario, with their fate and remaining concentration in the most

relevant output flows (the numerical values are reported in Table S22
and S23). The details of the removal/formation pathway for each

5
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C1 c2 Cc3 C3 Cc4 C4 C5 C6
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Fig. 3. Mass fraction (%) relative to total initial loading (100 %) in the raw sewage sludge showing the percentage of degradation and fate of OPFRs (a), BPA (b),
PFAs (c) and HMs (d). Effluent indicates liquid emission after de-watering. The results only focus on the direct emissions from the raw sewage sludge treatment
pathways and fate of HOCs and HMs in the environment, without considering HOCs emissions of background processes.
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pollutant in the different scenarios are available in Figs. S9-S16.

The current dominant SS treatments (C1 and C2) can leave from
about 25 % to 40 % of OPFRs undegraded, either flowing to the envi-
ronment with the wastewaters or left in the dewatered sludge (Fig. 3a).
AD has a lower degradation of OPFRs, an aspect that was observed in
other studies as well [91]. This is maybe due to OPFRs having a greater
chance to volatilize out of the sludge in open systems than closed
anaerobic systems [90]. Around 97% of OPFRs are degraded when
thermal processes are integrated after AD, i.e., pyrolysis cases (C3 at low
and high temperature) and incineration (C5). For thermal processes
without AD (C4 and C6), the degradation is around 93 %. The unde-
graded OPFRs are mainly left in the effluent. The analysis of the specific
removal pathways shows that from 36 % to 92 % of total OPFRs are
anaerobically digested, except for TEP, 30H-TBOEP and TTBPP for
which no degradation is reported (Fig. S10), and the rest mostly remains
in the SS. OPFRs left after AD and de-watering are completely degraded
when the sludge is pyrolyzed or incinerated (Figs. S11-16). The degra-
dation in conventional treatments (Cl1 and C2) mainly occurs via
hydrolyzation due to lime addition in C1 or during AD in C2. Some
alkyl-OPFRs are dominant in the dewatered-sludge, due to a hydrolytic
stability to basic pH [82]. TCiPP, TBOEP, TDCiPP and TEHP are the most
frequently detected at higher levels in the raw SS (Table S5), and these
are almost completely removed after thermal treatments. However,
these compounds are also dominant in the output flows of the conven-
tional cases C1 and C2, as they mostly remain in the effluents after
de-watering and are thus emitted in the environment.

For BPA (Fig. 3b), the lime addition in the conventional case C1
results in a higher BPA solubility for aqueous solution [53], as the lime
can increase the pH of the sludge above the pKa of the bisphenol (ca
10.3), and 83 % of the total BPA is emitted with the effluent. In C2, 92 %
of BPA is biodegraded during AD and the rest remains bound to the solid
fraction. An almost complete degradation is found in thermal treatments
combined with AD (C3 and C5). The thermal pathways without AD (C4
and C6) can achieve a 95 % destruction, while the rest of BPA is left in
the effluent after de-watering. The most effective degradation stages are
anaerobic digestion (~92 % degradation) and pyrolysis or incineration
(complete degradation).

For PFAS, the conventional treatment methods show no (Cl) or
limited (less than 10 %, C2) degradation, as most of the chemicals
remain with the dewatered sludge (Fig. 3c). Biodegradation of PFAS is
poorly understood [53], but literature suggests that PFAS are hardly
biodegraded due to the fluorine-saturated carbon chain (which is not
used as carbon and energy sources by microorganisms [20]) and/or the
presence of alkyl chain that discourages the initiation of microbial
degradation [71]. The removal rates when thermal treatments are
combined to AD are around 96% (C3 and C5), with the remaining PFAS
emitted to water bodies. Thermal pathways without AD (C4 and C6)
report a PFAS destruction equal to 94.5%, with the remaining PFAS
emitted in the effluent (5.5 %).

The analyzed PFAS show a wide range of responses to thermal pro-
cesses. While they are degraded during pyrolysis and incineration, they
can be also generated during AD from precursors [45]. The species
formed from precursors are 10:2 FTS, PFOA, PFNA, PFUnDA and PFOS
(See Figs. S10, S11, S12 and S15 in SI). PENA was absent in the input
flow to AD, and hence this component is generated from precursors.
Other PFAS increase their concentration, such as 10:2 FTS (from 0.54
+0.16 to 0.74ng/g-dwSS), PFUnDA (from 0.29 to 112.4
+ 194.5 ng/g-dwsSS), PFOS (from 6.86 =+ 7.6 to 7.12 ng/g-dwsSS). Pre-
vious studies have reported an increase after biological treatments of
some stable PFAS, such as PFOS and PFOA, suggesting that biodegra-
dation of precursors such as alcohols and fluorotelomer sulfonates can
lead to the formation of these stable PFAS [53]. These newly formed
compounds increase the amount of PFAS in the dewatered sludge (and
ultimately to soils) if thermal treatments do not follow.

In the conventional treatments, most of PFAS (94.5 % in C1 and
79.6 % in C2) remain in the sludge. In general, the stability of PFAS is
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determined by the specific functional group that is attached to the flu-
oroalkyl tail [93]. PFCAs and PFSAs are the most stable fluorinated
surfactants, in which PFOA (belonging to PFCAs) and PFOS (belonging
to PFSAs) are extremely stable, thermally and chemically, and resistant
to both degradation and oxidation [93]. The raw SS is dominated by
PFAS-PFCA, specifically by PFOA and PFTrDA.

No HM degradation occurs during the various treatment cases, but
their fate as liquid, solid, or airborne emissions can change (Fig. 3d). The
addition of AD to the baseline case Cl increases the HMs that are
released with the effluents (more than 70 %) and not with the biosolids.
The same occurs for the other scenarios that include AD (C3 and C5).
Pyrolysis increases the HMs in the biosolids (biochar, in this case), which
is particularly high (around 70 %) in the absence of AD, rather than the
atmosphere; whereas, combustion releases an increasing quantity of
HMs released into the atmosphere (especially Zinc).

3.2. Climate change impacts

Fig. 4 shows climate change impacts (using GWP100) of the sce-
narios, either without contributions from SLCPs (Fig. 4a, ¢) or with
(Fig. 4b, d), and with a breakdown per main process stage (Fig. 4a, c) or
climate forcing agent (Fig. 4b, d).

In general, the baseline scenarios C1 and C2 show higher mean
climate impacts than thermal treatments, although the uncertainty
ranges can overlap with the incineration-based scenarios. The mean
impacts of C1 and C2 are 9.4 and — 1.2 kg CO, eq-tonne ! SS, respec-
tively (SLCPs not included). All the thermal treatment scenarios have
mean net negative values, which range from about — 4.2 to — 5.3 kg
CO, eq-tonne™! SS when incineration is involved and from — 56.2 to
— 111.4 kg CO, eq-tonne ' SS for the pyrolysis-based systems.

The scenarios that include pyrolysis treatment can achieve negative
emissions, which is mainly attributable to the long-term carbon storage
of biochar in soils. Although it cannot technically be indicated as
negative emission, the energy recovery from SS treatment brings addi-
tional small climate benefits. As most of the heat produced from CHP
and incineration is used by the treatment process itself, the benefits are
here related only to the surplus of electricity produced and to biogas
(where AD is present). Given the key role played by biochar in climate
change mitigation, the more SS is sent to pyrolysis the larger is the
resulting climate benefits for the treatment scenario. The exclusion of
AD, where some biomass is converted into biogas, ensures that a higher
amount of SS is pyrolyzed, and a larger volume of biochar is generated.
This is why the negative emissions achieved with C4 are larger than
those of C3. Further, the use of a higher temperature during pyrolysis
also decreases the quantity of biochar output per unit of SS input, in
favor of larger fractions of bio-oil or pyrolytic gas. The cases with py-
rolysis undertaken at lower temperatures are thus the ones that achieve
larger climate benefits. These findings are generally consistent with
other studies that estimated negative climate change impacts for both
pyrolysis (ranging from —78 to —182kg CO, eq eq-tonne * SS) and
incineration (—26 and —131 kg CO, eq eq-tonne™! SS) [27]. The main
factors for the uncertainty ranges in cases C3 and C4 are the product
yield of pyrolysis as percentage of biochar, bio-oil and syngas.

The consideration of the contributions from SLCPs (CO, NOy, SOy,
NMVOC, black carbon and organic carbon), which are typically
excluded in previous analysis, can significantly change the overall im-
pacts and increase uncertainty ranges, but the relative ranking of the
scenarios remains unaltered (Figs. 4c and 4d). Black carbon is the most
important warming species, while the largest cooling effect is induced
by NOx and SOy (mostly released from CHP and incineration). Despite
the cooling benefits, these species cause adverse impacts in other impact
categories, such as human and ecosystem health or terrestrial acidifi-
cation [18]. BC also shows relevant warming contributions in the con-
ventional cases, and it is mostly associated with manufacturing. Results
generally follow the same pattern when other climate change metrics
(GWP20 and GTP100) are considered, as shown in Figs. S17 and S18.
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like N,O, CO, NMVOC and Organic Carbon.

The impacts are usually higher when a shorter time frame is considered
(GWP20), as the importance of CH4 and SLCPs (when included) is larger.
In the longer term (GTP100), the impacts tend to be smaller as the
contributions from short-lived species tend to vanish.

3.3. Eco-toxicity impacts

The human health toxicity (non-cancerogenic) and freshwater eco-
toxicity effects of the investigated SS management scenarios are shown
in Fig. 5, in terms of both emissions to environmental compartments and
main contributors. Scenarios with higher impacts on human health are
those involving incineration, primarily driven by emissions of pollutants
to the atmosphere from combustion (Fig. 5a). HMs are the main con-
tributors to human health impacts, in the order Zn>Pb>Cd >As>Ba,
mostly as emissions to air and water bodies. The airborne health effects

of HMs overwhelmed the generally positive effects from abatement of
HOCs in the thermal treatment scenarios. C6, which is sending all SS to
incineration, has the highest impact, while C3 and C4, where only re-
siduals are used in the CHP unit, the impacts are lower, but still higher
than the baseline options not involving treatment units (Fig. 5a). An
exception is C4 with pyrolysis occurring at low temperature, where all
the contaminants are abated and there are limited emissions of airborne
species, since the yields of biochar are higher than in the high temper-
ature case. Air emissions from incineration and pyrolysis account for
28 % to 80 % of impacts for the pyrolysis cases and between 69 % and
95 % for the incineration cases. Note that these emissions could be
abated if flue gas cleaning was included in the design of the combustion
or pyrolysis process.

After air emissions, the highest contributions to human health are
from emissions to water, mostly from the de-watering unit, which range
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Fig. 5. Human (non-cancer effects) and freshwater ecotoxicological impacts of raw sewage sludge management scenarios, with a distinction between impacts to
specific environmental compartments and type of pollutant. The results only focus on the direct emissions from the raw sewage sludge treatment pathways and fate of
HOCs and HMs in the environment. Total contribution of different emission flows and main compounds to human toxicity potential (a) and freshwater ecotoxicity
(b); contribution of HOCs (PFAs, OPFRs, and BPA) to human toxicity (c) and freshwater ecotoxicity (d); focus on the contributions of the main PFAS and emission
flows to human toxicity (e) and to freshwater ecotoxicity (f); and contributions of the main OPFRs and emission flows to human toxicity (g) and to freshwater
ecotoxicity (h). The ranges indicate the uncertainty (one standard deviation) from the Monte-Carlo analysis, and they are primarily due to the reported ranges in
concentrations from laboratory measurements and the characterization of each compound.

from 1 % to 81 % of the total human health impact, and from solid
emissions, such as de-watered biosolids (representing 63% of the impact
in C1 and 19 % in C2) or biochar (with impacts ranging between 7 %
and 8 % in C3 and between 14 % and 53 % in C4).

Regarding freshwater ecotoxicity (Fig. 5b), the inclusion of AD (cases
C2, C3 and C5) tends to increase the impacts, while the lowest impacts
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occur when all the SS is pyrolyzed or incinerated (C4 and C6). Emissions
to the environment via discharge to water and biochar to soil are the
main sources of impacts. In general, a large part of the targeted toxic
compounds is detected in water emissions after AD in C3 and C5, which
are responsible on average of about 82-85 % of the total impacts. In the
scenarios without AD, the main contributors to freshwater ecotoxicity
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potentials are the emissions with the solids (biosolids, biochar and ash).
The pollutants sorbed to solid fractions account for 63 %, 75 %, 67 %
and 52 % of the total freshwater ecotoxicity for C1, C4-high T, C4-low T
and C6, respectively. Overall, the uncertainty ranges across the fresh-
water ecotoxicity impacts largely overlap among the various treatment
scenarios, preventing from achieving robust conclusions, apart from a
clear abatement of freshwater ecotoxicity impacts from HOCs in the
thermal treatment cases (Fig. 5d).

HMs are the dominant pollutants affecting human health (>93 % of
the impact) and freshwater ecotoxicity potentials (~100 %), with the
rest caused by HOCs (Fig. S19). Impacts on human health from HMs are
dominated by Zinc (ranging from 38% to 81% of total contributions) and
are higher for the scenarios that have a larger volume of sludge or res-
idues combusted, as they increase volatilization of HMs and their
dispersal in the environment (Fig. 5a). Zinc also dominates impacts of
HMs on freshwater ecotoxicity (Fig. 5b), but to a smaller extent (be-
tween 55 % and 59 %) as other species such as Strontium and Copper
(up to 17 % of contribution) become more relevant. The ranking of the
different scenarios for freshwater ecotoxicity impacts also change rela-
tive to human health (Figs. 5a and 5b). In this case, incineration is not
the process leading to the highest impacts, but AD as it increases the
metals transferred to water bodies. The impacts remain high even when
AD is coupled with pyrolysis, and the stand-alone treatment of SS with
pyrolysis is the option that causes the smallest potential impacts.

Among the HOCs, impacts on human health are basically only due to
emissions of PFAS (Fig. 5c), mostly PFCAs (Fig. 5e). The scenarios with
the largest impact are those with AD, especially when it is the main
treatment option not associated with other technologies (C2). This is
because of the PFAS formed from precursors after AD (i.e., 10:2 FTS,
PFOA, PFNA, PFUnDA and PFOS). The complete pyrolysis or incinera-
tion of the SS are the most efficient options to abate impacts of PFAS.
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PFAS are a main contributor to potential impacts to freshwater
ecotoxicity as well in the baseline treatment options (Fig. 5d), but in the
scenarios with thermal treatment the effects of PFAS are reduced,
making OPFRs (mainly TDCiPP, IDPhP and TPhP) the dominant drivers
(Fig. 5h). In this case, scenarios including AD have lower impacts than
those without, because of the degradation in AD of some of the main
OPFRs present in the SS, i.e., TDCiPP, TPhP and TCiPP, with degradation
rates between 67 % and 88.5 % (Table S16). The baseline scenario is
also the most inefficient to abate BPA, which has the largest impact to
freshwater ecotoxicity across all the assessed scenarios.

The eco-toxicological impacts associated to HOCs are generally
related to emissions to water for human health (Fig. 5e for PFASand 5 g
for OPFRs) and to soils for freshwater ecotoxicity impacts (Fig. 5f for
PFAS and 5 h for OPFRs). Water emissions of both PFAS and OPFRs
strongly affect human health because their CFs associated to water
emission is high as shown Fig. 6a and b. However, the concentration
change is more of an issue than the increased CFs as the key factor
determining the total impact on freshwater ecotoxicity from PFAS
(Fig. 5f). For example, even if the CF for freshwater is two times higher
for water emissions than soil emissions of PFOA (Fig. 6e), the higher
concentration of PFOA released to soil is still the main factor of the high
impacts of the conventional cases (C1-C2), in comparison to the impacts
of the low emissions to water bodies in thermal treatments (C3-C6).

In general, the potential eco-toxicity impact of a compound is
determined by three main factors: concentration, environmental fate
and characterization factor. As previously discussed, the thermal treat-
ments do not change the HMs mass flow, but they affect their environ-
mental fate and distribution to environmental compartments (air, soil or
water). For example, AD increases the transfer of HMs to water bodies,
and pyrolysis and incineration increase the transfer to the atmosphere
(the concentration of HMs in the corresponding emission flows are

; OPFRs PFAS ©PFOA Hazardous metals “ A
10 ATDCIPP 10 o 1e% '
@) (b) - 8 *  OPFNA (© C1Ba
OTEHP - by 5
.
. . . = ocd
103 XBPA-BDPP oy g 9’}‘ APFUnDA o .
- o ¢ o] o ° AP
] X OTTBPP ¢ &  XPFTeDA S
£2 OZn
3§ o CPFHxDA o
S 8 Il o
g @ 0% o 105 = 105 . X 2
= s o A . A
=]
£ o7 A o . .
35 = n
2 %
% g
8 % 107 1 A 107 ; 107
28 I i ! : .
E 2 o 4 . i .
= 109 ¥ B = 100 . 10
.
.
101 1011 101
Urban air Freshwater Natural soil Urban air Freshwater Natural soil Urban air Freshwater Natural soil
OPFRs XTCiPP PFAS OPFNA Hazardous metals OBa
106 106 106
(d) OTPhP (e) X PFTrDA ® a . ACu
B
- ©I1DPhP it 5PFOA 104 E s | XN
]
i3] ATDCIPP - oSr
33 ° ] g .
Z =10 102 o 102
‘E & A " ° 4 OZn
5 & 100 100 L] L~ ] 100 . °
£3
; - ! LEGEND
= E R B . ) s 24— Outliers
E = 107 1 . 10 H 102 «—— Q3+15IQR
&’ ————+— Third Quartile Q3
Median Q2
10+ H 10+ 104
__ First Quartile Q1
. le— Qr1510R
10¢ 10¢ 10 :
Urban air Freshwater Natural soil Urban air Freshwater Natural soil Urban air Freshwater Natural soil
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detailed in Table S22 and S23). The redistribution of the emission to the
environment affects the characterization factors that are used, as
different compartments have independent set of values. The median of
the effect on human health of HMs emitted to air is about thirteen times
higher than median for water (Fig. 6¢, logscale), while the median effect
on freshwater ecotoxicity of HMs emitted to water bodies is between two
and three times higher than the one of emissions to soil and air (Fig. 6f).
For the OPFRs and PFAs, characterization factors for both human health
and ecotoxicity are higher when these species are released to freshwater
(Fig. 6a, b, d, e). The variability in the impact of a same emission into
different environmental compartments explains the high toxicological
impacts obtained by the thermal treatment options, because HMs
emitted to air and water due to pyrolysis/incineration and AD strongly
increase human health and freshwater ecotoxicity, respectively. The
highest CFs for human health impacts and freshwater ecotoxicity are
mainly related to the fate and exposure factors that are combined into
the intake fraction matrix, which estimates the fraction of the emission
to which the overall population is exposed [74]. For example, airborne
emissions of HMs have higher risks of direct exposure through inhala-
tion, while the lower CFs for emissions to other compartments reflect the
fact that exposure routes are indirect (e.g., through ingestion of
contaminated drinking water, crops, meat, milk and fish) [74].

3.4. Energy balances

Thermal treatments (C3 - C6) are energy self-sufficient in terms of
heat and power needs (Fig. S8). The heat is provided by the CHP in C3
and C4, and incineration process unit in C5 and C6. Incineration cases
are the best for heat production, reporting a surplus of heat produced by
the plant, but this is not considered to bring environmental benefits due
to logistical challenges of transporting heat. From a power supply point
of view, all thermal treatments scenarios report negatives values, i.e.,
they produce more electricity than what is needed for running the
treatment methods. There is a large variation in the net power surplus
across the scenarios. For example, AD with pyrolysis at low or high
temperature (C3) generate up to 22-times less power than pyrolysis
alone (C4). Further, the energy recovery from pyrolysis at high tem-
perature is higher than that at low temperature, as less biochar is pro-
duced, and higher quantities of bio-oil and pyrolytic gas can be used for
energy production.

4. Discussion

Various co-benefits and trade-offs have emerged from the analysis,
with some of the new treatment scenarios (C3 and C4 for pyrolysis at
high and low temperatures, and C5 and C6 for incineration) able to
effectively reduce the HOCs released to the environment while at the
same time producing renewable energy and offering opportunities to
scale up negative emissions.

This work goes beyond previous studies in several aspects. It com-
pares thermal and non-thermal treatment management for SS by inte-
grating sludge sampling from WWTPs and laboratory analysis of target
compounds with detailed process simulations and LCA, so informing
about the removal efficiency of each process stage and the associated
environmental impacts. It also makes available a wide range of novel
characterization factors for PFAS and OPFRs, which can be used in
future studies aiming at estimating the toxicity effects of their release in
the environment. Different interactions among treatment methods, im-
pacts, and benefits have emerged from the analysis, and are discussed in
detail in the following sub-sections.

4.1. Energetic benefits
Comparing thermal treatments (C3-C6) with the conventional sta-

bilization treatments (C1 and C2), thermal options have the advantage
of producing surplus energy and biochar, which can induce clear
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benefits from a multifunctionality and circular economy perspective,
with cascading uses of waste products. Thermal treatment provides heat
and power from combustion or incineration of bio-oil, pyrolytic gas, or
dried sludge. This energy supply in the form of power can bring climate
benefits between — 0.16 and — 3.6 kg CO, eq eq-tonne* SS. Heat and
power from the incinerator or pyrolysis reactor can be used in other
operational units. Larger energy outputs are produced when no AD is
included as more biomass is sent to CHP (for combustion) or incinera-
tion (C4 and C6) for energy production (Fig. S8). The pyrolysis treat-
ments at high temperature can also produce useful power, which is
related to the higher bio-oil yield at higher temperatures (Table S10)
that can be converted into energy.

4.2. Biochar and negative emissions

Among the thermal treatment options, pyrolysis without anaerobic
digestion can produce the larger amounts of biochar and achieve the
highest negative emission potential, as it can secure long-term carbon
storage by converting the reactive carbon in the sludge into stable bio-
char carbon [78]. Although thermal treatments can effectively provide
heat and power, the main climate change benefits come from the carbon
storage capacity of biochar. The biochar stability in soils can last for
more than 1000 years, especially when the O:C ratio in the biochar is less
than 0.2 [69]. Typically, the O:C ratio decreases as the pyrolysis tem-
perature increases. The biochar obtained at 550 °C and 750 °C has a
measured O:C ratio equal to 0.14 and 0.06 (Table S12), respectively,
indicating that its stability is longer than 1000 years. Other studies re-
ported the O:C ratio for SS-biochar ranging from 0.45 to 0.11 for tem-
peratures from 500 °C to 900 °C through fast pyrolysis [17], and
between 0.12 and 0.01 for temperatures between 500 °C and 700 °C for
slow pyrolysis [96]. Overall, the biochar produced from SS is stable once
added to soils and can be considered a long-term carbon storage. Biochar
also induces changes in soil emissions of N2O, NOy, CH4 and other
climate forcing agents that are not included in this analysis. Their
quantification is highly complex and case/location-specific, as it de-
pends on the biochar type, soil characteristics and environmental con-
ditions [48]. However, changes in soil emissions in the overall GHG
balance are relatively small from a life-cycle perspective, as they are less
than 2 % of the climate change benefits associated with the long-term
carbon storage of biochar [86].

4.3. HM concentrations in biochar and dewatered sludge

HMs are major inorganic soil contaminants. The concentration of
HMs in sludge and biochar is only one of the parameters to consider
when performing ecotoxicological impact assessment, as mobility and
bioavailability also play an important role [85]. The long-term stability
of HMs in the SS-biochar increases when the biochar is produced at
higher temperatures (> 600 °C), while a higher HM leachability is re-
ported for the biochar produced at lower temperatures (< 600 °C) [72].
Generally, a low level of bioavailability and accumulation in plants have
been reported for HMs from the SS-biochar [37,60].

Regarding the bioavailability and mobility of HMs from the de-
watered SS, a key role is played by the physical and chemical proper-
ties of the soil, but also by the neutral/basic pH after lime and anaerobic
digestion. HMs are mainly insoluble and immobilized (mainly for Cu, Zn
and Cd) [35], while the bioavailability decreased in the order (Cd+Zn)
> (Ni+Cu)> (Pb+Cr), i.e., Cd and Zn are generally more available for
plants in the soil [69]. According to other studies, the bioavailability can
change after lime and AD, e.g., lime stabilization reduces the HMs
bioavailability fraction for Cu and Zn [77], while AD increases the
bioavailability fraction for Cd and Zn, but reduces for Cu, As, and Pb
[95]. In general, field trials based on sludge-derived biochar applied to
Norwegian agricultural soils, measuring effects on soil emissions, nu-
trients, and changes in HM concentrations in soils and edible crops, can
better inform about the feasibility and potential risks/benefits of using
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biochar produced from dewatered sludge in Norway.

The HMs content in the de-watered SS (C1 and C2) and biochar (C3
and C4) from our investigated scenarios are compared with the limits in
the Norwegian and European (EU 2019/1009) regulations [89] for ap-
plications as soil improvers in Table S24. The concentration of HMs in
both the biochar and dewatered-SS are within the limits defined in the
Norwegian (for soil class II) and EU normative for the regulated HMs
(As, Cd, Cr, Cu, Pb, Ni and Zn). As the HMs are the key-driver of human
health and eco-toxicity impacts, it emphasizes the need for more source
control to lower the concentration of HMs in wastewater. A secondary
approach would be to ensure that pyrolysis and incineration facilities
are developed with appropriate scrubbers to reduce air emissions.

4.4. HOCs concentrations in dewatered sludge and biochar

The levels of emerging contaminants emitted from raw SS from
WWTPs (before treatment) range between <LOD and 8.23-10~! mg/kg-
dwSS for OPFRs, <LOD and 1.67-10! mg/kg-dwSS for PFAS, and
1.71-1071 mg/kg-dwSS for BPA (See Table S5). After conventional
treatments, the concentration of OPFRs in the dewatered-SS is between
61% and 75% lower than that in the raw SS, with maximum concen-
trations of 1.6-10~! mg/kg-dwsSS for C1 and 4.71-10~! mg/kg-dwsS for
C2. The main OPFR compound in raw, stabilized and dewatered SS is
TCiPP (more details in Tables S22 and S23). Pyrolysis significantly re-
duces the quantity and variety of OPFRs in biochar samples. Biochar
produced at low temperatures (500-600 °C) only had measurable
quantities of two remaining OPFRs (TBOP at 2.85-1071 - 3.21-10" ! mg/
kg-dw biochar and TnBP at 1.03103 - 1.84-10> mg/kg-dw biochar).
Meanwhile, no OPFRs were detected for biochar produced at high
temperatures (700-800 °C). No BPA was detected in any biochar pro-
duced, but concentrations ranged between 4.09-10~> and 7.3-10 > mg/
kg-dwsSS in the dewatered sludge (C1 and C2). As reported above, PFAS
are not removed from the dewatered sludge in C1 due to the recalcitrant
effect on PFAS of lime addition, and only 18.6 % are removed in the
dewatered sludge after AD in C2 (<LOD - 1.05 mg/kg-dwSS). The bio-
char produced in the different scenarios had non-detectable concentra-
tions (<LOD) of PFAS, except for PFOS (<LOD — 2.15.1074 mg/kg-dw
biochar).

The use of dewatered-SS or biochar as fertilizer in Norway is regu-
lated by the Regulation no. 951 on fertilizer product of organic origin
dated 4th July 2003. Currently, limits are only given for hazardous
metals and there are no limits for organic pollutants [10]. The Norwe-
gian normative is only indicating that the material shall not contain
"organic pollutants, pesticides, antibiotics/ chemotherapeutics or other
manmade organic substances in quantities that can damage public
health or the environment when used." At a European level, many
countries have introduced stricter limits for selected pollutants [10], but
there are no specific considerations of PFAS, BPA or OPFRs.

4.5. Fate of HMs and HOCs during thermal treatments

The main emissions of OPFRs, BPA and PFAS after the stabilization
process through lime addition or AD (C1 and C2) occur because these
compounds remain attached to the dewatered-SS, except for BPA that is
mainly discharged into the water. Although pyrolysis destroys most of
the HOCs, some losses are detected in the effluent from the previous de-
watering process unit. Pyrolysis coupled to AD fully decomposes BPA.
Removal efficiencies are around 100 % for the target OPFRs, in agree-
ment with previous studies that reported a complete decomposition for
OPFRs after pyrolysis at temperatures above 500 °C [13]. Removal ef-
ficiencies for target PFAS are larger than 94.5 % for pyrolysis and
incineration. Removal efficiencies after pyrolysis at > 500 °C are almost
100 % for most of the PFAS, except for PFOS that is still detected in the
biochar due to its recalcitrant properties. This compound is likely to also
be formed by precursors during thermal treatment, of which for PFOS
there are many [56]. These results are in agreement with those reported
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by Sgrmo et al. [83], which shows removal efficiencies above 97 % and
99 % after pyrolysis at temperatures > 500 °C and > 700 °C, respec-
tively. An important caveat when interpreting this PFAS data is that
there may have been other PFAS produced that was not analyzed [3],
and further many PFAS and perhaps organophosphate substances may
have been formed during thermal treatment that are undetected by the
target methods used [79]. In future analysis of OPFR and PFAS
destruction technology, it is important to strive for a complete mass
balance of phosphate or fluorine, to ensure that there are no unknown,
toxic byproducts being formed by the remediation process.

Through anaerobic digestion, most HMs are discharged into the
water (C2, C3 and C5), but in the treatment scenarios without AD most
of HMs end up into the soil (i.e., dewatered SS for C1, biochar for C4 and
ash for C6) and into the atmosphere as air emissions. Overall, pyrolysis
increases the HM content of the biochar and incineration produces
volatile metallic gaseous emissions, similarly to what reported else-
where [87]. HMs dominate the toxicity impacts, and their redistribution
through the environmental compartments from the alternative treat-
ment options shape their relative performances. For example, while
thermal treatments are more efficient to degrade HOCs, their total
impact on human health is higher because they volatilize a higher
fraction of HMs, thus increasing the risks of being spread in the envi-
ronment and for human exposure. This is evidenced in the character-
ization factors for human health associated with hazardous metals
emitted to urban air, which are higher than those associated to HMs
emitted to water, i.e., indicating a higher ecotoxicological impact of
HMs for air than water emissions (Fig. 6¢).

Thermal treatments could be optimized to reduce the exposure and
risk of HMs, beyond that which was considered in the current study.
Factors such as temperature, heating rate, time in the reactor can in-
fluence both the volatility and leachability of HMs, as well as the
corrosion to the facility [87]. Higher temperature of thermal treatments
increase volatilization but decrease leachability in the biochar due to
speciation to more stable forms of HM, whereas low temperature
treatment does the opposite, indicating a tradeoff with pyrolysis tem-
perature [87]. Some approaches in development, not tested here are
adding kaolin or phosphoric acid to reduce volatile emissions [87]. Flue
gas cleaning in pyrolysis and incinerations scenarios would reduce the
emissions of particles such as HMs and hence reducing the overall eco-
toxicological impacts for these scenarios.

4.6. Characterization factor for HOCs

The toxicity of pollutants such as PFAS, BPA and OPFRs require CFs
to estimate their human and ecological potential impacts, by accounting
for their fate, exposure and effect [66]. There are some studies that apply
USEtox to calculate the potential ecotoxicological CFs for pharmaceu-
tical and care products (e.g., Acetaminophen, Amoxicilin, and Lor-
azepan) [66], textile chemicals [73] and some PFAS (PFOA, PFHxA and
PFBS) [36]. However, the CFs for most of the organic chemical pollut-
ants considered in our analysis were still missing. This paper provides
new CFs for 21 OPFRs, BPA and 39 PFAS, and transparently reports the
data sources used as input parameters to the USEtox model. These values
can be used in future studies aiming to assess the toxicity impacts of
these compounds. At the same time, some limitations are embedded to
these new CFs, such as the exclusion of the terminal degradation prod-
ucts due to a lack of specific data. Long half-lives of HOCs also make it
difficult to empirically follow their conversion, and the inclusion of a
complex and advanced models to estimate precursor degradation would
be required [36]. This example of CFs determination will be helpful to
provide a consistent, simple, and transparent way for calculating CFs of
other emerging organic pollutants in terms of (eco) toxicity impacts.
Further, it should be considered that new research is continuously
finding that human health and ecotoxicity impacts for BPA and PFAS are
more potent than previously thought [22,23]. Newly available toxicity
data could substantially change the CFs in future.
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5. Conclusions

This study provides a comprehensive investigation of the fate,
removal, and toxicological effects of PFAS, OPFRs, BPA and hazardous
metals across a range of different treatment management scenarios,
together with an estimate of the effects on climate change mitigation
and surplus energy supply. Conventional treatments leave about 40 % of
OPFRs unabated, and no PFAS are degraded. Pyrolysis and incineration
degrade from 94% to 99% of hazardous organic compounds and show a
potential to co-deliver negative carbon emissions, while conventional
management methods show higher emissions of GHGs. All the thermal
treatments considered in the analysis, either with or without anaerobic
digestion, are energy self-sufficient and have a surplus of electricity that
can be added to the grid mix. The best sludge management options from
the point of view of climate change mitigation and reduced eco-toxicity
impacts is pyrolysis at low temperature (500-600 °C), without anaer-
obic digestion. This scenario can produce the highest volumes of biochar
for the long-term carbon storage benefits as well as contaminants
immobilization and degradation. However, this approach may not solve
the risks posed by HMs. These are the dominant pollutants affecting
human health (>93 %) and freshwater ecotoxicity potentials (~100 %).
HMs are the main contributors to human health impacts through emis-
sions to air, and accounts from 28 % to 80 % of impacts for the pyrolysis
cases and between 69% and 95% for the incineration cases. Regarding
freshwater ecotoxicity, emissions of HMs to the environment via
discharge to water are responsible on average of about 82-85 % of total
impacts. Among the HOCs, the impacts on human health are essentially
due to emissions of PFAS, with the largest impact in the scenarios
considering anaerobic digestion. PFAS are also the main contributor to
potential impacts to freshwater ecotoxicity, but in the scenarios with
thermal treatment the effects of PFAS are reduced, making OPFRs the
dominant drivers.

This analysis also makes available a wide range of novel character-
ization factors for PFAS and OPFRs, which can be used in future studies
aiming at estimating the toxicity effects of their release in the environ-
ment. The approach used here where LCA is integrated with laboratory
measurements can be reproduced for other pollutants or treatment
methods. As these technologies are technically mature, further research
should also explore the economic feasibility of the alternative treatment
methods in different contexts, and estimate the potential costs and in-
centives required for a large-scale adoption. Developing these methods
for minimization of volatile emissions of HMs, as well as reducing the
leaching potential of HMs in the biochar should also be explored. The
potential higher costs of the technological shift should not be perceived
as a barrier, as it can be mitigated (if not over-compensated) by the
benefits from improved human and ecosystem health (in addition to
those from reduced climate impacts), with lower expenditures for health
care and ecosystem restoration. Such extensive analysis will ultimately
support the identification of more holistic win-win solutions for envi-
ronmental protection and climate change mitigation within a circular
economy context.

Environmental implication

This work compares conventional and thermal treatments of sewage
sludge by integrating sludge sampling from wastewater plants of 61
hazardous organic compounds (PFAS and OPFRs) and 12 hazardous
metals and laboratory analysis with LCA. It transparently informs about
the pollutant removal efficiency of each treatment stage and compares
the climate change impacts and toxicity effects to human health and
ecosystems of the alternative options. It also makes available a wide
range of novel characterization factors for PFAS and OPFRs, which can
be used in future studies aiming at estimating the toxicity effects of their
release in the environment.
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