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Effective surveillance of antimicrobial resistance (AMR) in the environment is crucial for assessing the human
and animal health risk of AMR pollution. Wastewater treatment plants (WWTPs) are one of the main sources of
AMR pollutants discharged into water bodies. One important factor for assessing the risks associated with such
pollution is the colonization potential of the resistant bacteria (ARB) and resistance genes (ARGs) from the
environment into human or animal microbiomes upon exposure. This study explores whether fish can act as
sentinels for surveillance of AMR pollution in general and specifically the human colonization potential of ARB in
rivers impacted by WWTP effluents. Two riverine fish species, Brown trout, and European bullhead, were
sampled up- and downstream a German WWTP. The two fish species were chosen due to their different lifestyles:
Trout are mainly actively swimming in the water phase, while bullheads are sedentary and river sediment-
associated. The bacterial microbiomes and resistomes of fish gills, skin, and feces were compared with those
of the respective river water and sediment up- and downstream of the WWTP. Microbiomes of both fish mirrored
the changes in river water and sediment downstream of the WWTP, with significant shifts in bacterial community
composition, particularly an increase in Proteobacteria and Verrucomicrobia. However, increases in ARG
abundances observed in water and sediment downstream of the WWTP were not reflected in any of the fish-
associated resistomes. This indicates that while the fish microbiome is sensitive to environmental changes,
resistomes of poikilothermic animals such as fish are less responsive to colonization by ARB originating from
WWTPs and may not serve as effective sentinels for assessing AMR pollution and colonization risks in freshwater
environments. This study highlights the complexity of using wildlife as indicators for environmental AMR
pollution and suggests that other species are better suited for surveillance efforts.

1. Introduction

Excessive and improper use of antibiotics has facilitated the rapid
development of a global antimicrobial resistance (AMR) crisis. With
almost five million deaths annually associated with resistant bacteria,
AMR has become one of the biggest threats to human health [1].
Combating this global AMR crisis requires a comprehensive strategy
integrating human health, animal health, and the environment. This
strategy, known as the “One Health” concept, proposes surveillance as
an essential component for mitigating the AMR problem [1,2]. However,
despite the environment’s crucial contribution to the emergence and
dissemination of AMR [3-7], current surveillance strategies focus

primarily on clinical, food, and agricultural settings [8,9]. Meanwhile,
wastewater treatment plants (WWTPs) are commonly described as one
of the primary sources of anthropogenic antibiotic and AMR pollution to
the environment [4,10-12]. Surveillance of such environmental hot-
spots can help estimate community AMR carriage and the impact of
anthropogenic pollution at the direct intersection between the human
and environmental spheres [13-15].

While modern wastewater treatment plants have been designed to
remove solids, nutrients (e.g., nitrogen and phosphorous), as well as
toxic and volatile compounds [16], their efficiency in eliminating
pharmaceuticals including antibiotics still needs improvement
[4,11,17]. In addition, WWTPs are not optimized to completely remove
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bacteria (including resistant ones) and antibiotic resistance genes
(ARGs) [11,12,18]. Consequently, WWTP effluents contain significant
amounts of antimicrobial-resistant bacteria (ARBs) and ARGs which are
released into water bodies [4,19]. For example, WWTPs in Germany
discharge an average of 3.30 x 10'* ARB cell equivalents daily [20].
This substantial load regularly increases the absolute and relative levels
of detectable ARGs and ARBs in receiving waters [21-23] and sediments
downstream of WWTPs [10,24]. However, it needs to be evaluated
whether these increased AMR loads are also associated with a higher risk
of colonization of humans and animals exposed to the waters. This is
crucial for risk assessment during AMR surveillance [8]. In particular, it
remains largely unknown whether the impact of wastewater on the
environmental microbial communities is also reflected in the micro-
biomes of riverine wildlife living downstream of WWTPs.

Considering the integral role of fish in various ecological niches, and
their ubiquity in the aquatic environment, this study aims to determine
if the fish microbiome can serve as a sentinel for the colonization po-
tential of AMR introduced into water bodies impacted by WWTP efflu-
ents for future risk assessment during surveillance. Hence, in this study,
we explored if changes in the environmental resistome caused by WWTP
effluent could also be observed in fish. Fish interconnect all three
ecological compartments of the “One Health” concept [25]. In the
environment, fish are one of the most available and abundant living
substrates in water that can capture ARB and ARGs and be colonized by
them. Due to their mobility, fish can act as carriers of resistance and
transport ARB and ARGs over long distances [26]. Ultimately, ARB and
ARG potentially carried by fish can be transferred to humans through
fishing and subsequent consumption of the caught fish. To test whether
the fish resistome does indeed reflect WWTP-induced changes to the
rivers” water and sediment resistomes, we compared the microbiome
and resistome composition of gills, mucosal skin, and feces of two
freshwater fish - Brown trout (Salmo trutta) and European bullhead
(Cottus gobio) - obtained in a German rural river, either up- or down-
stream of the lone WWTP in that catchment. To further understand if
such potential effects on the fish microbiome or resistome are general to
all fish or depend on their lifestyle, we chose two fish species that differ
in lifestyle. Trout actively swim in the river water column and can travel
long distances, especially during spawning seasons [27,28]. In contrast,
bullheads are predominantly sedentary, sediment-associated fish,
exhibiting low movement behavior [29,30].

2. Material & methodology
2.1. Sample collection

River water, river sediment, and fish samples were collected in May
2022 from the Rauner Bach-Weifie Elster river catchment in the Vogt-
land region of Saxony, Germany. Additionally, wastewater effluent
samples were collected from the discharge pipe of the Adorf wastewater
treatment plant (WWTP), where the effluent enters the river.

The Rauner Bach, a right-bank tributary of the Weie Elster, is
located approximately 7.6 km upstream of the Adorf WWTP and was
selected as a site unaffected by wastewater effluent (50°16'33.1"N,
12°17'41.5"E) (Fig. S1). This stream, part of the “Rauner- und Haar-
bachtal” nature reserve, is characterized by low anthropogenic influence
and a favorable conservation status for the bullhead (Cottus gobio) as an
animal species of community interest according to the Habitats Directive
[31]. The stream thereafter becomes the WeiRe Elster River without any
physical barriers. The WWTP discharges treated wastewater into the
WeiBe Elster River 0.8 km before the downstream sampling site
(50°20'38.9”N, 12°14'33.5"E) (Fig. S1). The downstream sampling site is
notable for its significant bullhead population and is a popular spot for
recreational fishing. To avoid excessive migratory movement between
fish from the up- and downstream sampling sites, the two sampling lo-
cations were chosen approximately 8 km apart.

Six replicate river water samples of 1 L were collected at each site in
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sterile glass bottles from the middle of the 20-50 cm deep water column.
They were transported to the lab at 4 °C, and vacuum-filtered through a
0.22 pm polycarbonate filter membrane (@ 47 mm, Sartorius, Gottingen,
Germany) until clogging on the same day. The total volume of filtered
water ranged from 200 to 300 mL. Similarly, six replicate wastewater
effluent samples of 500 mL were collected as grab samples in sterile glass
bottles from the WWTP discharge pipe into the river and processed
identically to the river water samples. Additionally, six replicate sedi-
ment samples per sampling site were collected in sterile 50 mL Falcon
tubes from the top 5 cm of the sediment column, as this is the part of the
sediment that fish are likely exposed to and that the European bullhead
(Cottus gobio) is inhabiting. The sediment samples and the filter mem-
branes from the water samples were stored at —20 °C for subsequent
DNA extraction.

In total, 24 fish individuals (six fish of each species, Brown trout
(Salmo trutta) and European bullhead, per sampling site) were sampled
by electrofishing upstream and downstream of the WWTP. Upon cap-
ture, the fish were measured and weighed (Table S1). All caught fish
were in the age range of 2-3 years for the Brown trout and 1-2 years for
the European bullhead based on their sizes [32,33], ensuring a sufficient
exposure time. No significant differences in size or weight for either
species between the fish caught upstream or downstream was observed
(all p > 0.63, two-tailed t-test, n = 6), ensuring that differences in fish
age, size, and weight between the groups would not affect the observed
results. Fishing and animal handling were carried out in accordance
with federal legislation and ethics approval based on permits issued by
the Saxon State Office for Environment, Agriculture, and Geology (AZ
76/1/9222.22-03/22). Ethical aspects of sampling were conducted
following the requirements of Directive 2010/63/EU of the European
Parliament and of the Council of 22 September 2010 on the protection of
animals used for scientific purposes [34]. Skin and gill samples were
taken immediately after the fish were removed from the water using
sterile cotton swabs. The collected samples were transferred into Pow-
erBead tubes and stored at —20 °C. The fish were then transported to the
lab and stored at —20 °C prior to dissection. Feces samples were ob-
tained by dissecting the fish’s abdomen and extracting the intestinal
contents. The feces were then transferred into a sterile tube and stored at
—20 °C before DNA extraction. Each fish sample was analyzed individ-
ually as a biological replicate.

2.2. DNA extraction

DNA was extracted from the previously frozen samples (after thaw-
ing at 4 °C) within 2 weeks after sample collection using the DNeasy
PowerSoil Pro Kit (Qiagen, Hilden, Germany) according to the manu-
facturer’s protocol with minor modifications in the initial treatment of
the samples based on sample type: Filter membranes from aquatic
samples were aseptically shredded into small fragments, transferred into
PowerBead tubes, and used for DNA extraction. Sediment samples were
centrifuged to remove excess water, manually homogenized with a
sterile spatula, and 250 mg were weighed in for DNA extraction. Fish
feces were similarly homogenized with a spatula, and then 250 mg of
feces were used for DNA extraction. For samples with less than 250 mg
of feces, the entire available sample was extracted. DNA extraction from
mucosal skin and gill filament samples was performed directly from the
cotton swabs. After this initial sample type-dependent step, all samples
were extracted identically according to the manufacturer’s protocol. The
concentration of the extracted DNA was measured using a NanoDrop
2000 (Thermo Fischer, Waltham, MA, USA). The 260/280 nm absor-
bance ratio was used to assess the purity of the extracted DNA and all
samples fell into the recommended ratio of 1.8-2.1. After extraction, the
DNA was stored at —20 °C for downstream analysis.

2.3. DNA sequencing and sequence processing

To analyze the bacterial community composition of the extracted
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DNA, samples were submitted to the Institute of Clinical Molecular
Biology (IKMB, Kiel, Germany) for 16S rRNA gene-based amplicon
sequencing. Sequencing was performed using the Illumina NovaSeq
Platform with PCR primers targeting the V3-V4 region (V3F: 5-
CCTACGGGAGGCAGCAG-3' V4R: 5- GGACTACHVGGGTWTCTAAT-3)
of the bacterial 16S rRNA gene [35]. Sequencing data was processed
using the Mothur software package v.1.47.0 [36] as per the following
procedure: Raw reads were merged using the ‘make.contigs’ command.
Low-quality sequences were removed using the “screen.seqs’ command
with maxambig = 0 and minlength = 300. Sequences were aligned to the
reference SILVA 132 reference database [37] using the “align.seqs
command and taxonomically classified against the RDP database [38]
using the “classify.seqs” command with cutoff = 80. Eukaryotic, chlo-
roplast, archaeal, and mitochondrial sequences were removed using the
‘remove.lineage’ command. The chimera.vsearch command was used to
identify and remove chimeric sequences. This resulted in a total of
3,033,629 clean reads among the 102 sequenced samples with the
number of clean reads per samples ranging between 3791 and 62,994.
The “dist.seqs’ command was used on the clean reads to calculate
pairwise sequence distances and was followed by the “cluster’ command
to group sequences into OTUs based on the 97 % similarity cutoff. To
ensure equal sequencing depth across all samples, subsampling was
performed using the “sub.sample’ command in Mothur, normalizing the
dataset to 3791 reads per sample prior to analysis. Raw sequencing data
was submitted to the NCBI Sequence Read Archive (SRA) under acces-
sion number PRJINA1158582.

2.4. High throughput gPCR

To determine the relative abundance of individual target genes in the
samples, isolated DNA samples were submitted to Resistomap Oy (Hel-
sinki, Finnland) for high throughput qPCR using a SmartChip Real-time
PCR system (TaKaRa Bio, Japan). The target genes included 27 ARGs
and the 16S rRNA gene (Table S2) [39]. All samples were run with three
technical replicates. The protocol was as follows: PCR reaction mixture
(100nL) was prepared using SmartChip TB Green Gene Expression
Master Mix (TaKaRa Bio, Japan), nuclease-free PCR-grade water, 300
nM of each primer, and 2 ng/uL DNA template. After initial denaturation
at 95 °C for 10 min, PCR comprised 40 cycles of 95 °C for 30 s and 60 °C
for 30 s, followed by melting curve analysis for each primer set. A cycle
threshold (Ct) of 27 was selected as the detection limit [40,41]. The
quantification limit was calculated as 25 gene copies per reaction ac-
counting for 12.5 gene copies per ng of DNA template. Amplicons with
non-specific melting curves or multiple peaks were excluded. The rela-
tive abundances of the detected gene normalized to the 16S rRNA gene
were estimated using the ACT method based on mean CTs of three
technical replicates [42].

2.5. Data processing and visualization

All data were analyzed in R.Studio v.2024.4.0.735 [43] and visual-
ized using the R package ggplot2 v.3.4.3 [44]. Non-metric Multidi-
mensional Scaling (NMDS) analysis was performed using the function
metaMDS from the Vegan R package [45]. The Euclidean distance was
used to calculate the distance matrix for ARGs, while the OTUs distance
matrix was computed based on Bray-Curtis dissimilarities. Analysis of
similarities (ANOSIM) tests was conducted using the anosim function
from the Vegan package [45]. To test for differences in the abundance of
ARGs or bacterial phyla between sampling locations two-tailed t-tests
with Bonferroni correction for multiple testing were performed. Spear-
man’s rank correlation was used to test if significant differences in ARG
abundance between up- and downstream samples can be explained by
the abundance of the ARG in the WWTP effluent. Throughout, statistical
significance was assumed for P < 0.05.
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3. Results

3.1. Variations in bacterial community composition of water and
sediment up- and downstream of the WWTP

To assess the effect of the WWTP effluent on the river water micro-
biome, we first compared the bacterial composition of water collected at
the up- and downstream sampling sites. Across all water samples, the
composition of bacterial communities was generally dominated by the
phyla Proteobacteria, Actinobacteria, Bacteroidetes, and Firmicutes
(Fig. 1A). Downstream of the WWTP, the bacterial composition
exhibited a slight but significant increase in the relative abundance of
the phyla Proteobacteria (up = 40.2 + 2.0 %, down = 57.7 + 6.3 %, P =
0.0009, two-tailed t-test) and Firmicutes (up = 3.5 + 1.6 %, down = 6.1
+ 2.2 %, P = 0.046), as well as a more than five-fold significant increase
in Verrucomicrobia (up = 0.9 + 0.5 %, down = 5.8 4 3.5 %, P = 0.019).
Conversely, the river samples downstream exhibited a more than two-
fold significant decrease in Actinobacteria (up = 13.2 + 1.3 %, down
=5.9 + 2.1 %, P =0.0001) and a slight, non-significant decrease in the
relative abundance of Bacteroidetes (up = 18.3 + 3 %, down = 12.3 +
6.1 %, P = 0.06). At the OTU level, differences between bacterial
communities resulted in significantly distinct clusters of samples taken
up- and downstream based on Bray-Curtis dissimilarity (R = 0.77, P =
0.005, ANOSIM; Fig. 1B).

The river sediment bacterial communities were dominated by the
same phyla as the river water. However, no significant differences be-
tween the sediment samples taken up- and downstream of the WWTP
were observed for the dominant phyla: Proteobacteria (up = 49.9 +
12.5 %, down = 56.3 + 7.5 %, P = 0.3), Bacteroidetes (up = 13.2 + 3.4
%, down = 11.8 + 6.8 %, P = 0.66), Actinobacteria (up = 7 + 2.5 %,
down = 5.5 4+ 2.7 %, P = 0.33), Acidobacteria (up = 4.5 + 2.5 %, down
= 2.7 £ 1.5 %, P = 0.2), Firmicutes (up = 5.5 + 5.2 %, down = 3.5 +
1.8 %, P = 0.4) and Verrucomicrobia (up = 2.7 + 1.3 %, down = 3.5 +
1.5 %, P = 0.2, Fig. 1C). Despite this, significant differences at the OTU
level composition were still detected in the NMDS plot (Fig. 1D).
However, the effect size of the ANOSIM test (R = 0.3713, P = 0.002) was
far lower for sediment than for water (R = 0.77, P = 0.005, ANOSIM),
indicating that WWTP effluent had a more pronounced effect on the
aquatic rather than sediment fraction of the river. Still, both compart-
ments of the studied river were clearly affected by WWTP effluents
concerning microbial community composition at the OTU level.

3.2. Microbiomes of trouts and bullheads vary between locations

To identify if the difference in the bacterial community composition
between water and sediment samples was mirrored in alterations of the
respective fish microbiomes, we investigated the bacterial composition
of skin, gill, and fecal samples from trout and bullhead caught at the
locations up- and downstream of the WWTP. Again, the phyla Proteo-
bacteria, Actinobacteria, Firmicutes, and Bacteroidetes were predomi-
nant in all trout samples at both locations (Fig. 2A). Among them, the
relative abundance of Verrucomicrobia was significantly higher down-
stream of the WWTP than upstream in all trout samples: in the skin (up
= 0.26 + 0.22 %, down = 3.8 + 2.3 %, P = 0.01), gills (up = 0.72 +
0.85 %, down = 3 + 1.4 %, P = 0.009), and feces (up = 0.44 + 0.34 %,
down = 1.6 & 0.4 %, P = 0.0006). This mirrored the effects observed for
the river water where Verrucomicrobia displayed the highest increase
by up to five-fold in downstream communities. The decrease in Bac-
teroidetes and Actinobacteria observed in the downstream river water
samples was also observed in trout skin with a two-fold significant
decrease in Bacteroidetes (up = 13 £ 4.1 %, down = 6.6 + 2.4 %, P =
0.01) and Actinobacteria (up = 10.7 + 3.8 %, down = 4.5+ 1.3 %, P =
0.008). The relative abundance of other dominant phyla did not exhibit
statistically significant differences between both locations.

Comparison of the bacterial communities between the trout samples
up- and downstream of the WWTP resulted in two distinct clusters at the
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Fig. 1. Bacterial community composition of river water and sediment samples up- and downstream of the WWTP. (A) Relative abundance of the dominant
phyla present in river water samples. (B) Non-metric multidimensional scaling (NMDS) plot based on Bray-Curtis dissimilarities between water samples at the OTU
level (97 % sequence similarity). (C) Relative abundance of the dominant phyla present in river sediment samples. (D) Nonmetric multidimensional scaling (NMDS)
plot based on Bray-Curtis dissimilarities between sediment samples at the OTU level (97 % sequence similarity). Dominant phyla are defined as those with an average
relative abundance of more than 2 % across six replicate samples. The remaining phyla are grouped as “Other”. The ellipses indicate the 95 % confidence intervals of

grouping up- and downstream samples.

OTU level, confirming the difference in microbial community compo-
sition of the trout samples (R = 0.7733, P = 0.001, ANOSIM). Interest-
ingly, no significant grouping based on the three different sample types
was observed within the clusters, indicating the sample types’ homo-
geneity (Fig. 2B).

In the case of bullhead, the phyla Proteobacteria, Bacteroidetes,
Firmicutes, Verrucomicrobia, and Actinobacteria were also most prev-
alent in the microbial communities at both locations. However, the
difference between the locations was less pronounced. This aligns with a
higher similarity of dominant phyla observed in the sediment samples,
as bullheads are rather sediment-associated. A notable difference be-
tween the locations was the significant increase in Proteobacteria levels
in the skin samples collected downstream of the WWTP, where they
reached 67.6 + 1.7 % compared to 59.3 + 3.2 % upstream (P = 0.0006,
Fig. 2C).

The low degree of dissimilarity of the bullhead microbiomes up- and
downstream of the WWTP was supported by the visual inspection of the
NMDS plot with the ellipses largely overlapping (Fig. 2D). At the same
time, the conducted ANOSIM still revealed a significant dissimilarity
between the locations, but the effect size was only moderate compared

to trout or water samples (R = 0.23, P = 0.001).

An observable difference between the microbiomes of the two
different fish was that the trout microbiomes consolidated from a more
diverse, variable microbiome upstream towards a more similar and
consistent microbiome downstream of the WWTP (Fig. 2B). Contrary,
the bullhead microbiomes displayed the opposite trend (Fig. 2D). This
could, in theory, be connected to their difference in lifestyle, e.g., being
mainly exposed to the water (trout) or sediment (bullhead) microbiome.
If this is the case, the diversity of the pool of microbes available for the
fish microbiome to recruit from might be affected downstream of the
WWTP in these different environmental compartments. However, no
significant differences in Shannon diversity of either the water (up =
5.08 £ 0.29, down = 4.59 + 0.29, P = 0.4517, two-tailed t-test) or the
sediment microbiome (up = 5.77 + 0.72, down = 5.48 + 0.56, P =
0.4523) was detected (Fig. S2).

3.3. Water and sediment exhibit low variation in ARG profiles between
locations

To investigate the potential effect of WWTP effluent on the
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Fig. 2. Bacterial community composition of the trout and bullhead samples up- and downstream of the WWTP. (A) Relative abundance of the dominant phyla
present in trout samples. (B) Non-metric multidimensional scaling (NMDS) plot based on Bray-Curtis dissimilarities between trout samples at the OTU level (97 %
sequence similarity). No significant grouping based on the three different trout sample types was observed. (C) Relative abundance of the dominant phyla present in
bullhead samples. (D) Nonmetric multidimensional scaling (NMDS) plot based on Bray-Curtis dissimilarities between bullhead samples at the OTU level (97 %
sequence similarity). No significant grouping based on the three different bullhead sample types was observed. Dominant phyla are defined as those with an average
relative abundance of more than 2 % across six replicate samples. The remaining phyla are grouped as “Other”. The ellipses indicate the 95 % confidence intervals of

grouping up- and downstream samples.

resistomes of river water and sediment, we next compared the resis-
tomes of the environmental samples collected upstream and down-
stream of the WWTP. The difference in ARG composition in water
samples between the two locations resulted in two distinct clusters on
the NMDS plot (Fig. 3A). The ANOSIM statistical test indicates moderate
dissimilarity between these two groups (R = 0.2981, P = 0.018), which
partially reflects the differences in the water microbiomes. In contrast,
the comparison of sediment samples taken up- and downstream of the
WWTP revealed strong similarities in sediment ARG profiles across lo-
cations, as confirmed by the ANOSIM test (R = —0.0277, P = 0.58)
(Fig. 3B). After we observed overlapping yet distinct clusters of the
water resistomes up- and downstream of the WWTP on the NMDS plot,
indicating no general response on all ARGs, we next focused on identi-
fying those ARGs for which the relative abundance downstream was
increased by WWTP effluent.

3.4. WWTP effluent increases the level of specific individual ARGs
downstream of the WWTP

To identify ARGs whose relative abundance was impacted by the

WWTP effluent, we first compared the relative abundances of the tested
ARGs up- and downstream of the WWTP. We aimed for the ARGs whose
relative abundance was higher downstream than upstream of the WWTP
and for which the difference in the relative abundance was statistically
significant. Furthermore, to pinpoint that such increases could indeed
stem from WWTP effluents we analyzed if these ARGs were significantly
more prevalent in WWTP effluent by calculating the ratio of the relative
abundances of the ARGs detected in the WWTP effluent compared to the
relative abundance observed upstream. In total, we identified eight
ARGs that were significantly increased in relative abundance down-
stream of the WWTP (P < 0.05, two-tailed t-test with Bonferroni
correction for multiple testing). Out of these, six were at least two-fold
higher in relative abundance in the effluent compared to the upstream
samples: blapxa.ss, ermB, ermF, tetW, vanA, and sull (Fig. 4). Moreover,
all four ARGs with highly increased abundance by more than 10-fold in
wastewater effluent compared to upstream samples displayed a signifi-
cantly higher abundance in downstream samples further indicating a
clear effect of WWTP effluent on the water resistomes at the individual
ARG level. Statistically, the likelihood of an ARG to be significantly more
abundant downstream positively correlated with the fold-change in
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Fig. 3. NMDS plot of ARGs composition of (A) water and (B) sediment samples up- and downstream the WWTP. The distance matrix was computed based on
the Euclidean distance. The radius of the ellipses represents the 95 % confidence intervals of grouping up- and downstream samples.

abundance between upstream and WWTP effluent samples (P
0.00172, rs = 0.58434, Spearman’s rank correlation, Fig. 4).

3.5. ARG composition in fish samples remains consistent across locations

To investigate whether these differences observed in water ARG
profiles up- and downstream of the WWTP could also be seen in fish, we
compared the resistomes of the trout and bullhead samples up- and
downstream of the WWTP. Although the dissimilarity of the water
microbiomes was mirrored in trout microbiomes, the resistomes of trout
were indistinguishable at both sites (R = 0.1468, P = 0.21, ANOSIM).
Dissimilarities of bullhead samples between the two locations were
while appearing significant only having a very low effect size (R = 0.08,
P = 0.034, ANOSIM), which is consistent with the low degree of dif-
ference observed between bullhead microbiomes obtained up- and
downstream (Fig. 5). When compared individually, no significant dif-
ferences were found between the gills, skin, or feces of both fish species
up- and downstream of the WWTP (all P > 0.05, ANOSIM). Since we did
not observe a general impact of the wastewater effluent on the fish
resistomes, we further investigated if the wastewater effluent affects the
level of individual ARGs in fish samples similar to what was observed for
water samples.

3.6. Wastewater effluent effects on ARGs in water samples are not
mirrored in fish

After we observed that WWTP effluent increased the abundance
levels of at least seven tested ARGs, we considered these genes as po-
tential indicators for the evaluation of trout and bullhead as effective
sentinels for AMR pollution: we tested if the difference in the relative
abundance of these ARGs in water corresponded to those in trout and
bullhead.

For that, we first compared the relative abundance of the ARGs in the
trout samples up- and downstream of the WWTP. None of the tested
ARGs exhibited significantly higher abundance downstream of the
WWTP (Fig. 6). We observed similar results when comparing ARG levels
in bullhead samples from upstream and downstream locations (Fig. S5).
Hence, the resistomes of trout and bullhead did both not reflect the
changes in the water resistome caused by wastewater effluent. This was
observed in terms of overall resistome effects and at the level of indi-
vidual ARGs.

4. Discussion

In this study, we investigated whether two freshwater fish species -
Brown trout and European bullhead - are potential sentinels for AMR
pollution in rivers receiving effluents from municipal WWTPs. Waste-
water effluent had a pronounced effect on the microbiome and resis-
tomes of the riverine water and to a lesser degree on the riverine
sediment downstream of the WWTP. The microbiomes of both fish
species reflected the differences in bacterial composition observed in
water. However, the resistome compositions of the trout and bullhead
samples displayed barely any dissimilarity between locations, despite
the effects of WWTP effluent observed for the resistome in the water
samples.

The observed effects of WWTP effluent leading to altered river
microbiomes with higher abundances of ARGs downstream of the
WWTP are in line with numerous previous reports [20-23]. In this
study, the distance to the WWTP (0.8 km downstream) was slightly
higher than in most of these previous studies where samples were usu-
ally taken between 100 and 300 m downstream of the WWTP. Still, clear
effects on the microbiome and the resistome of the river water were
observed even at this distance, which was in agreement with the findings
by Lee et al. [21], the only study with comparable distance, in which
they still detected effects on the river resistome up to 1300 m down-
stream of a Swiss WWTP. We further provide strong support that these
differences between up- and downstream microbiomes and resistomes in
the water are indeed caused by the WWTP effluent despite the distance
and not only local variation. First, the likelihood of an ARG to be
significantly more abundant downstream positively correlated with the
fold-change in abundance between upstream and WWTP effluent sam-
ples. In addition, the river samples collected downstream of the WWTP
displayed increased levels of bacteria belonging to the phyla Proteo-
bacteria and Firmicutes, both of which were most abundant in waste-
water effluent samples (Fig. S6) and are typical for general wastewater
bacterial communities [46]. Although several studies have reported a
strong long-term impact of WWTP effluent on aquatic sediment bacterial
communities [47-49] and resistomes [10], we observed weaker effects
on the sediment communities and resistomes in this study. This can be
explained by sampling sites in previous studies being regularly located
close to the WWTP. Lower microbial diversity compared to upstream
with a shift towards more nitrogen-cycling bacteria were detected 400 m
downstream a WWTP in a small Australian stream [48] and similarly for
two rivers in Chicago, USA 50 m downstream of WWTPs, independent of
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Fig. 4. Normalized relative abundance of the ARGs per 1000 copies of the bacterial 16S rRNA gene in water samples. The numbers represent the average
relative abundance of six biological replicates. The WWTP/Upstream ratio was calculated by dividing the average relative abundance of each gene upstream of the
WWTP by the relative abundance of the WWTP effluent. ARGs are presented in descending order of their P > WWTP/Upstream ratio. Ratios, where the ARG was not
detected upstream but was detected in the WWTP effluent, are given as co. A two-tailed t-test with Bonferroni correction for multiple testing was performed to test the
statistical significance of the difference in relative abundance of ARGs up- and downstream of the WWTP. Relative abundance highlighted in green indicates those
ARGs with a statistically significant increase of the relative abundance downstream of the WWTP (P < 0.05). Relative abundance highlighted in purple shows the
ARGs with a statistically significant decrease in the relative abundance of the ARGs (P < 0.05). More detailed values, including standard deviations, can be found in

Fig. S3. (For interpretation of the references to colour in this figure legend, the reader is referred to the web version of this article.)

the WWTP size. In the Mures river basin in Romania equally clear de-
creases in sediment microbial diversity closely downstream of each of
the 10 sampled WWTP were observed. Such reduced diversities have
been shown to also make environmental microbial communities
particularly susceptible to invasion by wastewater-borne ARBs [50,51].
However, the sediment microbiomes in the Mures river study also dis-
played a high resilience and returned to their original diversity shortly
after the WWTPs’ impacts [47]. Regarding the resistome, wastewater-
associated ARGs (such as sull) could be detected in the sediment of
Lake Geneva, Switzerland within an area of 0.3 km? (~300 m distance)
around the discharge point [10]. Here, a clear distance-decay pattern
from up to 200-fold increased ARG abundance at the discharge point

back to background levels was observed and could be explained by the
settling of particles that mainly takes place in a close distance to the
discharge location [10]. Contrarily, the deposition of (co-)selective
agents such as antibiotics or heavy metals played only a minor role. The
distance-decay in settling of particles (including those containing ARBs
and their ARGs) and the high resilience of river sediment microbial
communities determined in these studies well explain the low effects
regarding the sediment microbiome and resistome composition
observed in our study at a further distance of 800 m downstream the
WWTP. Indeed, similar results, in which the effect of wastewater was
limited to water without causing significant changes in sediment, were
reported 400 m downstream of a WWTP in a river in Germany [52] as
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Fig. 5. NMDS plot of ARG composition of (A) trout and (B) bullhead samples up- and downstream the WWTP. The distance matrix was computed based on the
Euclidean distance. The radius of the ellipses represents a 95 % confidence interval of grouping up- and downstream trout and bullhead samples.

well as in sediments sampled between 130 and 1200 m and 800-1500 m
downstream a WWTP of a Swiss river [21]. Consequently, the greater
distance to the WWTP discharge point where most particles of higher
density than water have already settled and accumulated in the sedi-
ment before the sampling point may explain why the effect of the
effluent was here more pronounced in the water column than the
sediment.

After establishing that WWTP effluent affected the downstream
water microbiome, we here report that the effects are largely mirrored in
the fish microbiomes. This was particularly evident for the bacterial
composition of fish gill and skin microbiomes, which are susceptible to
environmental impact and often depend on the water microbiome due to
their direct and constant exposure [53,54]. Similarly, fish feces micro-
biomes cluster distinctly up- and downstream of the WWTP but together
with the respective gill and skin microbiomes. This can be attributed to
the significant influence of the constantly ingested water on the gut
microbiome [54,55]. Throughout, the same dominant phyla Proteo-
bacteria, Bacteroidetes, Actinobacteria, and Firmicutes were observed in
all fish samples, with these phyla being common members of freshwater
fish microbiomes [53,56,57]. The homogeneity in bacterial composition
and consistency of effects of the WWTP effluent across all fish sample
types and for either fish species clearly displays the significant influence
of the surrounding river environment on the fish microbiome.

Still, clear effects of the lifestyle and behavior of the two different
fish species became apparent when analyzing the strength of the WWTP
effluent effects on the microbiomes. The far higher degree of dissimi-
larity between up- and downstream locations observed for the trout
samples aligns with the more pronounced effects the WWTP effluent had
on the water compared to the sediment samples. Trout typically actively
live in the water column [27,28], meanwhile, bullheads are benthic,
sedentary, sediment-associated fish [29,30]. Hence, the moderate dis-
similarities in the bullhead microbiome are reflective of the moderate
but significant differences in the sediment up- and downstream.

Contrarily, the effects of WWTP effluent on the water and sediment
overall resistome composition and individual ARG abundances were not
reflected in the fish resistomes downstream of the WWTP. No effects
being observed for the benthic bullhead resistome can likely be
explained by its sediment-associated lifestyle [29,30], as the effects of
WWTP effluent on the sediment resistome were, while significant, rather
small. A larger effect would have been expected for the free-water
associated trout [27,28] as far more significant effects were observed
for the water resistome. However, similar to the bullhead, high

similarity of the up- and downstream resistome was observed with no
clear effects on overall resistome composition or individual ARG abun-
dances. This high resistome homogeneity suggests that the ARGs
detected in the fish samples are rather associated with the natural fish
commensal microbiota and not introduced from the external environ-
ment. Previous reports confirm that the natural fish microbiome can
indeed host a plethora of diverse ARGs [58,59]. When analyzing the
resistome in isolation, a second plausible explanation is that fish are
dynamic living organisms that can travel from upstream to downstream
of the WWTP in the river. Hence the similarities in the resistome could
originate from being exposed at both locations. However, this should, if
true, also be reflected in the fish microbiome exhibiting limited local
variation. Contrary to this, we observed significant differences in the
microbiomes up- and downstream for either of the two tested fish spe-
cies, with the higher microbiome dissimilarities in the even more active
swimmer, trout [27,28], being particularly remarkable. Consequently,
fish movement between sampling locations can likely be excluded as a
main contributing factor.

In the frameworks of environmental surveillance [4,8,60,61] and
subsequent human health-based risk assessment of environmental AMR
[29,62-64] crucial factors include ARG hosts, mobility, likelihood of
human exposure, and the ability to invade and colonize the human
microbiome. The colonization potential of humans with ARB through
environmental exposure was already highlighted by a previous study
documenting that surfers who regularly swallow increased amounts of
seawater (often affected by WWTP effluents) are indeed more likely
colonized by AMR E. coli compared to a non-surfing control group [65].
To include such colonization risks in the environmental surveillance of
AMR, several studies have explored the potential of wildlife species to
serve as sentinels for the colonization potential connected to environ-
mental AMR pollution. For example, wild, small mammals living near
water bodies receiving effluent from WWTPs are more likely to carry
antibiotic-resistant E. coli than those residing farther from polluted
rivers [66,67]. Similarly, seagulls frequenting WWTPs and landfills were
increasingly colonized by pathogenic ARBs [68]. However, we here
demonstrate that using fish as sentinels is less promising, likely as the
fish gut, skin, and gill environment is rather selective for bacterial spe-
cies that are less receptive to host WWTP-borne ARGs. We established
that the fish microbiome is not resilient to the changes in the river
microbiome through WWTP effluent in general, for example, the shift in
relative abundance of the phylum Verrucomicrobia in river water was
reflected in trout. However, the observed microbiome shifts did not
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Fig. 6. Normalized relative abundance of the ARGs per 1000 copies of the bacterial 16S gene in trout samples. The numbers represent the average relative
abundance of the biological replicates. A two-tailed t-test with Bonferroni correction for multiple testing was performed to test the statistical significance of the
difference in relative abundance of ARGs up- and downstream of the WWTP. Relative abundance highlighted in green indicates the ARGs with a statistically sig-
nificant increase of the relative abundance downstream of the WWTP (P < 0.05). Relative abundance highlighted in purple is the ARGs with a statistically significant
decrease in the relative abundance of the ARGs (P < 0.05). The column with the relative abundance of the ARGs observed in water downstream of the WWTP
indicates the ARGs, whose increase in relative abundance was impacted by the effluent. Ratios, where the ARG was not detected in water samples upstream of the
WWTP but was detected in the WWTP effluent, are given as co. More detailed values, including standard deviations, can be found in Fig. S4. (For interpretation of the
references to colour in this figure legend, the reader is referred to the web version of this article.)

significantly affect the ARG composition in either trouts or bullheads
downstream of the WWTP. Still, it needs to be considered that these
results are based on a single sampling campaign at a single location and
time point and only two riverine fish species. With rivers being highly
heterogeneous ecosystems, with significant fluctuations (e.g., linked to
seasonal parameters), it remains possible that in certain scenarios, some
fish species may reflect WWTP-associated changes to the river resistome
very well in their microbiome. However, our case study clearly dem-
onstrates that environmental shifts in the resistome are not consistently
reflected in fish microbiomes, which would be necessary for them to
serve as suitable surveillance sentinels. This is likely due to a strong
association of WWTP-borne ARGs with specific host ARB. Indeed, pre-
vious reports indicate that the resistome of WWTP effluent strongly and

significantly correlates with its microbiome composition [69,70],
highlighting the importance of specific ARG-host associations. Hence, it
is not the overall colonization potential of the environmental micro-
biomes that is relevant here, but rather the colonization potential of
specific ARB carrying the clinically relevant ARGs being tested. Within
this context, it needs to be considered that a majority of bacteria in
municipal wastewater effluents, and particularly the proportion car-
rying the clinically relevant ARGs, typically consist of bacterial species
that originated from human or other warm-blooded animal gut micro-
biomes [12,19]. The resilience of the fish resistome towards coloniza-
tion by these effluent-associated ARBs could hence be linked to these
ARBs being maladapted to colonization under conditions different than
the digestive tract of warm-blooded animals. Therefore, the emergence
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of ARB and ARGs detected in the wastewater effluent in poikilothermic
organisms, such as fish is less probable. This notion is further supported
as the effects of WWTP effluent in Swiss rivers were evident in the water
resistome, while no significant shift in the resistome composition of
poikilothermic river amphipods was detected [21]. Meanwhile, animals
with physiological characteristics similar to humans, and with high
proportions of Proteobacteria, as particularly prominent ARG hosts and
recipients, in their gut microbiome [71], such as small mammals [66,67]
or birds [68], are more susceptible to colonization by ARB and ARG
originating from wastewater effluent. This demonstrates that using the
colonization potential of wildlife as sentinels can become an effective
mechanism for evaluating AMR-associated risks as part of the surveil-
lance of key environmental AMR hotspots, such as WWTPs and their
surroundings [66,67]. However, our results indicate that not all wildlife
species are equally suitable for such AMR surveillance efforts and that
fish, despite having a high exposure in WWTP effluent-affected waters,
are not well suited as sentinels for assessing AMR colonization risks.
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