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 Abstract 
 

With growing global energy demand and the need to ensure energy security, meet climate goals, 

and support sustainable development, nuclear energy has experienced a renewed global interest. 

However, the safe disposal and management of high-level radioactive waste, particularly spent 

nuclear fuel (SNF), remains a significant scientific, societal and political challenge on a global 

scale.  One Proposed solution is the long-term isolation of the SNF in deep geological repositories 

(DGRs), where SNF is enclosed in copper canisters with an iron insert, surrounded by bentonite 

clay, and placed ~500 meters underground in granitic bedrock. While deep geological repositories 

(DGR) are designed to rapidly evolve towards anoxic, reducing conditions after closure, a potential 

breach of the canister containment followed by groundwater intrusion to the SNF can generate 

localized oxidizing conditions through the formation of radiolytic oxidants produced through water 

radiolysis. Such conditions can induce oxidative dissolution of UO2 matrix, potentially resulting 

in the mobilization and release of highly radiotoxic radionuclides into the biosphere. Metallic iron, 

a key component of the engineered barrier system, can simultaneously undergo anoxic corrosion 

upon contact with groundwater, producing Fe(II) and H2. These species could inhibit the oxidative 

dissolution of the spent fuel matrix. In addition, metallic iron and Fe(II) may also play a crucial 

role in reducing U(VI) to U(IV) in groundwater systems, thereby limiting its solubility and 

mobility. Furthermore, the co-precipitation UO2(s) with minor components of the SNF may serve 

as a retention mechanism for radionuclides, further enhancing repository safety. Therefore, a 

detailed understanding of fuel matrix dissolution, radionuclide migration, and interactions with 

engineered barrier materials is essential for assessing repository performance over extended 

timescales. This thesis investigates key chemical processes influencing the behaviour of SNF 

under DGR conditions.  The findings indicate that anoxic corrosion of metallic iron significantly 

suppresses radiolytically induced oxidative dissolution of the fuel, leading to lower actinide 

releases. The coprecipitation studies infer that the concentrations of other actinides, lanthanides, 

and fission products released by the fuel matrix during oxidative dissolution will not be determined 

by their individual solubilities when they coprecipitate with UO2(s) at the iron surface of the 

canister insert but will be orders of magnitude lower. Additionally, metallic iron efficiently reduces 

U(VI) to U(IV), promoting its sorption and precipitation on iron corrosion products. Overall, this 

thesis provides new insights and a better understanding of uranium redox behaviour in 

groundwater systems, spent fuel redox stability, and actinide oxides co-precipitation processes 

under repository-relevant conditions. 

 

Keywords: UO2, Solubility, Co-precipitation, Dissolution, MOX fuel, Fe(II), H2, Actinides, 

Geological disposal 
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1.0. Introduction 

 
Nuclear power remains an important source of reliable low-carbon electricity, and it plays a 

significant role in global efforts to reduce greenhouse gas emissions. As the demand for clean and 

secure energy continues to rise, nuclear power is increasingly viewed as a crucial component of 

future energy systems, alongside renewable sources such as solar and wind [1-3]. According to the 

International Atomic Energy Agency (IAEA), as of November 2025, ∼ 416 nuclear power reactors 

were in operation worldwide, with a combined net electrical capacity of about 376 GW(e) [3]. In 

addition, more than sixty reactors are currently under construction, representing an additional 

capacity of ∼ 66 GW(e) [4]. Long-term projections indicate that global nuclear generating capacity 

could increase significantly by 2050, reflecting the growing role of nuclear power in supporting 

climate mitigation and energy security [5]. 

Despite its advantages, nuclear energy also presents several challenges, such as long construction 

timelines, high capital investment costs, public acceptance issues, and safety concerns arising from 

past nuclear accidents. Among these challenges, the long-term management of highly radioactive 

waste (HLW) such as spent nuclear fuel (SNF) remains one of the most critical issues associated 

with nuclear energy [6-9]. SNF, which is generated during reactor operation, contains long-lived 

radionuclides and accounts for ∼ 95% of the total radiotoxicity of nuclear waste [10, 11]. These 

radionuclides must be safely isolated from the biosphere for extended timescales to prevent 

potential environmental and health risks. Deep geological disposal has been widely recognized as 

a reliable and scientifically supported strategy for the long-term management of SNF.  

In Sweden, nuclear power accounts for nearly 30% of the country's electricity production, and ∼   

8,000 tonnes of SNF have been generated from its nuclear operations. Currently, this spent fuel is 

stored in interim storage facilities while awaiting final disposal [12]. The Swedish strategy for 

long-term SNF management is based on the KBS-3 concept, which involves encapsulating spent 

fuel assemblies in corrosion-resistant copper canisters with cast-iron inserts. These canisters are 

surrounded by a bentonite clay buffer and emplaced at a depth of ∼ 500 m in crystalline bedrock 

[13, 14]. The multi-barrier system is designed to prevent or limit radionuclide release through the 

combined natural and engineered safety barriers protection offered by the fuel matrix, the canister, 

the bentonite buffer, and the surrounding geological bedrock formation [13]. While the KBS-3 

repository concept is designed to provide long-term containment of SNF, safety assessment must 

consider potential failure scenarios that may occur over geological timescales. One of the most 

important scenarios evaluated in repository safety analysis is the intrusion of groundwater into a 

breached canister [15]. If the copper canisters fail after prolonged geological evolution, 

groundwater may eventually come into contact with the SNF matrix. Under such conditions, the 

interaction between groundwater and the fuel surface becomes a critical factor controlling 

radionuclide release. 

Under the reducing conditions expected in deep geological repositories, uranium (U) is 

predominantly present in the tetravalent state as UO2, which has very low solubility [16]. However, 

radiolysis of water by radiation emitted from spent fuel can generate oxidizing species, such as 

hydrogen peroxide (H2O2) and molecular oxygen (O2) [17]. These oxidants can promote oxidative 

dissolution of UO2 by oxidizing the relatively insoluble U(IV) into the more soluble U(VI) species, 

potentially enhancing radionuclide release from the fuel matrix. 
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At the same time, the repository environment also contains several processes that may counteract 

oxidative dissolution. Anoxic corrosion of iron components within the copper canisters can 

produce Fe(II), hydrogen (H2), and secondary iron corrosion products, such as magnetite, green 

rust, and chukanovite, etc. These species can act as reducing agents, scavenging or mitigating the 

effects of radiolytic oxidants and helping to maintain reducing conditions in the near-field 

environment surrounding the fuel [18]. Despite this potentially beneficial process, the extent to 

which these processes can mitigate or suppress the oxidative dissolution of the fuel matrix remains 

incompletely understood. Another important factor influencing radionuclide mobility during fuel 

alteration is the potential formation of secondary actinide phases. During fuel degradation, 

actinides such as U, plutonium (Pu), and neptunium (Np) may co-precipitate or form solid 

solutions with hydrous oxide phases. These processes can significantly influence the long-term 

solubility and transport behaviour of actinides in groundwater systems. However, the mechanisms 

controlling actinide co-precipitation and the extent to which these processes may limit actinide 

mobility in repository environments remain insufficiently explored. The overall aim of this thesis 

is therefore to improve the understanding of key chemical processes controlling the behaviour of 

SNF under repository-relevant conditions. 

This work focuses on three main aspects relevant to the long-term behaviour of SNF under disposal 

conditions. First, the reduction behaviour of U(VI) in groundwater systems in the presence of 

metallic iron was investigated, with particular focus on the influence of calcium–uranyl–carbonato 

complexes on U reduction and precipitation processes. Secondly, the dissolution behaviour of 

unirradiated mixed oxide (MOX) fuel was studied under controlled experimental conditions. These 

experiments investigated the influence of metallic iron and iron corrosion products, specifically 

magnetite and chukanovite, on the suppression of oxidative fuel dissolution driven by 

radiolytically generated oxidants such as H2O2 and O2. Finally, the co-precipitation behaviour of 

actinide hydrous oxides was examined. Initial studies focused on the co-precipitation of Ce(III) 

with amorphous UO2, where Ce was used as a simulant for Pu. This was followed by experiments 

investigating the co-precipitation of Pu and Np amorphous oxides with UO2 (am, hyd). These 

studies were designed to improve the understanding of actinide co-precipitation processes and their 

potential influence on actinide solubility during spent fuel alteration.  
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2.0 Background 
 

This chapter presents the background to the thesis work, with an overview of actinide chemistry 

(U, Pu, and Np), the nuclear fuel cycle, and the composition and behaviour of SNF under disposal-

relevant conditions. It outlines a deep geological repository as a management option for SNF and 

the mechanisms governing radiation-induced fuel dissolution with emphasis on the role of 

repository-relevant reductants. Actinide coprecipitation under reducing conditions is also 

discussed as a key retention mechanism influencing long-term spent fuel stability.  

 

2.1. Chemistry of Uranium, Plutonium, and Neptunium 

 

Uranium (U), plutonium (Pu), and neptunium (Np) are key actinides in the nuclear fuel cycle and 

are of particular importance in environmental radiochemistry and long-term safety assessments of 

deep geological repositories. Their chemistry is characterized by multiple oxidation states, strong 

complexation with inorganic and organic ligands, and redox-driven transformations that govern 

their solubility, mobility, and retention in the natural environment [19-22]. 

 

Uranium, one of the few naturally occurring actinides, was discovered in 1789 by Klaproth and 

later identified as radioactive by Becquerel and Curie. It became central to nuclear energy 

following the discovery of the fissile isotope U-235 and nuclear fission [19]. Natural U consists 

primarily of the α-emitting isotopes U-238 (t1/2 = 4.47 x 109 y), U-235 (t1/2 = 7.04 x 108 y), U-234 

(t1/2 = 2.46 x 105 y) [19, 23]. U is relatively abundant in the Earth's crust (2-3 ppm) [24]. It occurs 

in a wide range of minerals such as uraninite, pitchblende, etc. [24-26]. In aqueous systems, U 

commonly exists in the +IV, +V, and +VI oxidation states [19, 21]. The relative stability of these 

oxidation states is strongly influenced by redox conditions, pH, and the presence of complexing 

ligands [21]. U(IV) compounds are generally insoluble under mildly acidic to alkaline conditions, 

whereas U(VI) compounds, primarily the uranyl ion UO2
2+, are highly soluble and mobile [19, 

25]. U(VI) dominates under oxic and carbonate-rich conditions, where it forms stable aqueous 

complexes with carbonate, hydroxide, and oxalate ligands. Under reducing conditions, U(IV) 

precipitates as UO2(s) and exhibits very low solubility. U(V) is relatively rare, metastable, and 

typically undergoes disproportionation to U(IV) and U(VI) [19].  

 

Plutonium, a transuranic element also belonging to the actinide series, was first synthesized by 

Seaborg and colleagues in 1940 [20]. It became scientifically and technologically significant 

following its discovery, initially due to its role in nuclear weapons development during World War 

II. However, in contemporary nuclear science, its relevance is primarily associated with civilian 

applications, including mixed oxide (MOX) fuel fabrication, nuclear fuel reprocessing, and 

radioactive waste management [20, 22]. The chemistry of Pu is complex and diverse, as it can 

react with almost every element in the periodic table [20]. Pu exhibits several isotopes, all of which 

are radioactive, with Pu-238 (t1/2 = 87.7 years), Pu-239 (t1/2 = 24,100 years), and Pu-240 (t1/2 = 6560 

years) being the most significant in spent nuclear fuel [19]. Unlike U, Pu is extremely rare in 

nature, occurring only in trace amounts due to neutron capture by U-238, but it is produced in 

significant quantities during the irradiation of nuclear fuel [19, 20].  

In aqueous solution, Pu behaviour is governed by its redox chemistry and its tendency to form 

hydrolyzed species and colloid formation, as well as complexation with other ligands. Pu displays 

multiple oxidation states in aqueous solution, predominantly +III, +IV, +V, and +VI, of which all 
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can co-exist in solution at a given time [27]. Pu redox chemistry is highly sensitive to pH and redox 

potential [20, 22, 28]. In acidic solutions, the standard redox potentials of the various Pu couples 

are very similar, with values close to 1.0 V. This close potential implies that Pu is highly sensitive 

to slight variations in the system redox condition, which can lead to changes in the oxidation state 

[27].Under reducing conditions, Pu(IV) is the most stable dominant oxidation state and precipitates 

as Pu(OH)4(s) or  PuO2.XH2O, which is sparingly soluble due to its low solubility and strong 

sorption property. Pu(VI) is stable under oxidizing conditions, while Pu(III) is stable only under 

strongly reducing conditions. [22, 27, 29, 30]. Pu(V) and Pu(VI), present as PuO2
+ and PuO2

2⁺, are 

more soluble under oxic conditions [28, 30]. Understanding Pu redox behaviour, hydrolysis, 

complexation, adsorption to minerals and colloids facilitated transport is therefore crucial for 

assessing the long-term safety of deep geological repositories. 

 

Neptunium, the first transuranium element to be discovered, was identified in 1940 by McMillan 

and Abelson during neutron irradiation of U [19, 32]. It is produced in nuclear reactors primarily 

through neutron capture by U-238, followed by β-decay, and is therefore present in spent nuclear 

fuel and reprocessing wastes [19, 32]. Several Np isotopes occur as by-products in nuclear reactors. 

Among its isotopes, Np-237 (t₁/₂ = 2.144 x 106 y) is the most abundant and environmentally 

relevant due to its long half-life and significant contribution to long-term radiotoxicity in nuclear 

waste repositories [19, 32]. Distinct from the rest of its actinide neighbours, Np displays truly 

unique chemistry due to its speciation and chemical behaviour [32]. In aqueous environments, Np 

can exist in various oxidation states, such as +III, +IV, +V, +VI, and +VII [19, 33]. However, 

Np(IV) and Np(V) are the most environmentally relevant [20, 34]. Np(V), neptunyl(V) ion, NpO2
+, 

is the most stable species over a wide range of environmental conditions and is generally more 

soluble and mobile than Np(IV) [25, 32]. Under reducing conditions, Np(IV) forms insoluble 

oxides and hydroxides (NpO2(s)), while Np(VI), as NpO2
2+ may exist under strong oxidizing 

conditions but is less stable than the pentavalent state [31, 32]. Complexation with carbonate, 

sulfate, phosphate, and humic substances enhances Np solubility [25, 31]. 

  

Under reducing repository conditions, U(IV), Pu(IV), and Np(IV) form low-solubility oxides. In 

addition, U, Pu, and Np can interact strongly with mineral surfaces, such as iron (oxyhydr) oxide 

phases, clay minerals, and silicate phases, as well as with natural organic matter. Processes such 

as adsorption and precipitation with anions can significantly retard their migration [30, 31, 34, 35]. 

However, radiolytically generated oxidants may locally shift redox conditions toward a more 

oxidizing environment, forming soluble actinyl species and potentially enhancing actinide 

mobility [19, 30]. 

 

2.2. Nuclear fuel cycle 

The nuclear fuel cycle comprises a series of processes involved in the production, utilization, and 

management of nuclear fuel, extending from U extraction to the final disposal of radioactive waste. 

It is commonly divided into the front end, in-reactor phase, and the back end, all of which play a 

critical role in the overall safety, sustainability, and environmental impact of nuclear energy 

systems. The front end of the fuel cycle involves the steps of mining and milling, conversion, 

enrichment, and fuel fabrication. After the irradiation of the fuel in a nuclear reactor to generate 

electricity, the resulting used or spent nuclear fuel undergoes a series of further steps, including 

interim storage, waste transportation, and/or reprocessing or recycling operations, before its final 

disposal as spent nuclear fuel or high-level radioactive waste [9, 36]. These steps constitute the 
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“back end” of the nuclear fuel cycle. The selection of an open or closed fuel cycle strategy 

significantly influences resource utilization, waste generation, management, and long-term safety 

considerations [6, 37]. U in the form of UO2 is widely used as nuclear fuel. The suitability of UO2 

as a nuclear fuel arises from its high melting point, stability under irradiation, and resistance to 

phase transformation even at elevated temperature [38]. After mining and milling of U ore, it is 

then processed (purification) to produce U oxide concentrates, which are subsequently converted 

to uranium hexafluoride (UF6) for enrichment (3-5%). Enrichment increases the fissile U-235 

content to levels suitable for reactor operation, after which the material is fabricated (converting 

UF6 gas into UO2 powder, pressing of powder, and sintering of fuel pellets) into fuel assemblies, 

typically UO2 ceramic pellets for light-water reactors [26]. Recent developments at the front-end 

focus on advanced fuels and enrichment strategies, such as high-assay low-enriched uranium 

(HALEU) fuel driven by the deployment of advanced reactors and small modular reactors [6]. 

The nuclear reactor is used to initiate and control a sustained nuclear chain reaction. Nuclear 

reactors are the core components of nuclear power plants, which are responsible for converting 

nuclear energy into thermal energy, which is then used to generate electricity. During the in-reactor 

phase, nuclear fuel undergoes fission and neutron capture, leading to the formation of fission 

products and transuranic elements. These processes result in significant changes in the chemical 

composition, microstructure, and radiological properties of the fuel. The accumulation of minor 

actinides and irradiation-induced defects in the UO2 matrix directly influences the characteristics 

of spent nuclear fuel and its subsequent management [39]. The back end of the nuclear fuel cycle 

addresses the management of SNF following reactor discharge. After an initial period of cooling 

in spent fuel pools, fuel may be transferred to dry storage or processed further depending on the 

adopted fuel cycle strategy [36]. In open fuel cycles, spent nuclear fuel is considered waste, and it 

is conditioned for direct disposal in deep geological repositories. In closed fuel cycles, 

reprocessing technologies are applied to recover U and Pu for reuse, while separated high-level 

waste is conditioned for disposal.  Each approach presents distinct economic, technical, and safety 

challenges, particularly with respect to waste form stability and long-term radionuclide release [9, 

37, 40].  

The selection of a nuclear fuel cycle is driven mainly by economic considerations, environmental 

impact, proliferation risk, and cost, which are closely linked to national energy policies. These 

policies are, in turn, shaped by the availability and nature of each country’s energy resources [40]. 

Advanced reactor concepts (advanced reactor designs) and innovative fuel cycle strategies have 

renewed interest in closing the nuclear fuel cycle to improve resource efficiency and reduce waste 

inventories [6, 41]. However, advanced reactors and fuels (higher burnup levels) may introduce 

new complexities for backend waste management, including changes to waste compositions, 

radionuclide inventory, and waste volume, which can lead to increased demands on disposal 

systems [6, 42]. As a result, considerations and compatibility between advanced fuel cycles and 

existing repository concepts must be carefully evaluated [6]. Safety and regulatory directives are 

fundamental to all stages of the nuclear fuel cycle. International guidance provided by 

organizations such as the IAEA, Euratom, and OECD/NEA emphasizes the need for robust and 

stringent safety assessments, particularly for long-term waste management [36]. Geological 

disposal concepts require a comprehensive understanding of fuel matrix stability, geochemical 

interactions, and radionuclide release mechanisms over geological timescales [37, 43]. 

The future of the nuclear fuel cycle will be shaped by the demand for low-carbon energy, energy 

security, technological innovation, and societal acceptance [6, 44]. While advanced reactors and 
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recycling options continue to develop and evolve, direct disposal of SNF remains the reference 

strategy in several countries. Consequently, continued research into spent fuel chemistry and 

behavior under repository-relevant conditions remains central to ensuring the long-term safety of 

nuclear energy systems. 

 

 Figure 1: Nuclear fuel cycle. Source: [45] (Public domain) 

2.3. Spent nuclear fuel, its composition, and the chemical state of fission products 

SNF is generated following prolonged irradiation of nuclear fuel in a nuclear reactor and represents 

the principal high-level radioactive waste arising from nuclear energy production. SNF is classified 

as a complex, heterogeneous material dominated by a nearly stoichiometric UO2 matrix. This 

matrix is a redox-sensitive, semiconducting, and polycrystalline ceramic material that hosts most 

radionuclides generated during reactor operations [46, 47]. The worldwide operation of 

commercial nuclear power reactors has resulted in an accumulated inventory of approximately 

430,000 metric tonnes of heavy metal (mtHM), with an annual increase of roughly 10,000 mtHM 

[48, 49]. The microstructure and chemical characteristics of spent fuel have been extensively 

investigated in earlier studies [50, 51]. More recently, advances in analytical and spectroscopic 

techniques have enabled increasingly detailed characterization of fission product distributions, 

revealing important variations in chemical speciation and phase distribution in high burn-up fuels 

[52].  

At discharge from the reactor, the majority of the fuel mass remains as UO2 (typically ∼ 95%), 

while the remaining fraction consists of fission products, transuranium elements, and activation 

products formed during reactor operation. These include radionuclides such as Sr-90, I-129, I-131, 

and Cs-137 among the fission products, Np-237, Pu-239, Am-241 and Cm-242 among the 

transuranium elements, and activation products such as C-14, Co-60, 63-Ni [51, 53]. Although 

present in relatively small quantities, these radionuclides dominate the radiotoxicity and heat 

generation of the fuel over time [54]. The radionuclide inventory evolves continuously due to 
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radioactive decay, heat generation, and radiation fields, particularly during the early post-discharge 

period [46, 55, 56].  

The final composition of SNF depends on reactor-specific parameters such as fuel type, chemical 

composition, U enrichment, neutron spectrum, and achieved fuel burn-up [46, 55, 57]. At the 

microscale, radionuclides are heterogeneously distributed within the UO2 matrix and occur in 

multiple chemical and physical forms [58]. Actinides such as Np and Pu, together with many 

fission products, including Sr and lanthanide oxides, are incorporated into the UO2 matrix as solid 

solutions [46, 58]. Fission products such as Cs and I segregate UO2 grain boundaries, the fuel-

cladding gap, and spaces between fuel pellets. Volatile fission products such as Kr, Xe, and I are 

predominantly retained within intragranular gas bubbles within the fuel grains, influencing thermal 

and mechanical properties. Other fission products (such as Ba, Cs, Zr, and Rb) form oxide 

precipitates along UO2 grain boundaries, where also metallic particles composed of   Mo, Tc, and 

noble metal fission products such as Pd, Pt, Ru, and Rh (referred to as ε-particles) precipitate [47, 

58, 59].  

 

Figure 2.  Schematic illustration of the microstructure and the distribution of elements in SNF 

after irradiation in a reactor. Adapted from Buck et al. (2004) and Bruno et al. (2006) [46, 60]. 

2.4. Management and disposal of radioactive nuclear waste  

Radioactive waste is generated as a consequence of nuclear power production and the use of 

radioactive materials in research, medical, and industrial applications [48]. Such waste must be 

carefully managed to protect humans and the environment from the harmful effects of ionizing 

radiation, including genetic damage and increased risk of cancer [48, 61, 62]. The hazard posed 

by radioactive waste depends on factors such as radiotoxicity, decay heat, the type and energy of 

radiation emitted, and the duration over which the waste remains hazardous [63]. Radioactive 

waste is generally classified into several categories: high-level waste (HLW), intermediate-level 

waste (ILW), low-level waste (LLW), and very low-level waste (VLLW), as well as according to 

its half-life (long or short-lived) [48, 64]. Disposal strategies are determined based on this 

classification, ranging from near-surface facilities for VLLW to deep geological repositories for 

HLW [48].  

The choice of disposal depends on the radioactivity of the waste as well as national regulations 

and established practices [48]. Proper management is essential to ensure safety during handling, 
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storage, and eventual disposal [48]. Waste poses long-term hazards to human health and the 

environment and requires containment or encapsulation in appropriate packaging and disposal 

within engineered facilities designed with multiple protective barriers [48]. A central challenge in 

the continued use of nuclear energy is the effective management of highly radioactive waste [65]. 

Among the different waste forms, SNF represents the most radiologically significant material 

produced during nuclear power generation. Although it constitutes a relatively small fraction of 

the total waste volume, it accounts for the majority of the radioactivity and long-term radiotoxicity 

associated with nuclear energy production [46, 66]. After discharge from the reactor, spent fuel 

initially requires active management such as cooling and radiation shielding to remove decay heat 

[48, 65]. Long-term disposal strategies must subsequently ensure the isolation of radionuclides 

from the biosphere over extended timescales. Because of its long-lived radionuclide inventory, 

SNF is universally categorized as high-level, long-lived waste, requiring isolation from the 

biosphere for timescales of approximately 104-105 years until its radiological hazard declines to 

levels similar to natural uranium ores [48, 66, 67]. 

Several strategies have been proposed for managing this waste, including recycling of usable 

materials or direct disposal of spent fuel [9]. At present, the international scientific and regulatory 

consensus supports deep geological disposal in stable geological formations as the most viable 

long-term solution for the safe management and isolation of SNF [36, 46]. 

2.5. Deep geological repositories and the multi-barrier safety concept 

Deep geological disposal is internationally recognized as a safe and effective approach for the 

long-term management of SNF and other HLW [14,65]. Several countries, such as Finland, 

Sweden, Switzerland, Canada, etc., have adopted or are in advanced stages of implementing 

geological disposal programmes based on this concept [65, 68]. DGRs consists of an 

interconnected system of carefully engineered underground tunnels and deposition areas 

constructed within stable geological formations at depths of several hundred metres [68]. At such 

depth, geological processes evolve slowly, and environmental conditions are favourable for long-

term isolation and containment of radioactive waste.  

The long-term safety of DGRs relies on a multi-barrier system, in which engineered and natural 

barriers work together to contain radionuclide and limit their migration to the biosphere [14]. 

Safety is achieved through the complementary performance of the waste form, engineered barriers, 

and surrounding host rock. These barriers are designed to fulfil two primary safety functions: 

ensuring long-term containment of the spent fuel and, in the unlikely event of containment failure, 

retarding radionuclide migration [13].  

The SNF itself constitutes the first barrier due to the low solubility and slow dissolution kinetics 

of the UO2 matrix under reducing conditions, which are expected to prevail after repository closure 

[69]. Additional engineered barriers typically include corrosion-resistant metallic canisters, buffer 

or backfill materials such as bentonite clay, which provide mechanical support and restrict 

groundwater flow around the waste packages [69]. The surrounding host rock provides additional 

natural barriers by ensuring long-term mechanical stability and favourable geochemical conditions 

for radionuclide retention, including low permeability [65, 68, 69]. 

Different national waste management programmes have adopted repository concepts adapted to 

their geological settings. Crystalline bedrock formations are considered in Nordic countries, clay 
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formations in parts of Western Europe, and salt formations in other regions [68, 70]. In Sweden 

and Finland, the disposal strategy is based on the KBS-3 concept. In 2022, the Swedish 

government approved Svensk Kärnbränslehantering AB (SKB) to proceed with the construction 

of a DGR, following decades of research, site investigations, and safety assessments. This decision 

positioned Sweden as the second country, after Finland, to advance from repository planning to 

construction and implementation [71].  

The planned Swedish repository system would comprise an encapsulation facility located near the 

interim storage facility (CLAB) in Oskarshamn, and a repository located at approximately 500 m 

depth in crystalline bedrock at Forsmark in the Östhammar municipality [13]. Within the KBS-3 

design, fuel assemblies consisting of UO2 pellets enclosed in zirconium-based cladding are 

encapsulated in copper canisters ∼ 5 m long and weighing up to 25 tonnes. Each canister contains 

a load-bearing nodular cast iron insert that provides mechanical strength, while the copper shell 

(∼ 5 cm thick) serves as the primary corrosion barrier. Each canister is surrounded by a compacted 

bentonite clay buffer. Upon hydration, bentonite swells to form a low-permeability barrier that 

resists groundwater flow around the canisters and into the bedrock, limits advective radionuclide 

transport, and provides mechanical support to the canisters [13]. After emplacing the canisters, 

deposition tunnels are backfilled with bentonite clay.  

The final safety barrier is the surrounding host rock, whose primary function is to ensure long-

term isolation of the repository from the biosphere. If radionuclides are released from a breached 

canister and migrate beyond the bentonite buffer, their transport within the host rock may be 

significantly retarded through processes such as sorption onto fracture surfaces, interaction with 

fracture minerals, and diffusion into the rock matrix micro porosity [13]. The geological bedrock 

formation, therefore, provides a geochemically stable environment that protects the repository 

from surface events or processes over geological timescales [13]. 

 

Figure 3. The KBS-3 design incorporates safety barrier features such as fuel pellet, copper 

canister, bentonite clay, and crystalline bedrock. Illustration: Jan Rojmar, Svensk 

Kärnbränslehantering AB. Reproduced with permission from SKB. 
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2.6. Radiation-induced SNF dissolution under disposal conditions 

While the engineered barrier system (EBS) of DGRs is designed to provide robust containment 

and ensure long-term isolation of SNF, the potential intrusion of groundwater following canister 

failure is explicitly considered in repository safety assessments [13, 72]. Such failure scenarios are 

generally associated with long-term degradation processes, including corrosion of metallic 

components, erosion of the bentonite buffer, or mechanically induced damage caused by shear 

movements in the host rock [13]. Safety analyses indicate that the likelihood of canister failure 

during the first thousand years after repository closure is extremely low; nevertheless, these 

scenarios are assessed to ensure robust long-term safety [13, 73]. 

After repository closure, residual oxygen in the repository will be consumed by reducing minerals 

and microbial activity (bacteria) [13]. As a result, strongly reducing and anoxic conditions are 

expected to prevail within the disposal environment. Under such conditions, the UO2 matrix 

remains stable and exhibits very low solubility under deep geological conditions [74]. 

Consequently, groundwater represents the primary potential transport pathway for radionuclide 

mobility from the repository to the biosphere, a process that becomes relevant only in the event of 

canister breach. In such cases, the release of radionuclides is governed by the dissolution behaviour 

of the UO2 fuel matrix itself, a mechanism that has been recognized as central to repository safety 

assessments for several decades [75-77].The dissolution rate of UO2 under disposal-relevant 

conditions depends on several factors, including fuel composition, burnup, groundwater chemistry, 

and surface redox conditions [75, 76, 78-82]. When groundwater comes into direct contact with 

spent fuel following canister failure, ionizing radiation emitted by the fuel matrix induces water 

radiolysis. This process can alter the groundwater redox environment from reducing to more 

oxidizing conditions [75, 77]. This radiolytic process generates a range of highly reactive species 

and molecular products such as oxidants (OH•, H2O2, HO2 
•, O2) and reductants (e-

aq, H
•, H2), which 

are formed in approximately equal proportions [75]. Radiolysis-driven corrosion at the UO2-water 

interface has been shown to dominate fuel dissolution under anoxic conditions, with oxidant 

production occurring locally at the fuel surface [83]. Among the radiolytic oxidants, hydrogen 

peroxide (H2O2) has been identified as the dominant species responsible for oxidative dissolution 

of UO2 [84, 85]. 

The interaction of H2O2 with the UO2 surface leads to oxidation of U(IV) to the significantly more 

soluble U(VI), thereby enhancing matrix dissolution according to the reaction: 

 UO2(s) + H2O2 → UO2
2+(aq) + 2OH−      (1) 

 

The extent of oxidative dissolution of the UO2 fuel matrix is strongly controlled by the 

groundwater composition [86]. In particular, bicarbonate and carbonate would enhance U 

solubility, by stabilizing it through strong aqueous complexation, even at low oxidant 

concentrations [87]. More generally, radiolytic oxidation of U(IV) to the more soluble U(VI), 

together with complexation by dissolved ligands, promotes dissolution of the fuel matrix [86, 87]. 

The production of radiolytic oxidants driving these processes is governed by the radiation dose 

rate, which is influenced by factors such as fuel age, burnup, and the proximity to the fuel surface 

[86, 88]. These dependencies highlight the importance of site-specific groundwater chemistry and 

fuel characteristics when assessing the long-term stability of spent nuclear fuel under disposal 

conditions. Given that groundwater represents the only viable pathway for radionuclide transport 
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from the repository to the biosphere, it is essential to further investigate scenarios involving 

canister breach and water intrusion. Understanding the dissolution and migration behaviour of 

radionuclides under repository-relevant conditions is therefore critical, highlighting the 

significance and relevance of the research work presented in this thesis. 

 

Figure 4. Radiation-induced oxidative dissolution of spent nuclear fuel. Illustration: Svensk 

Kärnbränslehantering AB (SKB). Reproduced with permission from SKB. 

2.7. Role of potential repository reductants in controlling SNF dissolution 

In DGRs for SNF, the long-term redox conditions in the near-field environment are strongly 

influenced by the presence of reducing agents generated within the repository system. In the 

Swedish KBS-3 repository concept, each spent fuel canister contains a substantial amount of iron 

(14 tons) in the form of a cast iron insert enclosed by a copper shell, making iron a key component 

influencing repository geochemistry [72, 89]. In the event of canister breach and subsequent 

groundwater intrusion, anaerobic corrosion of iron is expected to occur under the prevailing anoxic 

conditions [90]. 

Aqueous corrosion of iron under reducing conditions can lead to the formation of various 

secondary iron corrosion products, including magnetite, green rust, siderite, and chukanovite, 

depending on groundwater composition and redox conditions [91–95]. Among these iron phases, 

magnetite has been identified as the dominant corrosion product formed during anoxic iron 

corrosion under repository-relevant conditions in the long term [18, 94–96]. The corrosion process 

would result in the release of dissolved Fe(II) and the generation of significant amounts of 

molecular hydrogen (H2), both of which act as effective reductants in the near-field environment 

[96-99]. Representative reactions describing anoxic iron corrosion include: 

Fe(s) + 2 H2O(l) ⇌   Fe(OH)2(aq) + H2(g)       (2) 

3 Fe(s) + 4 H2O(l) ⇌   Fe3O4(s) + 4 H2(g)      (3) 
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The formation of dissolved Fe(II) plays a crucial role in consuming radiolytically generated 

oxidants, particularly hydrogen peroxide (H2O2), through redox reactions that convert Fe(II) to 

Fe(III). These reactions include:                    

Fe2+ + H2O2   → Fe3+ + OH. + OH-   (4) 

Fe2+ + OH. → Fe3+ + OH-              (5) 

Through these reactions, Fe(II) effectively reduces H2O2 at the fuel surface, thereby limiting the 

oxidative dissolution of the UO2 matrix and promoting the precipitation of oxidized iron phases. 

Although H2 does not react directly with H2O2 under repository conditions, experimental and 

modelling studies have demonstrated that a strong synergistic effect exists between H2 and Fe(II) 

[100, 101]. H2 rapidly scavenges hydroxyl radicals produced during Fe(II)-mediated peroxide 

decomposition, leading to the formation of atomic hydrogen, a highly reactive reducing species: 

OH.   + H2   → H2O + H.  (6) 

H.   +  H2O2  → H2O + OH.  (7) 

It is assumed that SNF dissolution proceeds at a very low oxidative rate and that oxidized U, Pu, 

and redox-sensitive fission products are efficiently reduced at the surface of iron-containing 

components, a concept applicable to most European repository designs [18, 84, 102]. Over the past 

two decades, extensive experimental evidence has confirmed that H2 generated by anaerobic 

corrosion of iron can significantly suppress the radiation-induced oxidative dissolution of the fuel 

[74, 103-109]. The protective effect of hydrogen on the fuel surface can be attributed to the kinetic 

activation of H2 on noble metal ε-particles (e.g., Mo, Ru, Rh, Tc, Pd) present within the spent fuel 

[110-112]. Numerical modelling has further demonstrated that elevated hydrogen concentrations 

reduce the steady-state concentration of oxidants near the fuel surface, thereby lowering 

dissolution rates under repository-relevant conditions [113]. In parallel, studies investigating the 

interaction of iron and its corrosion products on SNF corrosion show that the presence of iron 

phases inhibits fuel corrosion and radionuclide release [18, 92, 97]. Recent studies further support 

the conclusion that the combined presence of Fe(II) and H2 establishes a robust redox buffer in the 

repository near-field, significantly limiting oxidative dissolution processes [18, 92, 114]. 

Consequently, iron corrosion and hydrogen generation are now considered as one of the important 

key mitigating processes contributing to the long-term stability of spent fuel under disposal 

conditions 

2.8. Radionuclide coprecipitation under disposal-relevant conditions 

Following the potential release of radionuclides from SNF due to matrix dissolution, their 

subsequent behaviour in the near-field environment plays a critical role in determining long-term 

repository safety. Under disposal-relevant reducing conditions, several geochemical processes can 

significantly control radionuclide retention and limit their mobility, including solubility limit, 

sorption (surface complexation and anion exchange), secondary phase formation, and 

radionuclides coprecipitation [115-118]. Experimental investigation of SNF leaching under 

hydrogen atmospheres has shown that the aqueous concentrations of U, Pu, and Np initially 

decrease within the first days to weeks. Subsequently, these concentrations remain very low and 

constant over extended periods ranging from several months to years [18, 75, 104, 106, 107]. 
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These observations have been interpreted as evidence for the reduction of initially oxidized 

actinides (pre-oxidized fuel layer) at or near the fuel surface (fuel/groundwater interface), followed 

by their reprecipitation and coprecipitation as their corresponding reduced amorphous oxides. 

Such observation suggests that coprecipitation may significantly limit radionuclide release and 

serve as a mechanism for retaining radionuclides following an initial corrosion of the spent fuel 

by groundwater under disposal-relevant conditions [119-121]. 

Coprecipitation of actinides is chemically favoured due to the strong similarities among tetravalent 

actinide ions. U(IV), Pu(IV), and Np(IV) exhibit comparable ionic radii, identical charges, and 

similar coordination numbers, and they form oxides with the fluorite crystal structure [122]. These 

similarities promote the formation of mixed oxide phases or solid solutions. The formation of such 

solid solutions can further reduce actinide solubility relative to that of the individual end member 

oxides [123, 124]. In cases where radiolysis-induced reactions lead to the oxidation of spent 

nuclear fuel, a localized oxidizing condition may develop at the fuel–water interface due to water 

radiolysis [75-77]. However, reducing conditions are expected to dominate in the near field as a 

result of redox buffering by repository iron canister materials, leading to the establishment of 

“redox fronts” [125]. Within these regions, dissolved actinides migrating away from the fuel 

surface may undergo reduction and subsequent reprecipitation [126]. Once solubility limits are 

exceeded, they can coprecipitate with each other, most likely occurring at some distance from the 

fuel surface, where reducing conditions are re-established or within the reducing environment of 

the far field as first suggested by Bruno et al. in the late 1990s [119-124]. 

Given the abundance of U in spent fuel, its coprecipitation with other radionuclides within a failed 

canister is expected to control their individual concentration. Coprecipitation with U, therefore, 

plays a key role in determining the aqueous concentrations of other actinides such as Pu and Np, 

as well as redox-sensitive elements within a breached canister. The formation of U-mixed oxides 

solid solutions incorporating other actinides may act as long-term solubility-controlling solids in 

HLW repository environments. Retention processes such as coprecipitation can strongly influence 

the release of radionuclides during spent fuel dissolution under disposal conditions. Improving the 

understanding of spent fuel interactions under various disposal scenarios is therefore essential for 

assessing long-term safety in deep repository environments. In this context, investigating actinide 

oxides coprecipitation under repository-relevant conditions is particularly important because of its 

relevance to radionuclide immobilization. 

Despite substantial progress in this research area, further studies are still required to better 

understand the long-term evolution of repository redox conditions, secondary phase formation, 

and groundwater chemistry. Since groundwater intrusion due to canister breach represents the only 

plausible pathway for radionuclide transport to the biosphere, continued investigation of radiation-

induced dissolution processes and their mitigation remains essential. The present thesis contributes 

to this effort by addressing radionuclide behaviour under disposal-relevant reducing conditions, 

with particular emphasis on the process governing spent fuel dissolution, actinide oxide 

coprecipitation, and UO2 migration in groundwater systems, thereby addressing key remaining 

knowledge gaps in this field. 
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3.0. Theory  

3.1. Corrosion processes of MOX fuel under geological-disposal conditions 

 

Mixed oxide (MOX) fuel is composed primarily of uranium dioxide (UO2) and plutonium dioxide 

(PuO2). It is widely used in thermal light water reactors (LWR), and, after irradiation, two 

management pathways are considered for the back end of the spent MOX fuel. It may either be 

reprocessed for further energy recovery in advanced or future reactor systems or considered for 

direct disposal in DGR as part of the HLW inventory [127, 128].In several countries, direct 

disposal of spent MOX fuel is regarded as a practical option, given the technical and economic 

constraints associated with the limited mono-recycling potential of MOX fuel in LWR [70, 129]. 

Industrially, commercial MOX fuel is mostly fabricated using the MIMAS (MIcronized MASter 

blend) process, which involves diluting a plutonium-rich UO2–PuO2 master blend with UO2 

powder to achieve the desired plutonium content [130]. Because of this fabrication route, MIMAS-

MOX fuel exhibits a heterogeneous microstructure [130-132]. This microstructure is typically 

described as comprising three distinct zones: (i) a UO2-rich matrix with low Pu content, (ii) a Pu-

rich agglomerate zone, and (iii) a surrounding coating zone characterized by an intermediate Pu 

content [130, 131]. 

SNF exhibits a more complex heterogeneous microstructure with different phases, consisting of 

UO2 matrix, containing dissolved and segregated actinides (Pu, Np, Am), metallic and oxide 

fission product inclusions, fission gas bubbles, grain boundaries, and high active rim zone structure 

[46]. At extended repository timescales, typically beyond several hundred to a few thousand years 

after repository closure, the radiation field of SNF will be dominated by alpha-emitting actinides 

such as Np, Pu, Am, and Cm. The contributions of beta and gamma radiation decline rapidly as 

short- and intermediate-lived fission products and actinides decay, since these radionuclides are 

responsible for nearly all β- and γ-emissions that dominate the activity of “young” spent fuel 

available today. As a result, alpha radiation would persist over geological timescales [76, 77, 85, 

133, 134]. 

Alpha radiation is high LET (Linear Energy Transfer) radiation and produces mainly molecular 

radiolysis products. Among the formed radiolytic species, H2O2 has been identified as the 

dominant oxidizing species controlling fuel corrosion and is responsible for oxidative fuel 

dissolution under anoxic disposal relevant conditions [69]. The continuous generation of H2O2 at 

the fuel-water interface or fuel surface promotes oxidation of U(IV) to U(VI), thereby enhancing 

uranium solubility and matrix dissolution [69, 84, 85]. The overall mechanism of oxidative 

dissolution occurs through sequential surface oxidation of U, the aqueous dissolution of the uranyl 

species, and the formation of secondary solid phases [135, 136]. 

In MOX fuel, the presence of Pu increases alpha activity (especially in the Pu-rich agglomerates), 

which could lead to locally enhanced radiolytic yields and impact the fuel dissolution [132, 136, 

137]. Compared to conventional UO2 fuel, MOX fuel exhibits a higher fraction of Pu, 

compositional heterogeneity, microstructural complexity, and differences in fission density, all of 

which could influence corrosion behaviour in a groundwater saturated scenario [127, 135]. While 

the alteration or corrosion of UO2 spent fuel has been extensively investigated, experimental data 

addressing MOX fuel corrosion under disposal-relevant conditions remain comparatively limited. 

Under DGR conditions, the corrosion behaviour of MOX fuel will be governed by a combined 
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effect of radiolytic reactions, redox processes, and fuel microstructure. Although the fundamental 

corrosion mechanism is expected to be similar to that of UO2 fuel, the inherent microstructural 

heterogeneity of MOX fuel can affect its alteration behaviour. Experimental studies have shown 

that this heterogeneity may result in a higher initial fractional release of actinides and fission gas 

from MOX fuel compared with homogeneous UO2 fuel [132, 136, 137-140]. Under aerated 

conditions MOX fuel dissolves about 7 times faster than UO2 fuel of the same burnup [110]. 

However, long-term leaching experiments performed on irradiated and unirradiated MOX fuel 

under reducing conditions and in the presence of dissolved hydrogen have shown that oxidative 

dissolution is strongly suppressed [127, 135, 136]. These studies report very low steady-state 

aqueous concentrations of U and Pu, indicating limited matrix corrosion and negligible 

contribution from plutonium-rich agglomerates [127, 135, 136]. Although the heterogeneous 

microstructure of MOX fuel, characterized by Pu-rich islands embedded within a UO2 matrix, may 

lead to enhanced initial release during early contact with water, long-term dissolution rates may 

remain low under reducing conditions representative of deep geological disposal. 

MOX fuel provides a valuable and conservative approach for studying radiation-induced processes 

relevant to the long-term behaviour of all spent nuclear fuels under disposal conditions. Radiolysis 

of water adjacent to MOX fuel is dominated by alpha particles, which deposit energy over very 

short ranges and generate high local concentrations of radiolytic species at the fuel surface. 

Previous studies have shown that alpha radiolysis is the principal driver of oxidative dissolution 

under anoxic conditions at long timescales [76, 77, 134, 137]. Since MOX fuel intrinsically 

reproduces an alpha-dominated radiation field, it allows investigation of key corrosion 

mechanisms without relying on external alpha sources or α-doped UO2 fuel. From a safety 

assessment perspective, the use of MOX fuel in corrosion and dissolution studies is therefore 

justified not only by its relevance as an actual waste form, but also by its role as a conservative 

analogue for the long-term behaviour of spent nuclear fuel in general. Studies from MOX fuel 

leaching can be used to gain insight into the behaviour of spent MOX fuel in case of water intrusion 

canister failure; likewise, it can be applied to the evaluation of spent fuel performance during 

alpha-dominated repository phases, thereby reducing uncertainties associated with long-term 

source term predictions. 

3.2. Groundwater chemistry, iron corrosion, and uranium speciation under repository-

relevant conditions 

The long-term behaviour of SNF in a DGR is governed by coupled geochemical processes 

involving groundwater composition, redox evolution, and interactions with engineered barrier 

materials. In the KBS-3 disposal concept, carbon steel components, most notably the cast iron 

insert of the copper canister, are expected to corrode in the event of groundwater intrusion [13, 

141]. The corrosion of metallic iron plays a central role in establishing redox conditions, modifying 

solution chemistry, and ultimately controlling radionuclide mobility over geological timescales 

[141]. 

Groundwater chemistry in crystalline bedrock environments evolves toward Na–Cl dominated 

compositions with varying contributions from Ca²⁺, Mg²⁺, carbonate, and sulfate [142, 143]. 

Salinity ranges from fresh to brackish conditions depending on depth, and repository groundwaters 

are typically characterized by near neutral to mildly alkaline pH and very low dissolved oxygen 

concentrations [142-144]. Following repository closure, oxygen introduced during construction is 

rapidly consumed by reactions with ferrous minerals and microbial activity, establishing strongly 
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reducing conditions [13, 145]. Under these anoxic conditions, metallic iron corrodes through 

anaerobic reaction, releasing dissolved Fe(II), generating H2, and increasing pH in the near-field 

environment [18]. Depending on groundwater composition and redox conditions, corrosion of iron 

can lead to the formation of secondary iron-bearing phases such as magnetite, siderite, green rusts, 

ankerite, and chukanovite [18, 91, 92, 95, 146]. These corrosion products can contribute to 

maintaining reducing conditions and provide reactive surfaces capable of influencing radionuclide 

behaviour through adsorption, surface complexation, redox reactions, and coprecipitation 

processes [18, 147, 148]. 

U mobility in groundwater is strongly controlled by its oxidation state and aqueous speciation 

[149, 150]. Under oxidizing conditions, U predominantly occurs as the hexavalent uranyl ion 

(UO2
2+) [150]. In carbonate-containing groundwaters, uranyl forms highly stable and soluble 

carbonate complexes, including UO2(CO3)2
2- and UO2(CO3)3

4- which dominate speciation under 

neutral to alkaline conditions [149, 151]. The presence of Ca further modifies U chemistry through 

the formation of ternary Ca–uranyl–carbonate complexes, such as CaUO2(CO3)3²⁻ and 

Ca2UO2(CO3)3(aq) [152, 153], as shown in the equation below: 

          UO2 (CO3)3
4- + Ca 2 + ⇌ CaUO2 (CO3)3

2-,              log k = 5.2 ±0.2 (8) 

         UO2 (CO3)3
4- + 2 Ca 2 + ⇌ Ca2UO 2(CO3)3,            log k = 9.0 ±0.4      (9) 

These complexes enhance uranium solubility and reduce its tendency to adsorb onto mineral 

surfaces, thereby increasing mobility in subsurface environments [152-154]. 

However, under reducing conditions established by iron corrosion, U can undergo reduction from 

the relatively soluble U(VI) state to sparingly soluble U(IV), leading to the formation of 

amorphous UO2(am) [155, 156]. Both metallic iron and dissolved Fe(II) have been shown to 

promote U(VI) reduction, either directly at the metal surface or via homogeneous and surface-

mediated pathways [157, 158]. Fe(II)-bearing minerals such as magnetite and green rusts can 

further facilitate reduction, thereby lowering the solubility of U and limiting its migration [159, 

160]. The efficiency and kinetics of U(VI) reduction are strongly influenced by aqueous speciation. 

Ca–uranyl–carbonate complexes exhibit increased thermodynamic stability and kinetic resistance 

toward homogeneous reduction by dissolved Fe(II) [161, 162]. Surface-mediated processes may 

partially overcome these limitations, but the presence of calcium has been shown to inhibit both 

abiotic and microbially mediated reduction pathways, likely due to steric effects and stabilization 

of the ternary complexes [161, 162]. Consequently, the interplay between carbonate complexation 

and iron-induced reduction represents a critical control on uranium mobility. 

In summary, U behaviour in repository environments is governed by the coupled effects of 

groundwater composition and iron corrosion processes. Carbonate enhances U solubility under 

oxidizing conditions, whereas iron corrosion establishes reducing conditions and provides reactive 

surfaces that promote immobilization through reductive precipitation. Likewise, Ca forms strong 

complexes with uranyl carbonate and increases their stability towards reduction. Understanding 

the balance between these competing mechanisms is essential for assessing the long-term safety 

performance of deep geological repositories, and it forms part of the conceptual basis for the 

experimental investigations presented in this thesis. 
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3.3. Coprecipitation and partitioning behavior in solid-solution systems 

Coprecipitation is a fundamental chemical process that involves the simultaneous precipitation of 

solid compounds from a solution, often resulting in the incorporation of minor elements into the 

host solid precipitates. This phenomenon is of particular importance in geochemical and 

radiochemical processes, where it can strongly influence the retention and long-term mobility of 

radionuclides under disposal-relevant conditions [119 -121]. Coprecipitation is generally achieved 

by adding a base (NaOH) to aqueous metal solutions to promote solid formation [163]. Depending 

on the chemical system, coprecipitation may be carried out at ambient or elevated temperatures, 

and in redox-sensitive environments, under an inert atmosphere to prevent oxidation [164, 165]. 

During coprecipitation, dissolved ions are removed from solution and incorporated into the 

growing solid through processes such as nucleation, crystal growth, and aggregation [166, 167]. 

The extent of incorporation depends on several physicochemical parameters, including pH, ionic 

strength, temperature, total metal concentrations, aqueous complexation, precipitation kinetics, 

and the chemical similarity between the major and minor components [163, 168]. Similarities in 

ionic radius, charge, and coordination environment enhance the likelihood that minor components 

become structurally integrated into the host solid [121-124]. 

When coprecipitation leads to the formation of a single mixed solid phase, the resulting material 

can be described as a solid solution. Solid solutions can be described as homogeneous solids in 

which two or more components are mixed at the atomic or molecular scale while preserving a 

common crystal or amorphous structure, though slight variations in lattice parameters can occur 

[123, 124]. While this concept is commonly used in metallurgy, it is equally applicable to oxide 

and hydroxide systems relevant to actinide chemistry.  

The distribution of components between the aqueous phase and the coprecipitated solid is 

commonly described using empirical partitioning laws [168]. These laws relate the molar fractions 

of a minor component (A) and a major component (B) in the solid to their concentrations in 

solution and provide insight into whether equilibrium is attained with the bulk of the solid or is 

restricted to its surface. If thermodynamic equilibrium is established between the aqueous phase 

and the bulk solid, the system follows the homogeneous distribution law proposed by Berthelot 

and Nernst [120, 169]. This relationship is expressed as: 

[A](s)

[B](s)
= D 

[A](aq)

[B](aq)
       (10) 

where [𝐴](𝑎𝑞)and [𝐵](𝑎𝑞)denote the total aqueous concentrations of the minor and major 

components, respectively, [𝐴](𝑠)and [𝐵](𝑠)are their mole fractions in the solid phase, and 𝐷is the 

homogeneous distribution coefficient. Under ideal conditions, this coefficient can be related to the 

ratio of the solubility product constants of the corresponding end-member solids: 

D =
Ksp

B

Ksp
A           (11) 

Homogeneous solid solutions formed under these conditions are characterized by uniform 

composition and the absence of concentration gradients, reflecting a true thermodynamic 

equilibrium [170]. In contrast, it is possible that coprecipitation systems may not achieve complete 

equilibration within the solid phase, whereby the minor components can be unevenly distributed 

within the host lattice. Such heterogeneous solid solutions may exist in a metastable equilibrium 
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with an aqueous solution, displaying concentration gradients due to limited solid-state diffusion 

and slow structural rearrangement [170]. In such cases, distribution equilibrium may be limited to 

the solid–solution interface, leading to heterogeneous incorporation of the minor component 

within the host lattice. This behavior is described by the logarithmic distribution law proposed by 

Doerner and Hoskins [171]: 

log (
[A](surface)

[B](surface)
) = k  log (

[A](aq)

[B](aq)
)            (12) 

where [𝐴](𝑠𝑢𝑟𝑓𝑎𝑐𝑒)and [𝐵](𝑠𝑢𝑟𝑓𝑎𝑐𝑒)represent the mole fractions of the minor and major components 

at the solid surface, and k is the heterogeneous distribution coefficient.  

For actinide-bearing systems such as SNF, coprecipitation formation could play an important role 

in controlling radionuclide migration within the geosphere. This thesis investigates the formation 

of U(IV)-based hydrous oxide phases and their capacity to incorporate other actinides (Pu, Np) 

under repository-relevant conditions. Specifically, the coprecipitation and solubility behaviour of 

CexU1-x and NpxPuyU1-x-y phases were evaluated to assess the extent to which these materials 

approach equilibrium solid-solution behaviour under conditions relevant to geological disposal. 

3.4. Solubility and hydrolysis of actinide hydrous oxides (U, Pu, and Np) 

Due to their similar charge, ionic radii, and coordination chemistry, tetravalent U, Pu, and Np 

exhibit comparable hydrolysis behaviour in aqueous media [19, 35]. Their chemistry can therefore 

be described using a generic actinide representation (An = U, Pu, Np), where the hydrolysis 

reaction can be written as:      

                                                           x An4+ + y OH− ⇌ Anx(OH)y

(4x−y)
      (13) 

 

with 𝑥 = 1–4, leading to the formation of mononuclear hydroxo complexes An(OH)3⁺, An(OH)2²⁺, 

An(OH)3⁺, and An(OH)4(aq) [35, 172-174].Under neutral to alkaline conditions, tetravalent 

actinides precipitate as amorphous hydrous oxides, commonly represented as AnO2·xH2O(am), 

which are often referred to as An(OH)4(s). The solubility-controlling equilibrium can be expressed 

as: 

 

                   An(OH)4(s) ⇌ An4+ + 4OH−         (14) 

 

  with the solubility product: 

 

       Ksp = {An4+}{OH−}4                 (15) 

 

In an aqueous system, where no complexation with other inorganic ligands or colloidal species 

occurs, the total dissolved actinide equilibrium concentration is given by: 

 

[An(IV)]total = [An4+] + ∑[Anx(OH)y

(4x−y)
]             (16) 

 

Tetravalent U is known for its very low solubility in aqueous systems, and it has a strong tendency 

to undergo hydrolysis. UO2 can dissolve under acidic conditions, with the dominant aqueous 

species being U4+ and U(OH)3+ at low pH values. When the solution pH is below 2, U remains 
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mostly dissolved, however, as the pH increases above this threshold, hydrolysis reactions become 

significant, leading to the formation of various hydroxide species [173]. Hydrolysis involves the 

interaction of metal ions with water molecules, releasing protons and generating hydrolyzed 

complexes [174]. The extent and type of hydrolysis products depend strongly on the charge and 

ionic radius of the metal ion [174]. 

 

For U(IV), mononuclear hydroxide species are formed through the reactions: 

 

x U4+ + y H2O ⇌ Ux(OH)y
4x−y

+ y H+          (17) 

 

where x = 1 corresponds to mononuclear complexes. Specific hydrolysis reactions include: 

 

U4+ + H2O ⇌ U(OH)3+ + H+                           (18) 
U4+ + 2H2O ⇌ U(OH)2

2+ + 2H+                      (19) 
U4+ + 3H2O ⇌ U(OH)3

+ + 3H+                        (20) 
U4+ + 4H2O ⇌ U(OH)4(aq) + 4H+                (21) 

 

The overall formation constant for each species is defined as: 

 

β1,x =
{U(OH)x

4−x}

{U4+}{OH−}x
          x = 1, . . ,4               (22) 

 

Where the index1, x represents a mononuclear complex formed in the hydrolysis step x.At near-

neutral groundwater pH (7–9), amorphous UO2 reaches equilibrium concentrations on the order of 

~3 × 10-9 M [35]. The solubility of UO2(am) is governed by equilibria between the solid phase and 

dissolved species: 

 

   UO2(am) + 4H+ ⇌ U4+ + 2H2O             log Ks,0
0 = 1.5                               (23) 

              U4+ + 4H2O ⇌ U(OH)4(aq) + 4H+            log β0,4
0 = −10.0                      (24) 

𝑈O2(am) + 2H2O ⇌ U(OH)4(aq)             log Ks,4
0 = −8.5                           (25) 

 

At higher pH values, the formation of neutral U(OH)4 species dominates the solubility equilibrium. 

Tetravalent uranium precipitates as an amorphous hydrous oxide, UO2·xH2O(am), often referred 

to as uranium hydroxide, U(OH)4(s). Its dissolution can be represented as: 

 

                U(OH)4(s) ⇌ U4+ + 4OH−       (26) 

 

The corresponding solubility product is: 

 

Ksp = {U4+}{OH−}4        (27) 

 

The total U concentration, (where no complexation with other inorganic ligands or colloidal 

species occurs) which determines the effective solubility of the solid, includes both the free ion 

and all its hydrolyzed species: 
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[U(IV)]total = [U4+] + ∑[U(OH)y
4x−y

]            (28) 

 

Pu in its tetravalent state exhibits similar hydrolysis behavior to U(IV) and is characterized by low 

solubility and a strong tendency to form hydrous oxides. However, predicting Pu solubility in 

aqueous solution is complicated by the possibility of simultaneous formation of different oxidation 

states [22]. PuO2 can dissolve in acidic solutions, and at low pH, with Pu4+ as the dominant species. 

When pH ≤ 2, Pu remains mostly in solution, however, at pH > 2, Pu hydrolyzes to form 

mononuclear hydroxide species such as Pu(OH)3+, Pu(OH)2
2+, Pu(OH)3+, and Pu(OH)4(aq) [22, 

28, 35].  

When compared to the other Pu oxidation states, Pu4+ has the highest tendency to form hydrolysis 

products. However, as the hydrolysis proceeds, polynuclear hydroxide species are formed if the 

concentration of Pu is sufficiently high, which, as they grow in size, are commonly referred to as 

colloids [28]. The formation of colloids, however, can increase the solubility of Pu as they can 

remain in solution up to a size of about 10 nm before they precipitate. The hydrolysis reactions for 

Pu(IV) are similar to those of U. Numerical values for the Pu(IV) hydrolysis constants have been 

described by Neck and Kim [35]. At neutral to slightly alkaline pH (7–9), PuO2 reaches a solubility 

of ~10-10.4M [172]. The solubility is controlled by the equilibrium: 

PuO2(am) + 4H+ ⇌ Pu4+ + 2H2O   log Ko
s,0 ≈ 1.3            (29) 

Tetravalent Pu precipitates as an amorphous hydrous oxide PuO2.xH2O or as Pu(OH)4(s), and its 

dissolution can be expressed as: 

 

Pu(OH)4(s) ⇌ Pu4+ + 4OH−               (30) 

 
The solubility product for the Pu(IV) hydrous oxide is: 

 

Ksp = { Pu4+}{OH−}4           (31) 

 
The total Pu concentration, considering its hydrolysis, can also be illustrated as: 

 

[Pu(IV)]total = [Pu4+] + ∑[Pu(OH)n
4−n]            (32) 

 

The solubility of NpO2 in aqueous systems is generally very low and is strongly controlled by pH, 

redox conditions, and the presence of complexing ligands [35]. Under reducing conditions, 

dissolved Np predominantly exists as Np4+, which undergoes extensive hydrolysis even at 

relatively low pH values. The hydrolysis reactions of Np(IV) are similar to those observed for 

other tetravalent actinides such as Pu(IV) and U(IV) [35, 172]. 

In acidic solutions (pH ≤ 2), Np4+ is the dominant aqueous species, at higher pH values (pH > 2 ),  

hydrolysis reactions occur, leading to the formation of species such as Np(OH)3+, Np(OH)2
2+, 

Np(OH)3+, and Np(OH)4(aq) [32, 33, 35].At higher pH values, polymeric and colloidal species 

may also form, which can further influence the apparent solubility of NpO2. These hydrolysis 

reactions play an important role in controlling the aqueous speciation of Np and consequently its 

mobility in groundwater systems [175]. The solubility of NpO2(am) at neutral pH is approximately 

~10-9 M [172].  

 



21 
 

The dissolution equilibrium can be expressed as: 

 

NpO2(am) + 4H+ ⇌ Np4+ + 2H2O             (33) 

 

The strong tendency of Np(IV) to undergo hydrolysis and form polymeric species results in 

extremely low dissolved concentrations, particularly under neutral to alkaline conditions, which 

are relevant to nuclear waste repository environments [35]. 

 

3.5. Thermodynamic model/approach for trivalent (Ce or Pu) hydroxide co-precipitation 

system 

 

For each chemical component in the studied coprecipitation system, at equilibrium, the chemical 

potential (μ) must be equal in the solid and in the aqueous phase μs (An(OH)3) = μaq (An(OH)3).  

In our investigated system, the measured concentrations in solution (U-Ce and U-Pu-Np studies) 

in equilibrium with their corresponding mixed oxide phases were evaluated over two pH ranges 

(low and high pH regions), which correspond to regions where different aqueous species are 

expected to dominate. 

In the low acidic region, the dissolution of Ce(OH)3(s) or Pu(OH)3 (s) is governed primarily by the 

reaction below: 

An(OH)3(am,s) + 3 H+ ⇌ An 3+ + 3 H2O(l)     (34) 

where An represents Ce(III) or Pu(III). Within this pH range, the formation of hydrolyzed Ce(III) 

or Pu(III) species is not expected to occur. The thermodynamic equilibrium constant for Ce(OH)3 

or Pu(OH)3(s) in the coprecipitates and the solution can be expressed as :  

*K0
s0 =  

{An3+}aw
3

{H+}3 aAn(OH)3(s)

   (35) 

where aAn (OH)3(s) represents the activity of Ce(OH)3(s) or Pu(OH)3(s) in their respective solid 

phase, and curly brackets denote activities in solution.  

Under constant ionic strength conditions (1 M NaClO4) as in the U-Ce coprecipitation study, the 

activity coefficients and water activity are incorporated into a conditional solubility product, 

allowing the equilibrium to be expressed in terms of measurable aqueous concentrations. 

log [Ce3+] = log (*K0
s0 

γ
H+
3

γ
Ce3+ aw

3
) – 3(–log[H+]) + log aCe(OH)3(s)

            (36) 

log [Ce3+] = log *Ks0 – 3(–log[H+]) + log aCe(OH)3(s)
   (37) 

While in the U-Pu-Np coprecipitation study, where 0.01M NaCl was used, the activity of water 

in such dilute solution is close to one. The concentration of Pu in equilibrium with the 0.01M 

NaCl can be expressed as: 

log {Pu3+} = log *K0
s0 – 3 pH + log aPu(OH)3(s)

   (38) 
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At constant temperature, pressure, and composition, the activity of the solid phase remains 

unchanged if its Gibb´s free energy is constant. Although aging processes typically reduce the free 

energy of solid precipitates, this effect was negligible over the 30-day equilibration period 

considered in both co-precipitation studies. The activity of An(OH)3(s) in the solid solution can be 

estimated by introducing a solid phase composition-dependent constant denoted Kx, where x 

represents the mole fraction of Ce or Pu in the solid: 

log Kx = log *Ks0 + log aAn(OH)3(s)          (39) 

The constant Kx equals *Ks0 when An(OH)3(s) is in its standard state, i.e. pure An(OH)3(s). The 

constant Kx can be expressed in this acidic pH range by combining equations 37 and 39: 

log [An3+] = log Kx - 3 pH (40) 

or combining equations 38 and 39: 

log{An3+} = log Kx - 3 pH (41) 

For the mixed solid phases formed by co-precipitation, the activity coefficients of the solid phase 

(λ) were derived from the relationship between the activity and composition expressed as:   

aAn(OH)3(s) = x λAn(OH)3(s) (42) 

At higher basic pH values, assuming that An(OH)3(aq) is the dominant species in solution, the total 

dissolved concentration can be expressed as: 

log [An]T = log *Ks0 + log *β3 (43) 

where *β3 is the conditional formation constant corresponding to the equilibrium: 

An3+ + 3 H2O(l) ⇌ An(OH)3(aq) + 3 H+               (44) 

The Ce or Pu concentrations in equilibrium with the co-precipitated solids are expected to be lower 

than those in equilibrium with their respective pure hydroxides (Ce(OH)3(s) and Pu(OH)3(s)), due 

to the reduced activity of the hydroxide component within the mixed solid phase.  In this case, the 

following relation is obtained: 

log [An] = log Kx + log *β3   (45) 
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4.0. Materials and Methods 

 
This chapter describes the materials, experimental procedures, and analytical methods used 

throughout this thesis. The methodology combines all experimental approaches from published 

articles and submitted manuscripts.  

4.1 . Experimental strategy and conceptual framework 

The experimental work in this thesis was designed to investigate the behavior of U and other 

transuranic actinides (Pu, Np) under reducing conditions relevant to the deep geological disposal 

of SNF. Three complementary experimental strategies were employed: 

1. Reductive precipitation of U(IV): The interaction between dissolved U(VI) and corroding 

metallic iron was investigated in simulated groundwater solutions under anoxic conditions. The 

effect of Ca-uranyl carbonato complexes on the reductive precipitation of U(VI) to U(IV) on the 

iron surface was examined. 

2. Long-term leaching experiments: Leaching experiments were conducted using unirradiated 

MIMAS-MOX fuel in the presence of metallic iron and, in subsequent experiments, with iron 

corrosion products (magnetite, chukanovite), both of which were carried out in the presence of 

synthetic Swedish Forsmark groundwater under an Ar atmosphere. These studies investigate the 

effect of repository reductants and iron corrosion products on the oxidative dissolution of MOX 

fuel pellets. 

3. Co-precipitation and solid-solution formation: The initial studies focused on U(IV) and Ce(III), 

with Ce used as a non-radioactive surrogate for Pu. These experiments aimed to develop and 

validate the methodology for actinide oxides co-precipitation studies, to determine their 

solubilities and the nature of the solid solution formed. The U-Ce study was carried out in 1 M 

NaClO4 because Ce(III) hydrolysis and the solubility of Ce(OH)3(s) were studied in this medium, 

while UO2(s) solubility in 1 M NaCl was used for data comparison.  

In the subsequent study, co-precipitation experiments of Pu and Np amorphous oxides with 

UO2(am, hyd) were conducted to investigate the solubility behaviour, kinetics of equilibration, and 

nature of the solid solution formed. The U-Pu-Np coprecipitation study was carried out in diluted 

10 mM NaCl solutions and compared to UO2(s) solubility or PuO2(s) reductive dissolution at a 

similar ionic strength.  

All experiments were conducted under anoxic and reducing conditions to preserve actinide 

oxidation states and to simulate repository-relevant environments. Anoxic conditions were 

maintained using an inert-atmosphere glove box (N2 atmosphere, O2 < 1 ppm), while reducing 

conditions were achieved through the addition of a chemical reductant (sodium dithionite) where 

necessary. Experimental work involving U, Pu, Np, and MOX fuel handling was performed in a 

dedicated fumehood and inert-atmosphere glove boxes.  

4.2. Chemicals and solutions 

All solutions used in all the experiments were prepared with ultrapure water (18.2 MΩ·cm, Milli-

Q Advantage, Merck). Before use in all experiments, the water was sparged with high-purity 

nitrogen gas (99.99%) for some hours to eliminate dissolved oxygen. The deoxygenated water was 

then transferred into an argon-controlled glove box, purged with the argon box atmosphere, and 



24 
 

finally stored in the glove box. Analytical-grade reagents were used throughout the experiments. 

Acids (HCl) and bases (NaOH) were used for pH adjustment, and HNO3 (Suprapur grade) was 

used for analytical dilution.  Sodium dithionite (Na2S2O4) (Sigma-Aldrich, Merck) was used as a 

reducing agent where applicable. 

For the study on Ca–uranyl–carbonato complexes reduction in the presence of iron, a 10 ppm 

U(VI) stock solution was first prepared and subsequently diluted with synthetic groundwater as 

shown in Table 1 to achieve a U concentration of 1 ppm (4.2 x 10-6 M).  

For the U–Ce coprecipitation experiments, a U(IV) stock solution (~0.46 M) was prepared by 

dissolving reactor-grade U metal in 12 M HCl (37% ACS grade, Sigma-Aldrich, Merck). In 

parallel, 4.6573 g of cerium (III) chloride heptahydrate (CeCl3·7H2O, 99.9% purity, Sigma-

Aldrich, Merck) was dissolved in 100 mL of 10 M HCl to obtain a 0.125 M Ce stock solution.  

Sodium dithionite (Na2S2O4, Sigma-Aldrich, Merck) was prepared at concentrations of 10 mM 

and 20 mM, while a 1 M carbonate-free NaOH solution was obtained using 1 M NaOH Titrisol 

ampoules (Sigma-Aldrich, Merck). An ionic medium of 1.0 M sodium perchlorate (NaClO4) was 

prepared for solubility experiments.  The NaClO4 stock solution (4.61308 mmol g⁻¹) was 

synthesized from reagent-grade perchloric acid and sodium carbonate following established 

procedures at Kungliga Tekniska högskolan (KTH) [176]. To prepare the 1 M working solution, 

an accurately weighed portion of the stock containing 1 mol of NaClO4 (216.77 g) was transferred 

to a 1 L volumetric flask and diluted to volume with distilled water. 

For the coprecipitation experiments of UO2 with Pu and Np. U(IV), Np(IV), and Pu(IV) stock 

solutions were prepared under strictly inert conditions to preserve redox stability. The U(IV) stock 

solution (~1.33 M) was prepared using the same method described above. The Np(IV) stock 

solution was obtained by dissolving 0.42 g of 237NpO2 in concentrated HCl with controlled heating. 

Similarly, the Pu(IV) stock solution was prepared by dissolving 0.6365 g of 239PuO2 in 

concentrated HCl with controlled heating. Small, carefully regulated additions of HNO3 were used 

to facilitate dissolution of Pu and Np without altering the oxidation state of the actinides.  U, Pu, 

and Np solutions were filtered to remove residual solids and stored in sealed, opaque containers 

under an inert atmosphere to ensure redox stability for subsequent experiments. 

 4.2.1. Synthetic groundwater and model solutions 

Synthetic groundwater solutions were prepared using ≥ 99.0% ACS reagent-grade chemicals 

(Sigma-Aldrich, Merck). Two site-specific synthetic groundwaters representative of repository 

depth at the Forsmark site, designated as 01D and 02A, were prepared according to reported 

compositions (Table 1) [177]. In addition, two simplified synthetic groundwater compositions 

referred to as 10-2 and 10-2-Ca were investigated. The simplified groundwater “10-2” consists of  

10 mM NaCl and 2 mM. To specifically assess the effect of Ca, 0.526 mM CaCO3 was added 

exclusively to the “10-2-Ca” solution. 

For the autoclave experiments conducted under an Ar atmosphere, without metallic iron, a 

simplified groundwater composed of 10 mM NaCl and 2 mM NaHCO3  was used, prepared from 

ACS reagent grade chemicals (Sigma Aldrich ≥ 99.9%). The synthetic Forsmark groundwater 

solution used in the autoclave experiments conducted in the presence of Fe(s) and 

magnetite/chukanovite, using synthetic Forsmark groundwater (02A), was prepared according to 

the site-specific compositions listed in Table 1, using ≥99.0% ACS reagent-grade salts. 
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The prepared groundwater was purged with argon for several hours before experiments and 

transferred under inert conditions to prevent oxidation. The amounts of reagents/chemicals used 

in its production are given in the Appendix. The compositions of all four groundwater models are 

detailed in Table 1.  

Table 1. Chemical compositions of the synthetic groundwaters. Concentrations in unit mmol/L. 

 Ground-

water 
[Na+] [K+] [Ca2+] [Mg2+] [HCO3

-] [Cl-] [SO4
2-] [Br-] [F-] [Si] [Fe2+] [Mn2+]  [Sr2+]  

01D 77.02 0.187 45.91 0.448 0.280 168.56 0.324 0.581 0.061 0.152 0.014 0.0016 0.237  

02A 96.57 0.931 22.21 10.04 2.065 148.91 5.275 0.304 0.077 0.216 0.041 0.0377 0.099  

 10-2 12.00 0 0 0 2.000 10.00 0 0 0 0 0 0 0  

10-2-Ca 10.47 0 0.526 0 2.000 9.00 0 0 0 0 0 0 0  

 

4.3. Materials 

4.3.1. Unirradiated MIMAS-MOX Fuel 

An unirradiated 10 wt.% Pu MIMAS-MOX fuel pellet produced at the MELOX facility (Marcoule, 

France) through the MIMAS (MIcronized MASterblend) process was used for all the autoclave 

leaching experiments. The pellet had a density of approximately 95% of the theoretical density 

and a specific alpha activity of 1.79 GBq g⁻¹. The original pellet was sectioned into cylindrical 

slices, and two of these slices with masses 1.6657 g and 1.6565 g were used in the autoclave 

experiments.  

MIMAS-MOX fuel exhibits a heterogeneous microstructure consisting of a UO2 matrix, Pu-rich 

agglomerates, and an intermediate Pu-enriched coating zone, originating from the fabrication 

process. Before each experiment, the pellets were polished using 2400-grit SiC paper and annealed 

for 5 h at 1200 °C (with a 20 oC/min heating and cooling rate) in an Ar + 5% H2 atmosphere inside 

a graphite furnace (Thermal Technology 1000–2560-FP20), to remove any pre-oxidized surface 

layer formed during their long storage. Additional details on the MOX fuel used in these studies 

are provided in the articles included in this thesis. 

Table 2. Composition and dimensions of the used 10 wt.% MIMAS-MOX pellets.  

Oxide composition  Pu/Am isotopic 

composition 

Dimensions 

UO2 PuO2 AmO2 June 2019 Diameter Height 

 

89.20 wt.% 

 

10.17 wt.% 

 238Pu          1.32%  

 

 

 0. 63 wt.% 239Pu 64.37% 
 240Pu 26.60% 8.08 mm 3.27 mm 
 241Pu 2.54% 
 242Pu 5.05%  
 241Am 0.12% 
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4.3.2. Synthesized chukanovite 

 For the leaching experiment conducted in the presence of chukanovite, synthesized chukanovite 

was prepared from a 0.22 M FeCl2, 0.20 M NaOH, and 0.18 M Na2CO3 solution. The 

stoichiometric conditions for the direct formation of chukanovite were adopted from Chen et al. 

[178], with R = [Fe²⁺]/[OH⁻] = 1.1 and R′ = [CO₃²⁻]/[OH⁻] = 0.9. 

4.3.3. Iron foils, iron powder, and magnetite 

Iron foils with ≥ 99.99 % purity (Thermo Scientific Alfa Aesar) of ~ 0.1 mm thickness and ~1.56 

cm2 surface area, weighing 0.125 g, were used in this experiment. The iron foils were polished 

with a #1200 grit (FEPA-P) Sic sandpaper in an inert-gas glovebox atmosphere to remove any pre-

oxidized layer before the experiments. The iron foil was rinsed in ethanol and ultrasound cleaned 

for a few minutes before use in the autoclave. 2 g of iron powder (10 μm, ≥ 99.9 % metal basis 

(Sigma -Aldrich, Merck) was also added to the autoclave for the leaching experiment in the 

presence of metallic iron. Commercial magnetite ( Sigma-Aldrich, < 5 µm mesh) was used for the 

autoclave leaching experiment conducted in the presence of magnetite. 

4.3.4. Stainless steel autoclaves 

Leaching experiments were conducted under an Ar atmosphere using modified Parr 4760 pressure 

vessels. For experiments carried out in the absence of metallic iron, a 0.5 L autoclave vessel was 

utilized, in which the dip tube of the autoclave was replaced with a PEEK  tube to allow H2O2 

measurements. Experiments in the presence of metallic iron, magnetite, and chukanovite were 

carried out in a customized 1 L stainless steel autoclave, capable of withstanding pressures up to 

131 bar and temperatures up to 350 °C. The autoclave was equipped with sampling and gas-

purging valves, a precision manometer for pressure monitoring, and Swagelok VCR fittings to 

ensure leak-tightness, which is essential due to H2 generated under anoxic iron corrosion. Graphite 

gaskets coated with a thin layer of silicone grease were used to maintain gas-tight sealing and were 

replaced after each experiment. In all cases, a glass beaker insert was used to prevent contact 

between the solution and metallic components.  

4.3.5. Glove box 

Several experiments were carried out in both Ar and N2 atmosphere glove boxes (Inert 

Technology). The glovebox internal atmosphere was continuously circulated through a catalytic 

bed that removes O2, maintaining oxygen levels below 1 ppm throughout the experiments. The 

glovebox was maintained at a room temperature of 21.0 ± 2.0 °C.  

4.4.   Analytical instrument used for both liquid and solid characterization 

4.4.1. pH and Redox Potential 

Solution pH was measured using a combined pH glass electrode. Calibration was carried out at 

room temperature with pH 2, 4, 7, and 10 buffer solutions. In the  U-Ce coprecipitation study, we 

have used the -log[H+] formula due to the I M NaClO4 medium in which the experiment was 

conducted. We have also made corrections for the experimentally measured pH using the relation 

pH = (pH)exp + log [H+] =-0.23±0.02 as determined by Fanghänel and coworkers for 1M NaClO4 

[179]. In the U-Pu-Np coprecipitation study, we have used the normal pH measurements because 

the experiment was carried out in a dilute 0.01M NaCl solution. Redox potential was determined 
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using a calibrated ORP electrode. Measurements were performed immediately after sampling to 

minimize artefacts. 

4.4.2.  ICP-OES and ICP-MS 

Elemental concentrations were determined using inductively coupled plasma optical emission 

spectroscopy (ICP-OES, Thermo Scientific, Model iCAP pro) and inductively coupled plasma 

mass spectrometry (ICP-MS, Thermo Scientific, Model iCAP Q). Fe concentrations during 

preliminary corrosion experiments were measured by ICP-OES, while actinide (U, Pu, and Np) 

and Fe concentrations in radioactive samples were determined by ICP. All sample and calibration 

solutions were prepared by dilution of certified stock solutions (CPAchem) in 0.5 M HNO3 

(Suprapur, Merck). Yttrium (Y) and bismuth (Bi) were added as internal standards for ICP-OES 

and ICP-MS measurements, respectively.  

External calibration series were used in combination with internal standards to ensure analytical 

accuracy. All samples were analysed in triplicate. Instrument performance assessment test was 

verified using the Tune B solution, containing U, In, Co, and several additional elements. For ICP-

MS measurements, the detection limits were 0.01 ppb for U, 0.001 ppb for Pu and Np, and 0.1 ppb 

for Fe. During Fe and Ca measurements, kinetic energy discrimination (KED) was applied to 

minimize polyatomic ion interferences [180]. Measurement uncertainties were generally < 2% 

(relative uncertainty) for concentrations above 0.1 ppb, reflecting the high sensitivity of the ICP-

MS instrument. The uncertainties were not included in the plots because they overlap significantly 

with the data points. 

4.4.3. UV-Vis spectrometry 

Ultraviolet–visible (UV–Vis) absorption spectroscopy was used to determine the oxidation states 

of aqueous actinide species in solution. The absorption spectra were recorded using a UV–Vis 

spectrophotometer (Shimadzu UV-1800) over a wavelength range of 350–1100 nm. Measurements 

were performed in quartz cuvettes with a lid and an optical path length of 1 cm. All spectra were 

collected at room temperature. 

4.4.4. Hydrogen peroxide (H2O2) analysis 

The H2O2-concentrations were measured spectrophotometrically at 350 nm wavelength with a 

Shimadzu UV-Vis spectrophotometer. The analysis was performed using the tri-iodide (Ghormley) 

method, based on the molybdate-catalyzed oxidation of iodide by H2O2 [181]. The instrument was 

calibrated with a 30 wt.% H2O2 standard solution (Sigma-Aldrich). For each measurement, 2 mL 

of sample was mixed with 100 µL of 1 M KI and 100 µL ammonium molybdate in an acetate 

buffer (pH 4.65). All reagents were obtained from Sigma-Aldrich, and KI was prepared in Milli-

Q water. 

4.4.5. Alpha Spectrometry 

The specific activity of Pu was measured using an alpha spectrometer (Ortec Alpha Duo, Octete-

PC) equipped with PIPS detectors (450 mm2 active area). Samples were positioned 20 mm from 

the detector in a chamber operated at 0.05–1 mbar. Before analysis, samples were diluted with 0.5 

M HNO3. The diluted solution was deposited on a planchet, dried under an infrared lamp, and 

heated with a gas torch to remove residual organic matter. The instrument detection limit was 0.1 

Bq mL-1.  
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4.4.6. Scanning Electron Microscopy (SEM) analysis 

Surface morphology and elemental composition of the leached MOX pellets, iron foils, and iron-

bearing solids were examined using scanning electron microscopy coupled with energy-dispersive 

X-ray spectroscopy (SEM–EDX). A Hitachi TM 3000 tabletop SEM–EDX located inside a 

nitrogen-filled glove box was used for analysis of MOX pellet surfaces to prevent air 

contamination and radiation exposure. While Iron foils, magnetite, and chukanovite were analyzed 

using a field-emission SEM (Quanta 200 ESEM FEG). Coprecipitated solid samples were 

analyzed using a field Emission Gun (FEG) SEM (model ZEISS Aurigas) equipped with both EDX 

and WDS. The instruments were also equipped with an EDAX Electron Backscatter diffraction 

detector operated in high-vacuum mode (4.7 × 10-5 mbar) at an accelerating voltage of 15-30 kV 

and a current of 100 µA. LOD is in the range of 0.1% by weight. 

4.4.7. Powder X-ray Diffraction (P-XRD) 

P-XRD was used to characterize crystalline phases associated with solid samples (iron foils, 

magnetite, chukanovite, and U-Ce solid samples). XRD patterns were collected using a Bruker D2 

PHASER diffractometer equipped with a monochromatic Cu Kα radiation source (λ = 1.54184 Å). 

Data were acquired over a 2θ range of 20°–90° at operating conditions of 30 kV and 10 mA. 

Analyses were performed with the DIFFRAC.EVA software, version 5.2.  

4.4.8. Raman Spectroscopy 

Confocal Raman spectroscopy was used to identify secondary phases and the nature of corrosion 

products formed on iron foil and MOX pellet surfaces. A WITec alpha300 R Raman microscope 

equipped with a cooled EMCCD detector was operated using a 532 nm excitation laser at low 

power (≤0.6 mW) to avoid beam-induced oxidation or phase transformation. Spectra were 

collected using a ×100 objective. 

4.4.9. Fourier Transform Infrared Spectroscopy (FT-IR) 

Fourier Transform Infrared (FT-IR) spectroscopy was used to characterize the functional groups 

and confirm the formation of chukanovite in the synthesized solid samples. The spectra were 

recorded using a Bruker Hyperion 3000 microscope coupled with a Bruker Vertex 70v 

spectrometer PerkinElmer Spectrum, specify model if known) in the range of 4000–400 cm⁻¹. The 

vertex 70v spectrometer operates under vacuum to reduce atmospheric interference from water 

vapor and CO2. Samples were prepared using the attenuated total reflectance (ATR) technique. For 

ATR measurements, a small amount of finely ground sample was directly placed on the diamond 

crystal surface. All measurements were performed at room temperature with a spectral resolution 

of 4 cm⁻¹ and averaged over 64 scans per sample to improve the signal-to-noise ratio. 

4.4.10.  X-ray photoelectron spectroscopy (XPS) 

XPS was used to characterize the elemental composition and to investigate the oxidation state of 

U and Ce in the coprecipitated solid samples after equilibration (paper II), as well as the oxidation 

state of U deposited on the iron foils (paper I). The instrument was a PHI 5000 VersaProbe III- 

Scanning XPS microprobeTM with a monochromatic Al K-α X-rays source (1486.6 eV) with a 

power of 25 W and a voltage of 15 kV. Energy calibration was performed using Ar⁺ sputter- Au, 

Ag, and Cu reference samples, with core-level binding energies of Au 4f₇/₂ (83.96 eV), Ag 3d₅/₂ 

(368.21 eV), and Cu 2p₃/₂ (932.63eV), and a narrow scan measurement was carried out with the 
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C1s signal at 284.8 eV before analysis. Survey scans were first acquired to identify elemental 

composition, followed by high-resolution scans of selected regions, yielding a detection limit of 

approximately 1 at.%. The solid samples were transported in a transfer vessel tailored to the XPS 

sample introduction chamber to ensure transportation and sample introduction without risk of air 

contamination.    

4.4.11. High-resolution powder X-ray diffraction and X-ray absorption Spectroscopy (XAS) 

Powder X-ray diffraction (XRD) and X-ray absorption near-edge structure (XANES) 

measurements were conducted at the Rossendorf Beamline (BM20) at the European Synchrotron 

Radiation Facility (ESRF, Grenoble, France). High-resolution XRD data were collected in 

transmission geometry using monochromatic synchrotron radiation ( λ = 7.28 x10-11m). Diffraction 

patterns were recorded over a 2θ range of 0° - 66° with a step size of 0.01° using an Eiger 2 500k 

detector, while the incident beam intensity was monitored with a Kapton foil and scintillation 

counter. 

XANES measurements were performed at the XRD-1 station of the Rossendorf Beamline using 

the same sample setup and beam conditions as for XRD. Spectra were collected in fluorescence 

mode with a Si drift detector, with incident energy calibrated using the Zr K-edge (18008 eV). 

Measurements of the Pu L3 edge (~18057 eV) were carried out, and scans were recorded from 

18020 to 18170 eV with 1 eV steps, repeated four times. The data were normalized to beam 

intensity and detector live time, then summed for analysis. The U-Pu-Np coprecipitated solid 

samples, collected both before and after equilibration, were homogenized with glass powder at a 

2:1 mass ratio (sample: glass) to improve particle dispersion and minimize absorption effects. The 

mixtures were loaded into borosilicate glass capillaries with a diameter of 0.3 mm. 

In addition, ∼ 1 g of equilibrated U0.98 Pu0.01Np0.001 and U0.945Pu0.05Np0.005 solids were transferred 

into molybdenum crucibles and subjected to thermal treatment in a furnace under a reducing 

atmosphere (Ar+5%H2). The gas flow rate was maintained at 1 L/min throughout the experiment.  

The samples were heated at a ramp rate of 10 °C/min to 900 °C, maintained for one hour at this 

temperature, and then cooled down at the same rate. After thermal treatment, the resulting solids 

were prepared following the same capillary confinement procedure described above and analyzed 

afterwards. 

 

Figure 5: U-Pu-Np solid sample preparation for both P-XRD and XANES analysis. 
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For radiological safety and to comply with beamline containment requirements, the capillaries 

were sealed at both ends with epoxy resin and enclosed within a Kapton tube. This assembly was 

further inserted into a second, larger-diameter Kapton tube to provide double containment. The 

confined capillary was subsequently fixed with epoxy adhesive (glue) inside a brass pin. Care was 

taken to ensure that no adhesive contacted the central region of the capillary, thereby avoiding 

interference with the X-ray beam during data collection. Structural refinements were carried out 

using the Rietveld method implemented in GSAS-II. Lattice parameters were refined to evaluate 

solid-solution formation and assess compositional variations within the U, Pu-Np system. 

In the earlier U-Ce coprecipitate study, XAS was used to determine the oxidation states and local 

structure of Ce and U in mixed oxide solid solutions. Measurements were performed in 

transmission mode at the Ce L3- edge (5723 eV) and U L3-edge (17166 eV). The experiments 

were conducted at the Balder beamline (MAX IV, Lund, Sweden) using a Si monochromator, with 

samples prepared as ~20 mg powders mixed with boron nitride and sealed in Kapton-covered 

holders. Energy calibration was carried out using Cr and Y metal foils, and the collected spectra 

were processed using standard procedures. 

4.5. Experimental procedures/setup 

A summary of the experimental procedures is provided here. Additional details regarding the 

experimental methods and analytical techniques are described in the published article and the 

submitted manuscript attached to this thesis. 

4.5.1. Reductive precipitation of Ca-uranyl carbonato complexes in contact with iron foils 

(paper I) 

The experiments were carried out in an Ar-filled glovebox (Inert Technology). To prepare the 

reaction, 2mL of a 10 ppm U(VI) stock solution was diluted to 20 mL with synthetic groundwater 

in plastic vials, which were then placed in a ~2 L glass reaction vessel within the glovebox.  The 

iron foils were contacted in the different groundwater compositions containing the uranyl solution 

in the vials A-D, as illustrated in the figure below. The vessel was fitted with gas inlets and outlets, 

enabling continuous flushing with an inert gas to maintain a controlled atmosphere throughout 

each batch of experiments. Samples were collected approximately every 48 hours and analyzed 

throughout the experiments, which lasted 750 to 1250 hours (approximately 1-2 months). The 

schematic of the experimental setup maintained in an inert glove box is shown in Fig.6 below. 

      

 

  

 

 

 

 

Figure 6. Experimental setup for the iron foils experiments with reaction vessels (A, B, C, D) in 

the presence of uranyl solution with different groundwater compositions.  
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4.5.2. Leaching experiments in synthetic Forsmark groundwater in the presence of metallic 

iron, magnetite, and chukanovite (paper III and V) 

Leaching experiments in simplified groundwater solutions and synthesis of Forsmark groundwater 

were conducted using modified Parr autoclaves equipped with a customized glass beaker insert to 

prevent contact with metallic components. Unirradiated MOX fuel was contacted with the 

groundwater in the presence and absence of Fe(s). Solutions were purged with argon before 

sealing. Periodic liquid sampling was performed via PEEK dip tubes, with initial aliquots 

discarded to rinse sampling lines. Samples were filtered using a syringe with a 0.45 µm 

polypropylene membrane filter, and samples were also centrifuged using Amicon centrifuge filters 

(30000 MWCO) with a pore size of 4 nm to separate potential particulate matter from the solution. 

At the end of all leaching experiments, the autoclaves were opened under an argon atmosphere. 

MOX pellets, iron foils, and iron powders were retrieved, dried, and stored under inert conditions 

before surface characterization. Leaching solutions were filtered, and vessel walls were acid-

leached sequentially to quantify sorbed or precipitated U. Iron powders and foils were dissolved 

in HNO3 to quantify the amount of U, Pu sorbed. In the subsequent study, the dissolution of the 

same MOX fuel pellet was investigated in the presence of magnetite and also in the presence of 

chukanovite. 

 

 

Figure 7: Autoclave used for the leaching experiments. 

4.5.3. Co-precipitation experiments (paper II and IV) 

Co-precipitation experiments were conducted in argon-filled glove boxes at ambient temperature.  

In the first study, acidic stock solutions containing U(IV) and Ce(III) were mixed in defined molar 

ratios (see attached publication to this thesis for the detailed experimental procedure). In the 

subsequent study, stock solutions of U(IV), Pu(IV), and Np(IV) were mixed in a ratio similar to 
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their composition in SNF. The mixed stock solutions of U, Pu, and Np were allowed to homogenize 

for a few minutes, after which 20 mM sodium dithionite (Na2S2O4) was added to the stock 

solutions to maintain reducing conditions. These steps are necessary to ensure that the reduction 

of Pu(IV) to Pu(III) occurs either by U(IV) or by added dithionite, thereby preventing any traces 

of oxidized Pu or Np. Precipitation of the mixed solutions was induced by stepwise addition of 

carbonate-free NaOH (until pH 9.5-10 was obtained in the neutralized solution) to precipitate U, 

Pu, and Np as amorphous hydroxides and prevent decomposition of dithionite. The resulting solid 

precipitates were separated by using a vacuum filtration setup in the glove box.  

After filtration, the solid residue on the filter paper was collected and transferred to a separate 

beaker in the glove box. The resulting solid residue was washed twice with 20mM Na2S2O4 

solution to remove NaCl formed during neutralization and was aged overnight in the glove box 

before solubility experiments. Portions of the aged precipitates were further washed with 10 mM 

Na2S2O4 and filtered using the vacuum filtration setup as before. At a final step, the filtered solid 

precipitates were distributed in a 40 mL centrifuge tube for the solubility test between pH 2 and 

12. Solutions containing 10mM NaCl and 1mM Na2S2O4 were used as the ionic medium for 

solubility measurement. Two sets of experiments were conducted with these precipitates. One set 

of experiments was conducted with 1% molar concentration of Pu, 0.1% Np, and the other with 

5% Pu, 0.5% Np concentration in the solid. 

The remaining precipitated solids were subjected to further washing with Na2S2O4 and ultrapure 

water, after which the solids were left to dry in a desiccator before characterization. In the U-Ce 

coprecipitate study, a similar experimental approach was used except for the ionic medium, which 

was 1 M NaClO4. 

 

 

Figure 8:(a) Experimental procedure used for the U-Pu- Np coprecipitation experiment and (b) 

resulting solid coprecipitates of U-Pu-Np after neutralization. 
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5.0. Results and discussion 

5.1. Influence of groundwater composition on the reductive precipitation of U(VI) in the 

presence of corroded iron surfaces (paper I) 

To aid the interpretation of the results presented in the following sections, Table 3 provides 

groundwater compositions, atmospheric conditions, and their associated experimental labels. 

Table 3. Groundwater and Atmosphere compositions and their corresponding sample label. 

Groundwater  Label 

01D  A, E, I, M 

02A  B,  F, J, N 

10-2  C, G, K,O 

10-2-Ca  D, H, L, P 

Atmosphere  Label 

3000 ppm CO2 in Ar  A, B, C, D 

400 ppm CO2 in Ar  E, F, G, H, I, J, K, L, M, N, O, P 

 

5.1.1. Determination of measured U, Fe, and Ca concentrations in solution by ICP-MS 

The measured dissolved U, Fe, and Ca concentrations for the experiment series A-D conducted 

under an argon atmosphere containing 3000 ppm CO2 are shown in Fig.9. The initial U 

concentrations of 1 ppm (4.2 x10-6 M) decrease progressively to ~10-9 M toward the end of the 

1200 hours (50 days) of experiment across all datasets. Higher Fe concentrations were observed 

at early reaction times in experiments A and B, which is attributable to the higher Fe content of the 

01D and 02A groundwater compositions. After ~ 200 hours, dissolved Fe concentrations are nearly 

equal across all four series (A-D). Afterward, Fe concentrations stabilize and reach an equilibrium 

of ~ 10-3 M in experiments A and B, whereas experiments C and D exhibit values nearly two orders 

of magnitude lower (10-5 M). Ca concentration remained constant throughout the experimental 

period,  which is consistent with its initial concentration. 

 

Figure 9. Dissolved concentrations measured in experimental series A–D conducted under 3000 

ppm CO2 in an Ar atmosphere using FeSO4 as an oxygen trap. 
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For the experimental series I-L conducted under 400 ppm CO2, the dissolved concentrations of U, 

Fe, and Ca are shown in Fig.10. U concentrations in this series also decrease to lower values, 10-

9 – 10-8 M,  but not as low as those observed in experiments A-D series (10-9 M, Fig. 9). However, 

the duration of experiment I-L was shorter (770  hours) when compared to A-D, which can explain 

the difference observed. Throughout the experimental duration, Ca concentration remained 

constant, reflecting its stability under the experimental conditions. 

 

Figure 10. Dissolved concentrations measured in experimental series I-L, conducted under 400 

ppm CO2 in an Ar atmosphere using FeSO4 as an oxygen trap. 

The observed rapid decrease in aqueous U concentrations indicates that U(VI) is effectively 

reduced and precipitated in the synthetic groundwater systems containing corroding iron foil. The 

higher Fe concentration observed in batch I-L is likely due to the greater efficiency of the FeSO4 

oxygen trap as compared to batch E-H, where FeCO3 was used as an O2 trap. The experimental 

results for batches E-H and M-P are presented in the published article attached to this thesis.  

5.2. Solid characterizations  

5.2.1. SEM-EDX results  

At the end of the leaching experiments, the iron foils were retrieved from the synthetic 

groundwater solution. Visual inspections revealed the presence of dark-green surface spots (see 

Figs. 11a and 11b), which are characteristic features of green rust formation [156, 182, 183]. SEM 

analysis was performed on iron foils from selected experimental batches due to potential O2 

contamination during storage after the leaching experiments. SEM micrographs of iron foils from 

experiments E, F, K, and H, representing exposure to different simulated groundwater 

compositions, are presented in Figs. 12 and 13.  
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Figure 11.  Representative images of iron foil obtained from experiments E and F, respectively, 

where clear green (a) and green-blue (b) rust surface features or spots are found.  

The distribution of U on the iron foil surfaces was heterogeneous, with U occurring as localized 

agglomerates in a few grains, appearing as spots. In experiments E and F, U was present as small, 

discrete, grain-like features, whereas substantially larger U-rich particles were observed on iron 

foil from experiment K. The U distribution on foils from experiment H closely resembled that 

observed for experiments E and F.  

E – 01D 

 

F - 02A

 

 

Figure 12. SEM micrographs of iron foils from experiments E (a) and F (b), showing U-rich 

precipitates on the corroded iron surfaces. 
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            K-10-2                                                  H-10-2-Ca 

           

Figure 13. SEM micrographs of iron foils from experiments K (a) and H (b) showing the large, 

precipitated U-containing grains 

EDX analysis shows that the iron foils exposed to the 01D and 02A groundwater compositions 

exhibited chemically complex surface layers containing Fe, O, Na, Cl, C, and Si. The U-rich 

precipitates formed on the foil surfaces consist primarily of Fe, U, C, and O, as summarized in 

Table 4. The carbonate-rich 02A groundwater resulted in a higher carbon content in the U grains 

on iron foil F (8-16 at.%), compared with foil E exposed to 01D groundwater (1-5 at.%), based on 

the analysis of five grains per foil. Inclusion of oxygen in the quantitative analysis reduced the 

relative atomic fractions of the remaining elements. 

Table 4. EDX element compositions on iron foils labelled E, F, G, H, K, and L 

Element E (at.%) F (at.%) G (at.%) H (at.%) K (at.%) L (at.%) 

O 57.15 - - 63.06 47.58 60.72 

Fe 24.61 54.22 24.26 12.42 10.61 13.40 

U 15.12 34.33 60.78 19.50 32.71 19.90 

C 3.13 11.45 14.96 5.02 9.09 5.98 

 

An elemental mapping of grains deposited on the iron foil surface from experiments F, G, and H 

revealed that U precipitates had a considerable overlap with carbon. Regions with higher C content 

were closely associated with the U precipitates (see Fig. 14) 
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Carbon G – 10-2 

 

Uranium G – 10-2 

 
 

Carbon H -10-2-Ca 

 

 Uranium H – 10-2-Ca 

 
 

Figure 14. The elemental mapping scans reveal significant overlap between C and U on the iron 

foil surfaces. 

The observed SEM-EDX elemental mapping results indicate that U precipitated on carbonate-rich 

regions of the iron foil surface, likely associated with carbonate-containing green rust corrosion 

products. This observation is consistent with previous studies, where U precipitation has been 

observed on top of green rust [156]. Also, the findings from this study are in agreement with the 

work of O´Loughlin, which shows that green rust can facilitate the reductive formation of UO2 

nanoparticles [184]. 

5.2.2. XPS Surface analysis results 

XPS measurements were carried out on the iron foils containing U precipitates to evaluate the 

surface characteristics following exposure to the uranyl-containing synthetic groundwaters. The 

analysis focuses on the core levels of U4f7/2, U4f5/2, and Fe2p3/2. Due to the relatively low U 

concentrations in these experiments, the XPS spectra exhibited weak signal intensity and 

noticeable background noise. The U4f7/2 and U4f5/2  spectra from experiments E-H are presented 

in Fig.15, with all peaks showing  a full width at half maximum (FWHM) close to 1.8 eV, 

corresponding to  a single oxidation state [185, 186]. The observed U peak position corresponds 

to U in a lower oxidation state. 

The U4f7/2 peaks observed in experiments E–H exhibit binding energies consistent with U(IV), 

centered around 380.0 ± 0.2 eV, indicating that U associated with the iron foils is in the reduced 

tetravalent state. The corresponding satellite shifts are generally consistent with those expected for 

U(IV), with an energy separation of ~ 6.9 ± 0.5 eV. Although some satellite shifts appear slightly 

lower than the typical range, this does not indicate the presence of U(V), as U(V) species would 

be characterized by satellites at higher binding energies. 

The Fe2p3/2 peaks of the iron foils were also analyzed and deconvoluted into contributions from t 

Fe(0), Fe(II)oct, Fe(III)oct, Fe(III)tet, Fe(II)sat and Fe(III)sat for experiment batches E-H and I-L. The 

corresponding Fe(III)/Fe(II) ratios derived from the Fe2p3/2 peaks range from 0.98-1.27 for batches 

E-H and from 0.96-1.54 for batches I-L. Detailed peak deconvolution and Fe(III)/Fe(II) ratios for 

the iron foils from the different experimental batches are reported in the published article 

associated with this thesis. 
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Figure 15. XPS analysis of the U4f7/2 and U4f5/2 peaks along with their corresponding satellite 

features, for experiment series E-H. 

5.3. Uranyl speciation calculations and kinetics of U(VI) reduction  

The speciation of uranyl in synthetic groundwaters under 400 ppm and 3000 ppm CO2 in Ar 

atmospheres was modelled using PHREEQC [187], using the Lawrence Livermore database, with 

the addition of Ca- uranyl complexes from the NEA TDB database [16] and including the redox -

active element Rx and Inert elements Ip and Im [188]. In all Ca-containing groundwaters under a 

CO2 partial pressure of 400 ppm and 3000 ppm, the Ca2UO2(CO3)3 complex is the predominant 

species. As presented in Table 5, Ca-uranyl-carbonato complexes constitute approximately 90 % 

of the dissolved U in groundwater 01D at 400 ppm CO2, decreasing to 56.5 % at 3000 ppm CO2. 

In synthetic groundwater 02A, these complexes dominate uranyl speciation to an even greater 

extent, accounting for nearly 99.7 % of total U under both 400 ppm and 3000 ppm CO2 conditions. 

The removal of U(VI) by corroding metallic iron followed pseudo-first-order kinetics, as indicated 

by a linear relationship between ln (Ct /C0) versus reaction time. The reaction rates were determined 

from the initial stages of the experiments (5-6 data points) using linear regression. Notably, 

experiments A and B, which contained higher Fe concentrations, did not enhance the reduction 

kinetics, suggesting that the increased Fe concentrations did not influence kinetics but rather 

affected the final equilibrium conditions. Similarly, elevated CO2 pressure increased Fe dissolution 

at equilibrium but had no significant effect on the early-stage reaction kinetics. 
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Table 5. Modelled major uranyl species using PHREEQE C in the 400 ppm and 3000 ppm CO2 

atmosphere experiments. 

400 ppm CO2   01D 02A 10-2 10-2-Ca 

Ca2UO2(CO3)3    87.60% 95.39% 0.00% 48.08% 

CaUO2(CO3)3
2-   1.88% 4.28% 0.00% 43.43% 

UO2(OH)2   5.75% 0.00% 3.56% 0.31% 

UO2(CO3)2
2-   2.17% 0.01% 68.09% 5.88% 

UO2CO3   2.09% - 1.09% 0.09% 

UO2(CO3)3
4-   - 0.31% 24.51% 2.21% 

 

3000 ppm CO2 01D 02A 10-2 10-2-Ca 

Ca2UO2(CO3)3  55.34% 95.39% - 32.06% 

CaUO2(CO3)3
2 1.19% 4.27% - 28.75% 

UO2CO3 17.06% - 9.85% 3.90% 

UO2(OH)2 7.18% 0.00% 4.09% 1.64% 

UO2(CO3)2
2- 4.94% 0.02% 78.83% 31.56% 

(UO2)2CO3(OH)3
- 1.75% - 3.43% 0.56% 

     

 

The presence of Ca-uranyl-carbonato complexes was found to slightly decrease the reduction rate 

of U(VI) compared to Ca-free groundwater systems. Under high CO2 conditions (3000 ppm), the 

reduction rate in Ca-free solutions was approximately 1.8 times higher than in Ca-containing 

groundwater, where Ca-uranyl-carbonato complexes dominate the aqueous speciation. However, 

these differences remain relatively small.  

Overall, the results indicate that oxygen scavenging efficiency plays a more significant role in 

controlling the reduction kinetics than Ca complexation. Under lower CO2 conditions (400 ppm), 

the highest reduction rates were observed, both in the presence and absence of Ca. Nevertheless, 

the presence of Ca consistently led to a modest decrease in reduction rates, typically by a factor of 

1.2–1.6. 

5.4. Leaching of unirradiated MOX fuel in the presence of metallic iron and its corrosion 

products (paper III and V) 

 5.4.1 Forsmark groundwater chemistry (pH and Eh for all leaching experiments) 

 

In the leaching study of the MOX fuel pellet (10% Pu) in synthetic Forsmark groundwater in the 

presence of metallic iron, the solution pH was monitored prior to and following the addition of the 

MOX fuel pellet. Throughout the leaching experiment, the pH remained stable within the range of 

6.9 (± 0.1) to 7.2 (± 0.1), with no significant pH change observed. Redox potential (Eh) 

measurements were performed on aliquots collected near the conclusion of the MOX dissolution 

experiment, yielding values between −30 and −40 mV /SHE. For the concentrations of the 
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groundwater composition, only slight decreases in the concentrations were observed (mainly Ca), 

which can be attributed to the relatively high solution-to-solid ratio used in the experiment. 

In the leaching test in the presence of magnetite, the pH showed similar behaviour, decreasing 

slightly from 7.2 (± 0.1) to 7.1 (± 0.1) throughout the duration of the leaching experiment. Eh 

measurements conducted at the beginning and towards the end of the experiments ranged between 

-178 and -162 mV/SHE (first two sampling points), and in subsequent measurements (final five 

sampling points), Eh increased to values between −30 and −22 mV/SHE.  While in the leaching 

test in the presence of chukanovite, Eh ranged from -102 and −106 mV/SHE (first three sampling 

points), towards the end of the experiments, it read - 116mV/SHE. 

The pH of the solution varied between 7.2 (±0.1) and 7.6 (±0.1), showing a gradual increase 

throughout the leaching experiment. This rise in pH can be attributed to the release of carbonate 

species from chukanovite, which likely resulted in higher pH values compared to those observed 

in similar leaching systems containing magnetite. In general, fluctuations in Eh were observed 

across all measurements in the presence of metallic iron, magnetite, and chukanovite, but they all 

correspond to reducing conditions.  

5.4.2. Evolution of U and Pu concentrations in simulated groundwater solutions in the 

presence and absence of metallic iron (paper III) 

 

The measured dissolved concentrations of both U and Pu in the leaching tests carried out in the 

presence and absence of metallic iron are shown in Fig.16.  Both U and Pu serve as indicators of 

the oxidative dissolution of the MOX fuel pellet. Leaching test carried out under simulated 

Forsmark groundwater in the presence of metallic iron shows that uranium concentrations 

decreased gradually from 0.7 µg/L (2.9 × 10-9 M) at the start of the experiment to 0.3 µg /L ( 

1.3 × 10-9 M) after 240 days of the leaching experiment. This concentration remains stable until 

the end of the leaching experiment (407 days) , which implies that a steady-state concentration was 

reached. The measured Pu concentrations were below the detection limits of the ICP-MS 

instrument except for a few initial data points, which correspond to very low Pu concentration data 

(see Fig. 16). Also, the measured activities of Pu were below the detection limits of the alpha 

spectrophotometer (0.1 Bq/mL) 

 

In contrast, in the leaching test carried out under carbonated solution (10 mM NaCl, 2 mM 

NaHCO3) in the absence of metallic iron, the  U concentrations steadily increased throughout the 

experiment, indicating continuous oxidative dissolution of the MOX pellet. The concentration of 

Pu could only be measured for the first two sampling points, which is approximately 2 x 10-8M, 

and decreased later below the detection limit of the instrument.H2O2, a key oxidative species, was 

measured using the Ghormley method, and the measured concentration was above the detection 

limit 2 × 10-6 M after ~164 days and reached a steady state concentration of  ~2.6 × 10-5 M after 

297 days.  The release rate of U was minimal during the first 20 days of the leaching test, and 

between 30-40 days, the release rate reached a steady value of about 2.4 X 10-7 mol.d-1. The 

significant production of H2O2 induced by the strong α-radiation from the MOX pellet promotes 

the oxidation of U(IV) to U(VI), which is then released in solution as uranyl carbonate complexes. 
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Figure 16. Evolution of U and Pu concentrations in solutions during leaching of the 10% Pu MOX 

pellet under Ar in 10-2 solution (10 mM NaCl, 2 mM NaHCO3 ) and in Forsmark groundwater in 

the presence of Fe(s). 

The low initial U concentration (leaching test in the presence of iron) indicates that the pre-

oxidized surface layer of the MOX pellet was effectively minimized, preventing a higher measured 

concentration of U. The persistently low and slightly decreasing U concentrations throughout the 

experiment demonstrate the strong influence of groundwater chemistry and metallic iron in 

maintaining reducing conditions. The similar U concentrations measured in filtered and 

ultrafiltered samples collected after 315 days suggest that colloid formation was unlikely. The 

measured U concentrations were consistent with the lower solubility limit of amorphous UO2 [16], 

indicating that U remained predominantly in the reduced oxidation state U(IV). 

Dissolved Fe(II) and H2 generated in the system acted as reducing agents, thereby suppressing or 

inhibiting the oxidative dissolution of the MOX fuel pellet despite potential alpha-radiolytic 

production of oxidants such as H2O2.  

Pu concentrations were below the detection limit of alpha spectrometry and remained very low by 

ICP-MS, although slightly higher than the reported solubility of amorphous PuO2 [16]. These 

concentrations are comparable to previously reported values for reductive dissolution of PuO2 in 

the presence of Fe(II) [189]. Thermodynamically, Fe(II) can reduce Pu(IV) to Pu(III), and the 

formation of Fe(OH)3(s) through radiolytic oxidation of Fe(II) likely provided sorption sites for 

Pu, contributing to the observed decrease in dissolved Pu concentrations over time. 

 

5.4.3. Evolution of Fe and H2 in the leaching test in the presence of metallic iron  

Fe(II) concentrations in solution were monitored over time initially by ICP-OES and ICP-MS after 

introducing the MOX pellet (Fig. 17). Initially, Fe(II) increased almost linearly, reflecting the 

anoxic corrosion of metallic iron in the synthetic groundwater, which produces Fe(II) and H2. After 

101 days, the autoclave was opened in an Ar- filled glove bag. The introduction of the MOX pellet 

caused a slight decrease in Fe(II) due to minor O2 ingress during handling. Afterwards, the Fe(II) 

starts to increase almost linearly again. After approximately 200 days, the dissolved Fe 
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concentration stabilizes and reaches a plateau at around 50 mg/L. This stabilization suggests the 

precipitation of a secondary iron phase with relatively high solubility. High Fe(II) concentrations 

have been shown in previous comparable studies to inhibit the oxidative dissolution of fuel 

[92,135]. During the initial 101 days (pre-corrosion phase), H2 production increased gradually, 

with an average rate of 7.2 × 10-5 mol H2.day-1. Following the introduction of the MOX fuel pellet, 

H2 generation continued over the 508-day leaching period. The average production rate increased 

slightly to 8.6 × 10-5 mol H2.day-1. This rate is consistent with previously reported values for 

similar systems involving spent fuel and iron powder [18]. 

 

 

Figure 17: Evolution of dissolved Fe concentration in solution during leaching of the MOX pellet 

in Forsmark synthetic groundwater. 

The results of the leaching test in the presence of metallic iron demonstrate that the presence of 

Fe(II) and H2 produced during the anoxic corrosion of the metallic iron strongly suppresses MOX 

pellet dissolution by maintaining reducing conditions, which inhibit both U and Pu release.  In the 

absence of metallic iron, oxidative species such as H2O2 build up, driving continuous U dissolution 

in the carbonated solution. This highlights the critical role of iron corrosion in controlling U(VI) 

mobility under near-neutral groundwater conditions. 

 

5.4.4. Analysis of the distribution of U in aqueous solution and sorbed/precipitated on solid 

surfaces  

At the end of the leaching experiment in the presence of metallic iron, the distribution of U among 

different system components was assessed (Fig.18). Only 1.2 % of the released U (0.14 µg) 

remained in solution, while 4.9 % (0.58 µg) was associated with the iron foils and 10.4 % (1.24 µg) 

sorbed or precipitated on the quartz beaker insert. The majority, 83.5 % (9.91 µg), was retained on 
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the iron powder, which had the largest surface area in contact with the solution. Overall, 11.9 µg 

of U was mobilized over more than one year. These results show that U(IV) was mainly sorbed on 

the different surfaces. 

 

 Figure 18: Uranium quantification among different system components. 

5.5. Solid characterization of the leached MOX pellet in the presence of metallic iron  

5.5.1. SEM analysis of the leached MOX pellet in the presence of metallic iron 

At the conclusion of the leaching experiment, the MOX pellet was removed from the leaching 

solution, and the surface of the leached MOX fuel pellet was entirely covered with a red, granular-

shaped precipitate several micrometers thick (see Fig. 19). 
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Figure 19. SEM micrographs of the leached MOX pellet in synthetic Forsmark groundwater in 

the presence of iron, with the top left image showing the pellet when it was removed from the 

leaching solution. 

The EDX analyses and elemental mapping of the precipitates formed on the surface of the MOX 

pellet were carried out by gently pressing Kapton tape onto the surface of the pellet and 

subsequently analyzing the powder attached to the tape. The corresponding EDX spectrum and 

elemental distribution maps are presented in Fig. 20. The EDX results ( from the average of EDX 

analyses performed on 8-10 different spots on each micrograph analyzed) identify Fe and O as the 

dominant elements in the formed phases. Minor amounts of Si, C, Ca, Na, S, Cl, and Mn were also 

detected, which most likely originate from residual salts following evaporation of the synthetic 

groundwater. No U signal was detected in any of the acquired spectra. 
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Figure 20. Elemental mapping and SEM-EDX analyses of the precipitates formed on the leached 

MOX pellet surface. 

The SEM-EDX results indicate that the precipitates are primarily composed of Fe-containing 

compounds,  formed at the fuel- water interface as a result of Fe(II) oxidation to Fe(III). Earlier 

studies on alpha-doped UO2 pellet have similarly reported the formation of iron hydroxide phases 

such as akageneite (β-FeOOH) on the surface of leached MOX pellet in the presence of iron 

[92,135]. 

5.5.2. Powder XRD analysis of the red deposit on the MOX pellet surface 

X-ray diffraction (XRD) analysis of the red precipitate from the corroded MOX pellet was 

conducted to determine its structural phase. The diffractogram exhibited broad and not well-

defined peaks, as shown in Fig. 21, indicating that the precipitate is mainly amorphous. Although 

the presence of minor micro-crystallinity cannot be ruled out, no well-defined crystalline phases 

could be conclusively identified. Comparison of the diffraction pattern with entries in the ICDD 

database matches some peaks with several Fe(III) oxide phases, including lepidocrocite, goethite, 

akaganeite, hematite, and maghemite. However, due to the lack of distinct diffraction peaks, 

definitive phase identification was not possible, supporting the conclusion that the precipitate 

mainly consists of poorly crystalline or amorphous Fe(III) oxide phases. 

 

.  

Figure 21. XRD patterns of the red deposit or precipitates formed on the surface of the leached 

MOX pellet. The sharper peaks originate from the Kapton tape and sample holder. 
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5.5.3. Raman spectroscopy analysis of the precipitates on the surface of the MOX pellet in 

the presence of metallic iron 

Raman spectroscopy was performed on the precipitate formed on the MOX pellet surface to 

determine the nature of the precipitates formed. The spectra, obtained from six different spots (Fig. 

22), closely match the reference spectrum of akageneite (β-FeOOH), with characteristic peaks at 

303, 392, 714, and 1392 cm⁻¹, consistent with previous studies [92, 135, 190]. Additional features 

indicate similarity to lepidocrocite [191]. Overall, the results suggest that the precipitates are 

composed of various Fe(III) oxides, including akageneite, lepidocrocite, and goethite, formed 

through oxidation of Fe(II) to Fe(III) by H2O2 and other radiolytic oxidants. 

 

Figure 22. Raman spectra of the precipitates found on the leached MOX pellet. 

5.5.4. SEM-EDX analyses on the corroded iron foils 

The microstructure and elemental composition of the iron foils were also examined using SEM-

EDX following completion of the autoclave leaching experiment. Representative micrographs of 

the corroded iron foil surfaces, acquired from different regions and at varying magnifications, are 

presented in Fig. 23. The micrographs indicate that the iron foils corroded, resulting in the 

formation of multiple distinct phases. Additionally, the deposition of precipitate particles ranging 

from nm to µm scale was observed on the corroded iron foil surfaces. 
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Figure 23 (a-d). SEM- micrographs of the corroded iron foils at different magnifications. 

EDX analysis was conducted on multiple regions of the corroded iron foil surfaces, with each 

micrograph evaluated by averaging measurements from approximately 8–10 distinct spots. The 

compositional analysis indicates that the precipitated phases are predominantly composed of Fe ( 

85–90 at.%), while the remaining 10–15 at.% consists mainly of O2, Si, Ca, Cl, and  C. Trace 

amounts of Mn, Na, and Mo were also detected, which are most likely attributable to the 

evaporation of residual groundwater. The corresponding elemental distributions are presented in 

Fig. 24.Among the total of 82 EDX measurements acquired from different surface areas, U was 

detected in only a single micrograph, at a concentration of  1 at.%. In this case, U was found in 

association with elements characteristic of the groundwater matrix, including Si, S, Fe, Cl, O2, and 

Mo. This observation can be due to the drying of the leachate solution containing dissolved U(IV) 

species along with groundwater components. 

 

Figure 24. SEM-EDX spectrum on the corroded iron foils.  

Elemental mapping was additionally performed on the corroded iron foils across multiple surface 

regions, covering a total of 13 distinct mapped areas. The mapping results consistently indicate 

the presence of Fe, O, Ca, and Si as the dominant elements. A representative full-area elemental 

map of the corroded iron surface is presented in Fig. 25. 
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Figure 25. Mapping of the corroded iron foils.  

Based on the SEM-EDX results, the formation of iron corrosion phases such as Fe(II) hydroxides 

and Fe(II) hydroxy-carbonates, in addition to calcite, is considered most likely to form. It should 

be noted that light elements such as H2 and C, and O2, are not easily quantified and detectable by 

EDX due to their low atomic numbers. 

5.5.5. Raman spectroscopy analyses the corroded iron foils. 

The Raman spectra collected from precipitates formed on the corroded iron surfaces are 

characterized by the  Raman shifts in the ranges 1084-1086 cm-1 and 713-716 cm-1, along with a 

less intense peak at approximately 277-280 cm-1 and 154-55 cm-1. These peaks correspond well 

with reported reference spectra for ankerite (CaFe(II)(CO3)2), as reported in the literature [92, 192] 

and in the RRUFF mineral database (ID: R050197).In some spots, the recorded spectra display 

similarities to calcite (CaCO3), particularly with respect to the characteristic bands near 280 and 

1086 cm⁻¹, consistent with reference data from the RRUFF database (ID: R050127). Additionally, 

some morphological features observed in Fig. 23c and 23d exhibit close resemblance to 

chukanovite, however, these specific areas were difficult to relocate and analyze using the Raman 

microscope. 

 

Figure 26. Raman spectra of the precipitates found on the surface of the corroded iron foils. 
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In summary, the combined results from the SEM-EDX analysis and Raman measurements indicate 

that the precipitate phases formed on the corroded iron foil surfaces are most likely to be ankerite, 

chukanovite, and /or calcite, while the formation of cronstedtite cannot be ruled out. 

5.6. Leaching results in the presence of magnetite and chukanovite (paper V) 

5.6.1 Evolution of the concentrations of U, Pu, and Fe during the leaching test in the 

presence of magnetite 

The concentrations of U, Pu, and Fe were measured during the leaching of a MOX pellet in 

synthetic Forsmark groundwater in the presence of magnetite (Fe3O4). The experiment was carried 

out under an Ar atmosphere to maintain anoxic conditions. Dissolved concentrations of U and Pu 

were quantified using ICP-MS and were monitored throughout the experiment to evaluate the 

oxidative dissolution behavior of the MOX fuel pellet.  

As illustrated in the Fig. 27, the measured U concentration increased from 2 x 10-8 M to 4 x10-6 

during the first 50 days of leaching. Beyond this period, the rate of increase declined significantly, 

approaching a steady-state concentration toward the end of the 250-day experiment. Pu exhibited 

a similar trend to U, with an initial increase in concentration followed by a slower increase at later 

stages. The dissolved Fe concentration decreases over time from an initial value of 4 x 10-5 M at 

start to 4 x 10-6 M after 40 days, and declines further after 159 days.  

These results indicate that the Fe(II) concentrations generated from Fe3O4 in equilibrium with 

Forsmark groundwater were insufficient to mitigate the strong alpha radiation field of the 

unirradiated MOX fuel pellet. Radiolytic processes promoted oxidative dissolution of the fuel 

matrix, leading to the formation of U(VI) and its subsequent release into solution, likely as aqueous 

uranyl-carbonate complexes. The relatively low Fe(II) levels suggest that the reducing front did 

not effectively propagate to the pellet surface.  

Post-leaching characterization of the MOX fuel pellet did not detect Fe(III) secondary phases 

instead, only NaCl crystals were observed, attributed to evaporation of the residual solution. 

Comparing the results with analogous experiments conducted on  SNF [18], the increase in U 

concentration observed in this study was less pronounced when compared with a similar 

experiment using SNF. This difference is likely related to the absence of gamma radiation in the 

present system, which may have resulted in slower oxidation and consumption of Fe(II) in the bulk 

solution relative to experiments involving irradiated fuel. 
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Figure 27. Evolution of U, Pu, and Fe concentrations in solution during leaching of the 10% Pu 

MOX pellet under Ar in Forsmark groundwater in the presence of magnetite  

5.6.2. Solution of the concentrations of U, Pu, and Fe during the leaching test in the 

presence of chukanovite 

The evolution of the total concentrations of U, Pu, and Fe during the leaching of the MOX pellet 

under an Ar atmosphere in the presence of synthesized chukanovite is presented in Fig. 28 as a 

function of leaching time. The uranium concentrations remain low, in the range of 2 x10-9 M to 

4x10-9 M, with only a slight decrease in concentration was observed over the duration of the 

experiment. No increase in the U concentrations, which could arise from its oxidative dissolution 

induced by the strong alpha radiation field of the MOX pellet, is observed. Instead, the results are 

quite similar to those observed during the leaching of the same MOX pellet under Ar in the 

presence of metallic iron [114].  

The suppression of U oxidation can be attributed to the relatively high Fe(II) concentration 

established through equilibration between Forsmark groundwater and chukanovite. These 

reducing conditions effectively inhibit the oxidative effects or dissolution generated by the high 

alpha field of the MOX pellet. Pu concentrations are slightly higher than the solubility limit of 

PuO2(am, hyd) reported as 10-10.4 M in [172]. Nevertheless, under the prevailing high Fe(II), the 

concentrations of Pu are quite similar to those reported in [189] for the reductive dissolution of 

PuO2(am, hyd) in the presence of 1 mM Fe(II) in solution. The Fe(II) concentration remains 

essentially constant throughout the experiment. This steady-state behavior indicates that Fe(II) 

consumed by oxidizing species produced via alpha radiolysis (mainly H2O2) is continuously 

replenished through equilibrium with chukanovite. 
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Figure 28. Evolution of U, Pu and Fe concentrations in solutions during leaching of the 10% Pu 

MOX pellet under Ar in Forsmark groundwater in the presence of chukanovite. 

5.6.3 Analysis of the distribution of U and Pu in aqueous solution and sorbed/precipitated on 

solid surfaces in both the leaching test with magnetite and chukanovite 

At the end of the leaching experiment in the presence of magnetite, the distribution of released U 

and Pu among the different system components was quantified. U was found predominantly in the 

aqueous phase, accounting for 86.2% of the total amount released (698.9 µg). A smaller fraction 

was associated with the quartz beaker insert (1.7%, 13.8 µg), while 12.3% (99.7 µg) was retained 

on magnetite surfaces. The limited retention on magnetite is consistent with the relatively weak 

sorption affinity of oxidized U species, particularly U(VI) carbonate complexes. In the case of Pu,  

~ 47.5% (19.9 µg) was associated with the quartz insert surfaces, while 48.7% (20.4 µg) remained 

dissolved in solution. Only a minor fraction, 3.7% (1.6 µg), was sorbed onto magnetite. 

The distribution of U and Pu released during the leaching of MOX fuel in the presence of 

chukanovite was also quantified. A total concentration of 9.86 µg for U and 2.03 µg for Pu was 

released during the entire leaching test. U was predominantly associated with chukanovite, 

accounting ~ 70% of the total released mass, while 26.7% was found sorbed on the surface of the 

glass vessel insert and only 3.3% remained in solution. Pu exhibited markedly different behaviour, 

with majority (~96%) sorbed onto the glass vessel insert surfaces, 3.6% was sorbed onto 

chukanovite, and less than 0.5%  was detected in the aqueous phase. 
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Figure 29: U and Pu partitioning among the solution, sorbed on the quartz glass beaker insert, 

and sorbed on the magnetite (left) and chukanovite (right) at the end of the leaching experiment. 

5.7. Solid characterization of the leached MOX pellet in the presence of magnetite and 

chukanovite  

5.7.1. Results of powder X-ray diffraction for magnetite (P-XRD) 

The solid magnetite used in the leaching experiment was characterized by P- XRD, as shown in 

Fig. 30. The obtained diffractogram displays a narrow, distinct, and sharp peak, indicative of well-

crystallized phases. Comparison of the XRD pattern with reference data from the ICDD database 

confirmed that the observed peaks correspond to the expected crystallographic features of 

magnetite. 

 

 Figure 30: P- XRD measurement of the magnetite used during the autoclave leaching experiment. 

5.7.2 FT-IR and Raman spectroscopy results of the synthesized chukanovite  

The FTIR spectra of solids synthesized display dominant absorption bands at 3482, 3323, 1520, 

1364, and 838 cm⁻¹, corresponding to hydroxyl and carbonate vibrational modes typical of Fe(II) 
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hydroxycarbonates [193]. No bands characteristic of Fe(OH)2 (3624 cm⁻¹), siderite (1415 cm⁻¹), 

or Fe(III) phases such as lepidocrocite and goethite were observed [194, 195]. The spectra show 

three main regions: O–H stretching (~3482 and 3315 cm-1), antisymmetric carbonate stretching 

(1520–1357 cm-1), and out-of-plane carbonate bending (~838 cm-1), the latter being characteristic 

of chukanovite [193]. Despite weaker O–H features, the presence of both hydroxyl and carbonate 

groups supports the identification of chukanovite as the predominant phase. Raman spectroscopy 

was performed on the synthesized solid precipitates to determine their nature. The recorded spectra 

(Fig. 31), collected from multiple surface locations, were in good agreement with reference spectra 

of chukanovite reported by Remazeilles and Refait [193].In particular, the prominent Raman band 

at approximately 1078 cm⁻¹ is consistent with the characteristic peak of chukanovite [92, 193]. 

  

Figure 31: (a) FT-IR spectra, (b) Raman spectra of the synthesized solid chukanovite precipitates  

5.7.3 SEM-EDX analysis of the leached MOX fuel pellet in the presence of magnetite 

The surface of the MOX pellet after a 245-day leaching experiment in the presence of magnetite 

was examined at test termination. Visual inspection shows the formation of small precipitates on 

the pellet surface as observed in Fig 32.  

The surface morphology and elemental composition were further characterized using SEM-

EDX.SEM micrographs of the corroded MOX pellet, leached in synthetic Forsmark groundwater, 

were obtained with a Hitachi TM 3000 tabletop SEM housed within the glove box. Small deposits 

or precipitates can be observed on the surface of the MOX pellet. EDX elemental analysis shown 

in Fig.34, indicates that the surface precipitates are primarily composed of Na and Cl, likely 

resulting from the evaporation of the synthetic groundwater. 
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Figure 32. Visual inspection of the corroded MOX pellet and leached magnetite when extracted 

from the autoclave. 

 

 Figure 33: SEM micrographs of the corroded MOX fuel pellet in the presence of magnetite. 

 

Figure 34: SEM-EDX analysis of the precipitates formed on the surface of the leached MOX 

pellet in the presence of magnetite. 

5.7.4. SEM-EDX analysis of the leached MOX pellet in the presence of chukanovite 

The surface of the MOX pellet was characterized by SEM-EDX at the end of the leaching test in 

the presence of chukanovite. Fig. 35 reveals that the pellet surface was entirely covered by reddish 
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precipitates formed during the leaching process. SEM micrographs show that the surface layer 

consists of a few micro- to nanoscale precipitates with a granular morphology. 

Elemental analysis by EDX indicates that the surface deposits are mainly composed of Fe and O2, 

with no detectable U in the analyzed regions. These observations suggest that the secondary phases 

mainly consist of iron-bearing compounds formed at the fuel-water interface, likely as a result of 

Fe(II) oxidation to Fe(III). Comparable investigations of MOX fuel in contact with metallic iron 

have reported the precipitation of iron oxyhydroxide phases, such as akageneite (β-FeOOH), on 

the leached MOX fuel surface [114]. 

 

 

Figure 35. Visual inspection of the corroded MOX pellet and leached chukanovite when extracted 

from the autoclave at the end of the experiment. 
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Figure 36. SEM micrographs of the leached MOX pellet in synthetic Forsmark groundwater in 

the presence of chukanovite. 

 

Figure 37.  EDX analyses the precipitates formed on the leached MOX pellet surface in the 

presence of chukanovite. 

5.8.  U-Ce Coprecipitation results (paper II) 

To determine whether equilibrium has been reached between the aqueous and solid phases, to 

identify the nature of solid solutions formed, and to develop accurate interpretations of the 

solubility data. Data obtained from both liquid and solid characterizations were analyzed. The 

findings are discussed below. 

5.8.1.  U concentrations in equilibrium with the Ce0.01U0.99 co-precipitate solid 

The behavior of U in equilibrium with the coprecipitated solid containing 1% mole fraction of Ce 

(Ce0.01U0.99) is expected to be quite similar to that of the amorphous UO2(s). Fig. 38 compares the 

U concentration data at 30 days with literature solubility measurement data of UO2(am) in 1 M 

NaCl [195, 196].  In the –log[H+] range of 2-4, the U concentration data are quite similar to those 

observed in the studies of Rai and coworkers [196,197], where U concentrations decrease by 

approximately three orders of magnitude for each pH unit increase in –log[H⁺]. The dominant 

hydrolysis species in this interval is the first hydrolysis complex U(OH)3+, which is consistent with 
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several previous studies on UO2(am) solubility. The corresponding equilibrium reaction for 

UO2(am) with solution in this pH range  is: 

UO2(am) + 3 H+ ⇌ U(OH)3+ + H2O(l) (46) 

*Ks3 = [U(OH)3+] [H+]-3         (47) 

At higher –log[H⁺]  values >4, the measured U concentrations for the Ce0.01U0.99 containing solids 

are consistent with the lower solubility limit of reported for UO2(am) in this –log [H+]  range 

(Grenthe and coworker, log [U] = –8.5±1) [16] and with U concentrations from spent fuel leaching 

tests around pH 8 [18, 207, 208]. The equilibrium reaction is written as : 

UO2(am) + 2 H2O ⇌ U(OH)4(aq)        log K0
s,4 = –8.5±1     (48) 

The corresponding equilibrium constant expression is defined in terms of activities as: 

 

log Ks,4 =  {U(OH)4(aq)}    (49) 

  a2w 

The superscripts zero in K0
s,4 indicate that the constant is defined at infinite dilution ( I=0), where 

the activity of water is equal to unity. Under the experimental condition of 1 M NaClO4, the activity 

of water deviates slightly from unity. However, this deviation is small and does not significantly 

affect the value of log Ks,4. The U data corresponds to some of the lowest reported values for 

similar systems, suggesting the absence of U(VI).  
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Figure 38. U concentrations in equilibrium with the Ce0.01U0.99 solid solution at 30 days. The 

dotted line with slope -3 is derived from Figure 5 in Rai and coworkers [196], while the 

horizontal dotted lines represent log[U] = –8.5±1. The data from [196] corresponds to an 

equilibration period of 8-420 days. 
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5.8.2. Ce(III) concentrations in equilibrium with the co-precipitate solids (Ce0.01U0.99 and 

Ce0.10U0.90) 

The measured equilibrium concentrations of Ce(III) in contact with the Ce0.01U0.99 co-precipitate 

are slightly lower than the corresponding U concentrations at –log [H+]  values above 6. While in 

the acidic region (–log [H+] of 2-4 ), the Ce concentration decreases by more than an order of 

magnitude than that of U at the lowest –log [H+] and becomes slightly less as the –log [H+] 

increases. These observations indicate that the presence of pure Ce(OH)3(s) in the solid phase can 

be excluded, as such a phase would dissolve completely under these conditions ( –log [H+] interval 

of 2-4 ), producing Ce concentrations considerably higher than those measured. Moreover, the data 

suggests that the co-precipitate does not behave as an ideal homogeneous solid solution. In an ideal 

solid solution, the Ce concentration in solution would decrease proportionally with its mole 

fraction in the solid (0.01), relative to the solubility of pure Ce(OH)3(s). Instead, the formation of 

a solid solution in which Ce is the minor component appears to influence the measured 

concentration of Ce. Experimental data reported by Kragten and Denkop-Weaver [198] indicate 

that Ce(OH)3(s) in 1 M NaClO4 begins to precipitate at ~ –log [H+]   7 and dissolves completely 

at –log [H+] values below 4 (see Fig. 39). 

At –log[H+] values above 9.9, the solubility of pure Ce(OH)3(s) in 1 M NaClO4 remains constant 

at log [Ce]T = –5.9, reflecting the dominance of the neutral aqueous species Ce(OH)3(aq) in 

solution.  
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Figure 39. Concentrations of Ce and U in equilibrium with Ce0.01U0.99 oxide co-precipitate 

compared with concentrations of Ce in equilibrium with Ce(OH)3(s) (Kragten and Denkop-Weaver 

[198]) at 1 M NaClO4. 
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Figure 40. Concentrations of Ce and U in equilibrium with Ce0.10U0.90 oxide co-precipitate. The 

dotted lines in the basic range indicate the solubility of UO2(s), log[U] = –8.5, and the horizontal 

part of Ce concentrations for the pure oxide and the coprecipitate. 

 5.8.3. Estimation of the activity, activity coefficient, and solid phase composition dependent 

constant Kx from the Co-precipitates solids 

 U and Ce concentrations were evaluated over two pH ranges,  –log[H+] 2.2-3.6 and –log[H+] 6.5-

12.8, corresponding to regions where different aqueous species are expected to dominate, as 

described in the thermodynamic model presented in Section 3.5. 

In the acidic region (–log[H⁺] 2.2–3.6), the dissolution of Ce(OH)3(s) is governed primarily by the 

reaction below: 

Ce(OH)3(s) + 3 H+ ⇌ Ce3+ + 3 H2O(l) (50) 

 Within this pH range, the formation of hydrolyzed Ce(III) species is not expected to exist. By 

considering the thermodynamic equilibrium constant, the concentration of Ce in equilibrium with 

the co-precipitate,  the constant activity coefficients, and the activity of water in 1 M NaClO4 into 

the conditional constant *Ks0, we have : 

log [Ce3+] = log *Ks0 – 3(–log[H+]) + log 𝑎𝐶𝑒(𝑂𝐻)3(𝑠)
  (51) 

where the conditional solubility product ( Ce(OH)3(s) in 1 M NaClO4 was reported  as log *Ks0 = 

20.1  by Kragten and Dencop-Weaver [198]. 

As discussed in Section 3.5, the composition-dependent parameter Kx can be estimated by fitting 

the experimental log[Ce3+] data in the acidic region to a linear relationship with a fixed slope of –

3 and extrapolating to –log[H⁺] = 0, based on the relation: 
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log [Ce3+] = log Kx – 3(–log[H+]) (52) 

Although hydrolyzed species such as Ce(OH)2+ are not expected to form under these conditions, 

the experimental data exhibit a slope closer to –2 than –3. This deviation is likely related to the 

difficulty of describing the solubility of a phase that is thermodynamically unstable in this pH 

range. To obtain a reasonable estimate of Kx, lines with a fixed slope of -3 were constructed 

through individual data points, and the corresponding intercepts were used to calculate Kx.These 

results are summarized in Table 6. 

 Table 6: Estimates of log Kx, aCe(OH)3(s) and λCe(OH)3(s) derived from data in the –log[H+] range 

2.2-3.6. 

X Ce(OH)3(s) log Kx log aCe(OH)3(s) log λCe(OH)3(s) 

1 20.1 0.00 0.00 

0.1 2.5±0.7 –17.6 ±0.7 –16.6±0.7 

0.01 2.3±0.7 –17.8±0.7 –15.8±0.7 
    

 

The obtained values are approximately 18 orders of magnitude lower than those reported by 

Kragten and Decnop-Weaver [198] for the pH region where Ce(OH)3(s) exists. The activity of 

Ce(OH)3(s) in the solid phase was estimated by subtracting the value of log *Ks0 (20.1) from the 

corresponding log Kx values.  The calculated equilibrium activities are also summarized in Table 

6.  Furthermore, the activity coefficients of the solid phase (λ) were derived from the relationship 

between the  activity and composition  expressed as :   

aCe(OH)3(s) = x λCe(OH)3(s) (53) 

As shown in Table 6,  Kx values exhibit a slight increase with increasing mole fraction x, for the 

composition investigated, suggesting behaviour consistent with a solid solution. For both 

compositions investigated, the equilibrium concentrations of Ce remain consistently lower than 

those of U across the entire pH range. However, these results should be interpreted with caution 

due to the considerable uncertainties associated with determining the conditional solubility product 

of Ce(OH)3(s) from coprecipitated systems in a pH region where the pure solid phase is not stable 

or cannot exist.  

 In the basic region  (–log[H+] 6.5-12.8), assuming that Ce(OH)3(aq) is the dominant species in 

solution, the total dissolved Ce concentration can be expressed as: 

log [Ce]T = log *Ks0 + log *β3           (54) 

where *β3 is the conditional formation constant in 1 M NaClO4 corresponding to the equilibrium: 

Ce3+ + 3 H2O(l) ⇌ Ce(OH)3(aq) + 3 H+               (55) 

Under these conditions, the equilibrium expression becomes: 

log [Ce] = log Kx + log *β3         (56) 

 By using the value log *β3 = –26 reported by Kragten and Dencop-Weaver [198],  for 1 M NaClO4, 

the constants corresponding to different Ce mole fractions (log K0.01 and log K0.1) can be 
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determined from the experimentally measured Ce concentrations at high –log[H⁺] values. As 

illustrated in Figs. 39 and 40, at –log[H⁺] > 9.5, the dissolved Ce concentrations are controlled by 

congruent dissolution of the coprecipitate with UO2(s), showing a consistent decrease relative to 

U concentrations. 

Table 7 summarizes the values of Kx derived from Ce concentrations in equilibrium with the co-

precipitates at –log[H⁺] > 9.5, together with the corresponding activities and activity coefficients 

(𝜆) of Ce(OH)3 in the solid phase. As shown in Figs. 39 and 40, the horizontal part in Ce(III) 

concentrations extends into the intermediate pH range (–log[H⁺] ≈ 6–9.5), even though the 

solubility of pure Ce(OH)3(s) increases steeply in this region due to the formation of aqueous 

species such as Ce3+ and its hydrolyzed complexes. This behaviour provides further evidence that 

the release of Ce(III) from the co-precipitate is not governed by the intrinsic solubility of 

Ce(OH)3(s), but is instead controlled by the release of the U. 

Table 7. Values of log Kx, aCe(OH)3(s) and λCe(OH)3(s) estimated from data –log [H+] > 9.5. 

XCe(OH)3
 log Kx log aCe(OH)3(s) log λCe(OH)3(s) 

1 20.1 0.00 0.00 

0.1 16.5 –3.6 –2.6 

0.01 16.3 –3.8 –1.8 

 

As presented in Table 7, the Kxvalues show a slight increase with increasing mole fraction 𝑥 for 

the compositions investigated. The corresponding activity coefficients of Ce(OH)3 in the co-

precipitate are negative and significantly lower than unity, suggesting highly favorable mixing 

within the solid phase. The solubility and hydrolysis data reported by Kragten and Decnop-Weaver  

[198] were employed in the present analysis, as they remain the only available dataset for Ce(III) 

in 1 M NaClO4 under conditions comparable to this study. In particular, their experiments involved 

freshly precipitated Ce(OH)3(s) equilibrated over time periods ranging from one week to one 

month, which is consistent with the equilibration conditions of the co-precipitates investigated 

here. 

To enable comparison with more recent studies on lanthanide hydrolysis, these data were 

extrapolated to zero ionic strength using the Specific Ion Interaction Theory (SIT). This 

extrapolation yielded a solubility product of log Ks,0
0 = 18.8 and a hydrolysis constant for 

Ce(OH)3(aq) of log β3
0= –24.7. These values are in good agreement with those reported in more 

recent literature, supporting the reliability of the older data [199, 200]. Although a comprehensive 

evaluation of Ce(III) hydrolysis was beyond the scope of this work, this comparison provides 

confidence that the thermodynamic data used in the present analysis are appropriate and 

reasonable. 

5.9. Characterization of the U-Ce solid phase  

5.9.1. Total chemical analysis from the U-Ce coprecipitate solids 

The molar ratios of U-Ce in the solid phases were determined before and after equilibration. Small 

amounts of the solids, 30 - 40 mg, were completely dissolved in 2 M HNO3, and the resulting 

solutions were analyzed by ICP-MS to quantify the elemental composition. Similar results were 
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obtained after 30 days of equilibration and after an extended period of 93 days at pH 8.2, as 

summarized in Table 8.   

Table 8. Analytical molar fractions of U and Ce in the initial and equilibrated solids. 

Target composition Before equilibration 93 days of equilibration 

CexU1-x Ce U Ce U 

Ce0.01U0.99 0.01 0.99 0.01 0.99 

Ce0.10 U0.90 0.09 0.90 0.09 0.90 

 

The composition of the solids after equilibration remained essentially unchanged compared with 

the solid before equilibration. The longer equilibration time for the different sets of coprecipitated 

solids was selected to allow comparison with previous studies by Rai and coworkers [201], who 

reported extended equilibration periods for solid-phase characterization relative to the reported 

solubility measurement. 

5.9.2. SEM-EDX results for the U-Ce coprecipitate solids  

The U–Ce solid samples were characterized before and after equilibration using SEM-EDX in 

backscattered electron mode. The micrographs revealed a uniform morphology with no visible 

compositional difference, indicating the absence of regions enriched in either U or Ce. EDX 

analysis of the sample containing 10% Ce (see Fig. 42) showed that U and Ce are homogeneously 

distributed in the coprecipitated solid sample. Initial scans were performed over the entire powder 

on the SEM holder, followed by analyses of areas displaying features such as agglomerates and 

other features. In all analyzed regions, EDX results consistently indicated a uniform distribution 

of U and Ce in the solid. Elemental mapping analysis also confirms the homogenous distribution 

of U and Ce in the solid samples. 

For the sample containing 1% Ce, the Ce concentration was below the detection limit of EDX. The 

absence of compositional heterogeneity and the uniform elemental distribution suggest that the 

solid samples consist of a single solid phase rather than a mixture of separate phases. Similar 

observations were obtained after equilibration, with no additional phases detected and the 

homogeneous distribution of U and Ce preserved (see Fig. 44), supporting the formation of a solid 

solution. 
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Figure 41. SEM micrographs of solid samples before and after equilibration in NaClO4 solutions 

(Ce0.01U0.99 , top figure; Ce0.10U0.90, bottom figure). 

 

Figure 42. SEM micrograph of (Ce0.10U0.90) O2±x solid (center) and SEM-EDX U mapping (left) 

and Ce mapping (right) of the same area. Analysis made before equilibration. 

 

Figure 43. SEM-EDX spectrum of the Ce0.10U0.90 solid. Solid after equilibration, S originates 

from dithionite. 
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Figure 44. SEM micrograph of (Ce0.10U0.90) O2±x solid (center) and SEM-EDX U mapping (left) 

and Ce mapping (right) of the same area. Analysis made after equilibration. 

5.9.3. XRD results for the U- Ce coprecipitate solids 

The X-ray diffraction patterns of the solids collected before and after equilibration show a broad 

and not well-defined peak, as shown in Fig.45. Such diffraction features indicate that the 

precipitated solids are mainly amorphous, although the presence of minor microcrystalline cannot 

be completely excluded. These observations suggest that the solubility-controlling solids are 

primarily amorphous.  

 

Figure 45. XRD pattern of the Ce0.10U0.90 solid before (upper) and after (lower) equilibration. 

The solid co-precipitate samples sintered at 900 °C under reducing conditions exhibited sharp and 

well- defined crystalline narrow peaks for both Ce0.01U0.99 and Ce0.10U0.90 solid compositions, as 

illustrated in Fig.46. The presence of these sharp and narrow peaks indicates the formation of well-

crystallized phases following the high-temperature treatment. 
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Figure 46: XRD pattern of the U-Ce equilibrated solid heated at 900 °C under reducing 

conditions. The upper pattern is for Ce0.10U0.90, while the lower pattern is for Ce0.01U0.99. 

The lattice parameters of the sintered coprecipitated solids were refined using the GSAS-II 

software [202]. The refinement was performed for both Ce0.01U0.99 and for Ce0.10U0.90  solid samples 

obtained after sintering at 900 °C under reducing conditions.  

The lattice parameter of the fluorite-type structure is known to vary systematically with the 

incorporation of actinide or lanthanide cations into the UO2 matrix. The lattice parameter of the 

solid solution is expected to change linearly as a function of the composition of the pure end 

members. 

For the binary mixed oxide systems containing U and Ce, the lattice parameter of the solid solution 

can be related to the mole fraction of the substituting cation according to the empirical relationship 

reported in the literature by Kleykamp [203]: 

𝑎( Ce𝑥U1−𝑥O2) = 4.7127 Å - 0.058 𝑥              (57) 

 As discussed by Kleykamp [203], the lattice parameter of the solid solution contracts when 

compared with the pure UO2 with increasing Ce content. The refined lattice parameters for our 

coprecipitate solids are in good agreement with the expected behavior for the investigated solid 

solution. A linear decrease in the cell parameter with Ce content is observed, as shown in Table 9 

below. 

Table 9: Lattice parameters for the U-Ce solid samples sintered at 900 °C. 

Composition Expected from Eq. (56) a (Å) refined 

UO2.00 -                   - 

 

Ce0.01U0.99 5.4707 5.4709 (1) 

 

Ce0.10 U0.90 5.4655 5.4660 (1) 
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5.9.4. XPS results for the U-Ce coprecipitate solid   

Surface chemical analysis of the U-Ce oxide solids was performed using X-ray photoelectron 

spectroscopy (XPS). For the Ce0.01U0.99 solid, the Ce concentration was below the instrumental 

detection limit (~1.0 at.%), and consequently, no detectable features were observed in the Ce 3d 

spectral region. However, the high-resolution spectrum of the U 4f region (see Fig.48a) exhibits 

characteristic signals of U(IV), including a U 4f₇/₂ peak at approximately 380.5 eV, a spin–orbit 

splitting of about 10.9 eV between the U 4f7/2  and U 4f5/2  components, and the presence of distinct 

satellite features associated with the U(IV) doublet [204, 205].  

The absence of a U 4f7/2 peak at binding energies ≥ 381.0 eV indicates that higher oxidation states 

such as U(VI) are absent, confirming that U is predominantly present as U(IV) in the coprecipitated 

solid sample. 

For the Ce0.10U0.90 solid, the high-resolution Ce 3d spectrum (see Fig. 47) shows two characteristic 

spin–orbit doublets corresponding to the Ce3d5/2 and Ce3d3/2, components, which are consistent 

with the spectrum of Ce(III) [206].  

The U 4f spectrum (see Fig. 48b) similarly shows features indicative of U(IV), with a U 4f7/2  peak 

located at approximately 379.5 eV, a spin-orbit splitting of ~10.9 eV, and clearly resolved satellite 

peaks associated with the U(IV) oxidation state. These results demonstrate that the Ce0.10 U0.90 

solid contains U predominantly in the U(IV) oxidation state together with Ce(III) oxide (Ce2O3). 

 

 Figure 47: High-resolution XPS scans in the Ce3d for the Ce0.10U0.90 solid. 
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Figure 48. High-resolution XPS scans in the U4f region for the (a)Ce0.01U0.99 solid.(b) U4f 

region for the Ce0.10U0.90 solid. 

5.10. Equilibrium distribution between the U-Ce solid and aqueous phase 

At equilibrium between the solid phase and the aqueous phase, the distribution of elements follows 

the Berthelot-Nernst homogeneous distribution law as expressed in Eqn. 57. The plot of the 

normalized concentrations of Ce relative to U concentration has quite some spreads, particularly 

at the low –log [H+] range but consistently indicates that the Ce release from the solid matrix is 

totally controlled by U dissolution and does not vary with time, demonstrating a congruent release 

mechanism. The corresponding distribution factor was calculated according to the Berthelot–

Nernst relationship (McIntire 1963) [207].  

[Ce(III)](s)

[U(IV)](s)
=  D

[Ce(III)](aq)

[U(IV)](aq)
                 (58) 

 The D values were calculated for both compositions and resulted in  D = 0.05 for the 

Ce0.01U0.99 solid and D = 0.27 for the Ce0.1U0.9 solid. 

5.11. Kinetics of solubility equilibria for the U-Ce coprecipitated solids 

The evolution of the U-Ce concentrations in solutions as a function of equilibration time was 

studied to determine whether the system reached equilibrium during solubility experiments. As 

shown in Fig. 49 , the total concentrations of U and Ce in contact with the coprecipitated solids 

remain very similar after 7, 14, 21, and 30 days. Only a slight decrease in concentration over time 

is observed, which is likely due to the aging of the initially amorphous solid phase.  

The observed decrease in concentrations agrees with the typical behavior of amorphous solids, 

where aging can lower the solubility. Therefore, it can be expected that even longer equilibration 

times would lead to a more noticeable decrease in the measured concentrations. Similar 

observations have been reported in previous studies on amorphous UO2-based coprecipitates. For 

instance, Bruno and Sandino [121] observed steady-state U concentrations after ~ 50 hours of 

contact with the solid phase, while Rai and coworkers [201] also reported that equilibrium in 

comparable systems is typically achieved within about three days. Consistent with these literature 

reports, the results from this study indicate that equilibrium between the solution and the freshly 

precipitated solids was attained during the experiments. However, at longer equilibration times, 
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the initially amorphous coprecipitates are expected to gradually transform into more crystalline 

phases, which would result in lower solubilities. 
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Figure 49. Evolution of total U and Ce concentrations during 30 days of equilibration across the 

investigated pH range for the solid containing 1% Ce.  

5.12.  U-Pu-Np coprecipitation results (paper IV) 

To better understand the behaviour of SNF observed during leaching test in the presence of H2 and 

to investigate the potential formation of actinide oxide solid solutions of (U, Pu, and Np) as well 

as the nature of the resulting solid phases formed, precipitation experiments were conducted in 

aqueous solution (0.01 M NaCl) representative of repository conditions. Both aqueous and solid-

phase characterization data were evaluated, and the results are discussed below. 

5.12.1 Characterization of the U-Pu-Np solid phase 

5.12.2 Total chemical analysis for the U-Pu-Np coprecipitate solids  

The total molar ratios of U, Pu, and Np were determined for solid samples before and after 

equilibration. A few mg of the solids were dissolved in 2 M HNO3 and analyzed by ICP-MS to 

determine their respective compositions. The composition of the solid phase after 126 days at 

equilibrium with a solution at pH 8.5 was quite similar to the solid before equilibration, as shown 

in Table 9. The analysis was also carried out for 30 days with similar results to the 126 days. For 

the samples with a higher concentration of Pu (5 mol % ), the analysis was carried out after 30 and 

95 days of equilibration, with both showing similar results.  

The longer equilibration period for the set of solid samples was chosen in analogy to Rai and 

coworkers [201], who reported solid analysis for a longer equilibration period of 238 days against 

the solubility data reported for 38 days. 
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Table 9: Analytical molar fractions of U and Ce in the initial and equilibrated solids. 

Target composition Before equilibration After equilibration 

 PuxNpyU1-x-y Pu Np U Pu Np U 

Pu0.01 Np0.001U0.989 0.01 0.001 0.989 0.01 0.001 0.989 

Pu0.05 Np0.005U0.945 0.05 0.005 0.944 0.05 0.005 0.944 

 

5.12.3. SEM-EDX/WDS results for the U-Pu-Np coprecipitate solids   

The U–Pu–Np coprecipitates solid samples were characterized before and after equilibration 

using SEM in secondary electron imaging mode. The obtained micrographs (see Figs. 50 and 51) 

show a uniform surface microstructure without observable compositional contrasts. No distinct 

phases or segregated regions enriched in U or Pu were detected, which suggests a homogeneous 

distribution of the elements within the solid material. 

   

Figure 50: SEM micrographs of the solid samples (U0.945Pu0.05 Np0.005) before equilibration at 

different magnifications. 
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Figure 51: SEM micrographs of the solid samples (U0.945Pu0.05 Np0.005) after equilibration at 

different magnifications. 

SEM-EDX analysis of the solid samples before and after equilibration (see Figs. 52 and 54) 

confirms the presence of U, Pu, and Np in the sample.  EDX and WDS elemental mapping analysis 

of the solids (see Figs. 53 and 55 for only EDX) indicate that U, Pu, and Np are uniformly 

distributed within the solid samples. A scan in several different areas or spots showed a 

homogeneous distribution of U, Pu, and Np. 

For the sample containing Pu0.01Np0.001U0.989, the Pu and Np concentrations were below the 

detection limit of the EDX/WDS analyses. The absence of compositional heterogeneity suggests 

that the solid samples consist of a single phase rather than a mixture of distinct solid phases. The 

uniform elemental distribution observed in the EDX mappings supports the interpretation that the 

solids form a solid solution. Furthermore, no additional phases were detected after equilibration, 

and the homogeneous distribution of U, Pu, and Np remained unchanged (see Figs. 52 and 54). 

These findings are also supported by the EDX and WDS line scan analysis carried out on the solid 

samples (see Fig. 56 for only WDS), which also confirms the uniform distribution of Pu and U in 

the coprecipitated solid samples.  However, the instrument is limited in the detection of Np, but 

very useful in distinguishing between the U and Pu peaks. 

 

 

Figure 52: SEM-EDX spectrum of the solid samples ( U0.945Pu0.05 Np0.005) before equilibration.  
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Figure 53: Micrograph and EDX mapping (left-U, center Pu, right-Np) of the solid sample ( U 

U0.945Pu0.05 Np0.005) before equilibration.  

 

Figure 54: SEM-EDX spectrum of solid samples (U0.945Pu0.05 Np0.005) after equilibration.  
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Figure 55: Micrograph and EDX mapping (left-U, center Pu, right-Np) of the solid sample 

(U0.945Pu0.05 Np0.005) after equilibration. 
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Figure 56: WDS Line scan of the solid samples ( U0.945Pu0.05 Np0.005) before equilibration  

5.12.4. High-resolution XRD results for the U-Pu-Np coprecipitate solids  

The diffraction peaks of the solids before and after equilibration were similar in appearance. The 

representative samples show broad peaks and not well-defined peaks. Peak indexing was carried 

out using crystallographic data obtained from the Inorganic Crystal Structure Database (ICSD). 

Phase identification and indexing were performed with GSAS-II, while structural refinement was 

conducted using the ICSD entry with collection code 246854 as the initial model for the refinement 

procedure. The solid precipitate peaks indicate that the solids are mainly amorphous, and the 

presence of microcrystallinity cannot be ruled out. 

 

Figure 57. XRD spectra of the U0.989 Pu0.01 Np 0.001 solid (black) and U0.945Pu0.05 Np0.005 (red). 

Both after equilibration of the solid.  
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The samples sintered at 900 °C under reducing atmosphere had well-defined crystalline narrow 

peaks for both samples, as shown in Figs.58 and 59. 

 

Figure 58. XRD pattern of the equilibrated U0.989Pu0.01Np0.001 solid heated at 900 ˚C under 

reducing conditions. 

 

Figure 59. XRD pattern of equilibrated U0.945Pu0.05Np0.005 solid heated at 900 °C under reducing 

conditions.  
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The behavior of solid solution structures can be investigated using diffraction methods. The lattice 

parameter of mixed actinide oxides is a critical structural property that reflects the degree of 

substitution of cations in the fluorite lattice. The lattice parameter of the mixed oxide was refined 

using the GSAS-II software [202] and is reported in Table 10. The lattice parameter of U1-x-

yPuxNpyO2±x±y solid solution is expected to change linearly as a function of the composition of the 

pure end members. For the ternary U–Pu–Np system, the lattice parameter can be expressed as the 

mole-fraction weighted average of the end-member lattice parameters. Vegard’s law extends to 

ternary systems like: 

a(U1−x−yPuxNp
y
O2) = (1 − x − y)aUO₂ + xaPuO₂ + yaNpO₂               (59) 

where 𝑥𝑖  represents the mole fraction of the cation 𝑖 and 𝑎𝑖  is the lattice parameter of the 

corresponding pure oxide. The following lattice parameters have been reported in previous studies: 

UO2.00   is 5.47127 Å , PuO2.00 is 5.3960 Å and NpO2 as 5.434 Å [208-210]. The refined lattice 

parameters for the investigated coprecipitates are shown below. 

 Table 10. Lattice parameters for the U-Pu-Np solid samples sintered at 900 °C. 

Composition Expected from Eq. (58) a (Å) refined 

UO2.00 -                    - 

 

Np0.001Pu0.01U0.989 

 

5.4704 5.4691 (1) 

Np0.005Pu0.05U0.945 

 

5.4673 5.4669 (1) 

As seen from Table 10, the refined lattice parameters for our annealed coprecipitate solid samples 

are quite similar to the values calculated with the extended Vegard's law. However, the ratio O/M 

was not investigated in this study. A face-centered cubic structure was observed for both the 

Np0.001Pu0.01U0.989 sample and the Np0.005Pu0.05U0.945 samples. An increase in the Pu and Np content 

in the solid solution would lead to contraction of the solid solution lattice parameter when 

compared to pure UO2. This trend confirms the successful incorporation of these cations into the 

UO2 lattice and supports the formation of homogeneous solid solutions or mixed oxides. The 

refinement data support the formation of fluorite-type solid solutions in the  U–Pu–Np system. 

5.12.5. XANES result from the U-Pu-Np coprecipitate solids   

XANES spectra are typically divided into three distinct regions: the pre-edge, the absorption edge 

(including the white line), and post-edge features. The spectra presented in Fig.60 have been 

collected at the Pu L3 edge for PuO2 (red reference spectrum) and two UO2-based samples doped 

with varying concentrations of Pu and Np, namely U0.989Pu0.01Np0.001 (green) and 

U0.945Pu0.05Np0.005 (blue). The position of the absorption edge and, in particular, the white line 

serve as a reliable indicator or sensitive probe of the oxidation state of Pu [211].In the present 

study, the excellent agreement between the white line of PuO2 and that of UO2 doped with Pu 

confirms that Pu is present in the tetravalent state (Pu(IV)) in all the investigated materials. To 

support the experimental XANES observations, theoretical spectra were calculated using the 

FEFF10 code based on multiple scattering theory. The simulations, performed for both PuO2 and 

Pu substituted into the UO2 lattice, show excellent agreement with the experimental data, 

validating the structural interpretation. This analysis confirms that the local coordination 

environment of Pu in UO2 doped with Pu differs from that in pure PuO2. Specifically, the Pu–O 
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bond distances in the doped UO2 are longer (~2.36 Å) than in PuO2 (~2.33 Å). The lattice 

parameter has decreased from 5.46 Å (in case of UO2) to 5.39 Å.  This effect is observable at the 

lowest doping concentration of 1% Pu in UO2. As the doping concentration increases to 5%, the 

local structure around Pu becomes increasingly similar to that of PuO2, indicating that higher Pu 

concentrations restore a coordination environment closer to the reference PuO2 structure. 

Similar results have been previously reported by P.Martin and coworkers [208]. This observation 

confirms that Pu has been successfully incorporated into the UO2 structure, occupying lattice sites 

within the fluorite framework.  

The local coordination environment around Pu closely resembles that of U in UO2, indicating that 

the dopant atoms substitute into the U host lattice without forming separate or distinct PuO2 phases 

at lower Pu concentrations. Such incorporation also suggests that the overall crystal structure 

remains stable and maintains its integrity even at low to moderate Pu doping levels. The XANES 

results confirm that Pu is present in the tetravalent state Pu(IV) in all investigated solid samples, 

including both precipitated solids and thermally treated solid samples. 

However, prior to the coprecipitation experiment, we confirmed using UV–Vis that Pu was present 

in the acidic solution in the +3 oxidation state. Two scenarios may explain the observations. Either 

Pu(III) is unstable under alkaline conditions and is oxidized to Pu(IV), which subsequently 

coprecipitates with U(IV) and Np(IV), or Pu(III) was initially incorporated into the freshly 

precipitated solid and later oxidized to Pu(IV) during extended storage in the glove box (~ 8 

months between precipitation and XANES analysis), or during sample preparation, transport, or 

during measurement. 

To our knowledge, the only reported case of a U(IV)–Pu(III) coprecipitate is an early study (Bruno 

and Sandino, [121]), where the presence of Pu(III) was based on reduction of Pu(IV) in acidic 

solution by U(IV), but no analysis of the oxidation state was carried out. Several studies related to 

synthesis of U-Pu fuels have reported coprecipitation of U(IV) and Pu(III) oxalates (Arab-Chapelet 

and coworkers [212, 213], Grandjean and coworkers [214]), but Pu is converted to Pu(IV) in the 

oxide obtained during sintering of oxalates at high temperature under Ar atmosphere. In spite of 

sintering under H2 atmosphere, we could expect this to happen for our two high temperature 

samples, but not for the as precipitated ones, which are the main objective of the study. 
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Figure 60. (a) Experimental XANES spectra recorded at the Pu L3 edge for PuO2 (red), U0.98 

Pu0.01Np0.001 (green) and U0.945Pu0.05Np0.005 (blue)  (b) Theoretical XANES spectra calculated using 

the FEFF code for PuO2 and UO2 doped with Pu structure. 

According to Grenthe and coworkers [16] and Cho and coworkers [215], Pu(OH)3(s) is stable 

within the water stability field. It has also been used as a precursor for Pu(OH)CO3(s) synthesis 

and solubility studies (Müller and coworkers [216]), where Pu(III) in the solid was confirmed by 

dissolving it in HCl and identifying Pu(III) by UV–Vis.  

This approach is not applicable here in this present study, as dissolved uranium would reduce 

Pu(IV) to Pu(III) in acidic solution, preventing the identification of Pu(III) in the solid. Our 

coprecipitates are very fine powders and appear highly sensitive to oxidation. A similar U–Ce 

coprecipitation study in previous work by Saleh and coworkers [217] showed U(VI) by EXAFS 

but U(IV) by XPS. 
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In this study, XRD shows a cubic UO2 structure, indicating no major oxidation. Pu appears as 

Pu(IV) in all samples. Due to limited resources, no XANES for U or XPS analysis was performed. 

Since both SEM-EDX and XANES indicate homogeneous Pu distribution, an ideal solid solution 

with UO2 was assumed. Under reducing conditions, Pu(IV) is expected to dissolve as Pu(III). To 

account for possible oxidation of the sample after precipitation, solubility data were evaluated 

assuming both Pu(IV) and Pu(III) in the solid. 

 5.13. Characterisation of the U-Pu-Np liquid phase 

 5.13.1.  U concentrations in equilibrium with the Np0.001Pu0.01U0.989 co-precipitate solid 

The behaviour of U in equilibrium with Np0.001Pu0.01U0.989 co-precipitated solid is expected to 

closely resemble that of amorphous UO2(am), as the low Pu-Np content is not anticipated to 

significantly alter the UO2(am) solubility. As shown in Fig. 61, the measured U concentrations 

after 30 days are in good agreement with literature solubility data for UO2(am) in 0.01 M NaCl 

solution [196, 197].  

In the acidic pH region of 2–4, U concentrations decrease by approximately three orders of 

magnitude per unit increase in pH, consistent with the reported behaviour observed in the U-Ce 

study. Within this pH range, U(IV) speciation is dominated by the formation of the first hydrolysis 

species, U(OH)3+, as consistently reported in studies on the solubility of amorphous UO2. 

Accordingly, the equilibrium between UO2(am) and the aqueous phase in this region is primarily 

governed by the following reaction: 

UO2(am) + 3 H+  ⇌  U(OH)3+ + H2O(l) (60) 

*K0
s3 = {U(OH)3+} aw {H+}-3   (61) 

At higher pH values > 4, the measured U concentrations agree well with the lower solubility limit  

reported for UO2(am), with log[U] = – 8.5 ± 1 [16]. These values are also consistent with U 

concentrations observed in spent nuclear fuel leaching studies under similar conditions [18, 207, 

208]. No direct determination of the oxidation states of U, Np, or Pu was performed at these low 

concentrations. However, the measured U concentrations are among the lowest reported for  

UO2(am) under similar experimental conditions, which strongly suggests the absence of U(VI). 

Assuming that U remains reduced, it is reasonable to infer that Pu and Np are likewise not oxidized 

under the same conditions. 
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Figure 61. Concentrations of U in equilibrium with the Np0.001Pu0.01U0.989 solid solution at 30 days. 

The dotted line with slope -3 is from Fig. 4 in (Rai and coworkers [197]), while the horizontal 

dotted line indicates log[U] = -8.5.  

5.13.2. Np and Pu concentrations in equilibrium with the co-precipitate solid 

(Np0.001Pu0.01U0.989 and Np0.005Pu0.05U0.945)  

For the U-Pu-Np-containing solids, the measured Np concentrations are about three orders of 

magnitude lower than the solubility of pure NpO2(am). Previous studies by Rai and coworkers 

[201] have indicated that both U(IV) and Np(IV) form ideal solid solutions. In such solids, the 

solubility of the minor component is proportional to its mole fraction in the solid. Our results 

confirm this, with the expectation that the solubility of Np from the co-precipitate is directly 

proportional to its mole fraction in the solid phase i.e. 0.001Ks
0 or 0.005Ks

0, where Ks
0 is the 

solubility product of NpO2(am, hydr). 

XANES  analysis indicates that Pu is present in the +IV oxidation state in the solid phase. However, 

it cannot be determined whether Pu(III), initially introduced before precipitation, was oxidized to 

Pu(IV) during the precipitation process or at a later stage, such as during storage in the glove box, 

sample handling, transport, or exposure to the accelerator beam. For the interpretation of the 

solution data, it is therefore first assumed that Pu is present as Pu(IV) in the solid phase under the 

conditions of the equilibration experiments with groundwater and dithionite. Under this 

assumption, it is reasonable to consider that U(IV), Np(IV), and Pu(IV) can form an ideal solid 

solution due to their similar chemical properties and ionic radii. 
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Figure 62. Concentrations of Pu in equilibrium with 1 mol% Pu coprecipitate and with pure 

PuO2(am, hydr) from the data of Rai and coworkers [189] and Fujiwara and coworkers [218, 219].  

Datasets in tables A.1 and A.II for 4 to 43 days equilibration from under and oversaturation [189] 

and 3 months equilibration data [218]. Lines from Fig. 1 in [189]. 

In this case, equilibrium Pu concentrations should correspond to 0.01Ks
0 or 0.05Ks

0 where Ks0 is 

the solubility product of PuO2(am,hyd).Fig. 63 compares the Np0.001Pu0.01 U0.989 data with literature 

studies on reductive dissolution of PuO2(am, hydr) in the presence of Fe(II) (Rai and coworkers 

[189] and dithionite (Fujiwara and coworkers [218, 219]). These studies show that PuO2 (am, hydr) 

dissolves reductively, releasing Pu(III) into solution. 

PuO2(am, hyd) + 4 H+ + e-  ⇌  Pu3+ + 2 H2O   (62) 

The Pu concentrations from the coprecipitate (see Fig.63) are much higher than Pu(IV) 

concentrations measured in equilibrium with PuO2(s) [189] but lower than values reported for 

reductive dissolution of PuO2 (am, hydr). The difference is most pronounced in the acidic range, 

where concentrations are 2–4 orders of magnitude lower. In neutral to alkaline conditions, they are 

about 0.5–1 order of magnitude lower than data from Rai and coworkers [189]. Data from [218] 

in the alkaline range are excluded due to colloid formation during their oversaturation solubility 

study. For the 5 mol% Pu coprecipitate (Fig. 64), Pu concentrations are slightly higher than for 1 

mol% in the acidic range and about 10-9.5 M in the neutral to alkaline pH range. Pu(IV) may 

dissolve reductively under acidic conditions, while in neutral to alkaline conditions, it may be 

released as Pu(IV). Rai and coworkers [189] attribute low and scattered Pu concentrations at high 

pH to low PuO2 solubility, detection limits, and possible redox changes, 

 In this study, SEM-EDX-WDS and XANES confirm homogeneous Pu distribution in the UO₂ 

matrix. However, measured total Pu concentrations (~10-10.5 M for 1 mol% and ~10-9.5 M for 5 

mol% at pH > 6) are significantly higher than expected for an ideal U(IV)–Pu(IV) solid solution 
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(≈10-12.4 M). This indicates that the observed concentrations cannot be explained solely by 

equilibrium with a homogeneous U(IV)–Pu(IV) coprecipitate. The observed differences (2.1-3.6 

orders of magnitude decrease in acidic range and <1 order in neutral to alkaline range) deviate 

from ideal behaviour, suggesting the coprecipitate's solid is non-ideal. This supports the 

assumption that Pu was initially present as Pu(III) in the solid. Any conversion to Pu(IV) likely 

occurred during storage, sample handling, or XANES analysis. Therefore, the solubility data were 

also evaluated assuming Pu(III) in the coprecipitate. 

5.13. 3. Pu(III) concentrations in equilibrium with the co-precipitate solid (Np0.001Pu0.01U0.989 

and Np0.005Pu0.05U0.945) 

In this section, we consider that Pu is present as Pu(III) in the co-precipitated solids. The measured 

Pu(III) concentrations in equilibrium with the Pu0.01Np0.001U0.989 co-precipitate are approximately 

1.7-2 orders of magnitude lower than those of U across the entire investigated pH interval.For each 

chemical component in the system UO2 xH2O(s)-Pu (OH)4(s)-H2O at equilibrium the chemical 

potential (μ) must be equal in the solid and in the aqueous phase μs (Pu (OH)3) = μaq (Pu(OH)3). 

The thermodynamic model follows the same approach described for the U–Ce coprecipitation 

system. In the acidic region (pH 2.1–3.2), where Pu3+ is the dominant aqueous species, the 

dissolution of Pu(OH)3(s) can be represented as: 

Pu(OH)3(s) + 3H+ ⇌ Pu3+ + 3 H2O(l)           (63) 

Within this pH range, the formation of hydrolyzed Pu(III) complexes is not expected to exist. By 

considering the thermodynamic equilibrium constant (*Ks0
0 ) , concentration of Pu in equilibrium 

with the co-precipitates and the activity of water in 0.01 M NaCl (which is close to one), we have 

the following expression: 

log {Pu3+} = log  *Ks0
0 − 3 pH + log aPu(OH)3(s)             (64) 

Following the same formulation as for the U-Ce system, a composition-dependent constant 𝐾𝑥 is 

introduced to account for the activity of Pu(OH)3(s) in the solid solution: 

log [Pu3+] = log Kx − 3 pH                 (65) 

This relationship allows the determination of Kx by fitting the experimental log {Pu3+} data in the 

acidic region to a line of -3 slope and extrapolating to pH=0. The activities of Pu(III) were 

calculated from total concentrations using the Specific Ion Interaction Theory (SIT) (ε(Pu3+, Cl-)) 

with interaction parameters taken from Grenthe and coworkers [16]. 

Table 11. Values of log Kx, aPu(OH)3(s) and λPu(OH)3(s) estimated from data in the pH range 2.1-3.2. 

X Pu(OH)3(s) log Kx log aPu(OH)3(s) log λPu(OH)3(s) 

1 14.6 0.00 0.00 

0.05 0.7 -13.9 -12.6 

0.01 0.5 -14.1 -12.1 

 

The resulting Kxvalues are approximately 14 orders of magnitude lower than those reported for 

pure Pu(OH)3(s) in a pH range where Pu(OH)3(s) exists (Felmy and coworkers, Cho and 

coworkers, [215, 220]. 
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The activity of Pu(OH)3(s) in the solid phase was determined by subtracting the value of log *Kₛ₀ 

(14.6) from the corresponding log Kx values (see Eq. 63). The calculated equilibrium activities are 

summarized in Table 11. The activity coefficients of Pu(OH)3 in the co-precipitate (𝜆) were 

obtained from the relationship between activity and composition, expressed as: 

aPu(OH)3(s) = x λPu(OH)3(s)                      (66) 

As shown in Table 11, the Kx values exhibit a slight increase with increasing mole fraction 𝑥, 

indicating behavior consistent with solid solution thermodynamics. For all investigated 

compositions, the equilibrium concentrations of Pu remain consistently lower than those of 

uranium across the entire pH range.  

The determination of the conditional solubility product of Pu(OH)3(s) from co-precipitate systems 

within a pH range where the pure solid phase Pu(OH)3(s) cannot exist is associated with significant 

uncertainty, therefore, these data should be treated with caution. 
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Figure 63. Concentrations of Np, Pu and U in equilibrium with Np0.001Pu0.01U0.989 oxide co-

precipitate at the acidic pH range compared with concentrations of Pu in equilibrium with Pu 

(OH)3(s) (Felmy and coworkers [220]) in distilled water. 

For pH values above 9,  if  Pu(OH)3(aq) is assumed to be the dominant aqueous species, the total 

dissolved Pu concentration can be expressed as : 

log [Pu]T = log *Ks0
0 + log *β3  (67) 

where *β3 is the constant corresponding to the equilibrium reaction: 

Pu3++ 3 H2O(l) ⇌ Pu(OH)3(aq) + 3 H+  (68) 
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Figure 64. Concentrations of Pu, Np and U in equilibrium with Pu0.05Np0.005U0.945 oxide co-

precipitate. The dotted lines in the basic range indicate the solubility of UO2(s), log[U] = - 8.5 and 

the horizontal part of Pu concentrations for the pure oxide and the coprecipitate. 

The concentrations of Pu in equilibrium with UO2-based co-coprecipitates are expected to be lower 

than those in equilibrium with pure Pu(OH)3(s), due to the activity of Pu(OH)3(s) within the solid 

solution. Under these conditions, the dissolved Pu concentration can be expressed as: 

log [Pu] = log Kx + log *β3 (69) 

There is no published data of *β3 for Pu(OH)3(aq), only estimations mainly based on analogies 

with Am(III) systems exist and its corresponding solubility product [221-223]. However, as 

discussed by Grenthe and coworkers [16] based on the work of Cho and coworkers [218], Pu(III) 

exhibits stronger hydrolysis behaviour than Am(III) and, along with the solubility product, which 

is more than one order of magnitude lower. 

In the present study, an approximate value of log *β3= -23.6. was derived by combining 

experimental data from Felmy and coworkers [220], which report log [Pu]T ~ -9 in the pH range 

9-12, and the constant *Ks,3 =-9.3 for Am(OH)3(am) (Guillaumont and coworkers [172], and with 

the value *Ks0= 14.6 from [218]. Using this estimate, the composition -dependent constants (log 

K0.01 and log K0.05) were determined from Pu concentrations measured at high pH in equilibrium 

with the corresponding solids.  

As illustrated in Fig. 64, Pu concentration at pH > 9 is completely determined by congruent 

dissolution with UO2(s), showing a constant decrease relative to U concentrations. The 

corresponding Kxvalues, along with the calculated activities and activity coefficients λ of Pu (OH)3 

in the coprecipitates, are summarized in Table 12. 
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Furthermore, the horizontal part observed in Pu(III) concentrations extends to the pH = 6 - 9.5 

interval, where the solubility of pure Pu (OH)3(s) would be expected to increase steeply due to the 

formation of Pu (OH)2+ or Pu3+species. This behaviour further indicates that the release of Pu(III) 

from the co-precipitate is mainly controlled by the release of U. 

Table 12. Values of log Kx, aPu(OH)3(s) and λPu(OH)3(s) estimated from data for pH > 9. 

XPu(OH)3
 log Kx log aPu(OH)3(s) log λPu(OH)3(s) 

1 14.6 0.00 0.00 

0.05 13.9 -0.7 0.6 

0.01 13.2 -1.4 0.6 

 

5.14. Kinetics of solubility equilibria for the U-Pu-Np coprecipitate solids 

The evolution of U-Pu-Np concentrations in solutions as a function of equilibration time was 

studied to determine whether the system reached equilibrium during solubility experiments. As 

shown in Fig. 65, the total concentrations of U and the minor components Pu-Np in contact with 

the coprecipitated solids remain very similar after 7, 14, 21, and 30 days. Only a slight decrease in 

concentration over time is observed, which is likely due to the aging of the initially amorphous 

solid phase.  A similar observation was also observed in the U-Ce coprecipitate study and similar 

conclusion can be made. 
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Figure 65: Evolution of total U, Pu, and Np concentrations during 30 days of equilibration for 

the solid containing 1% Pu and 0.1% Np. 
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5.15. Equilibrium distribution between the U-Pu-Np solid and aqueous phase 

The plot of the normalized concentrations of Pu-Np relative to U concentration have quite some 

spreads, particularly at low pH range, but indicates that the Pu or Np release from the solid matrix 

is totally controlled by U dissolution and remains independent of time, demonstrating a congruent 

release mechanism. The corresponding distribution factor, calculated according to the Berthelot–

Nernst relationship (McIntire 1963) [207]. 

[Pu or Np](s)

[U(IV)](s)
=  D

[Pu or Np](aq)

[Pu or Np](aq)
               (70) 

A similar behavior is observed for Ce with respect to U concentration, where the plot of the 

normalized concentrations with respect to U concentration also shows some spread at low pH but 

confirms congruent release controlled by uranium dissolution.  

The calculated distribution factors are D = 0.62 for both the 1% Pu solid and 5% Pu solid. The 

corresponding distribution coefficient for Np was D = 0.48 for the 0.5% Np solid and 0.62 for the 

0.1% Np solid. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 



86 
 

6.0 Conclusions 

Understanding the migration behavior of UO2 in groundwater systems in the presence of iron is 

essential for evaluating the safety of geological repositories and predicting the environmental fate 

of dissolved U. Investigation of the reduction of Ca- uranyl complexes in the presence of metallic 

iron demonstrates that iron within fuel canister inserts provides an additional reducing capacity to 

the system. The reducing effect of the iron foils resulted in a significant decrease in the dissolved 

U concentration from ~ 4.2·10-6 M to ~10-9 M across all groundwater compositions, which is quite 

similar to the reported equilibrium solubility limit  of UO2(am) [35]. Solid characterizations of the 

iron foil using SEM-EDX and XPS confirmed the formation of  UO2(s) precipitates on the iron 

foil surfaces. These precipitates occurred on carbonate green rust formed on the corroding iron foil 

surfaces. While Ca–uranyl–carbonato complexes slightly reduced the reaction rate, they did not 

inhibit reductive precipitation, indicating that dissolved U(VI) can be effectively reduced and 

immobilized as UO2(s) on corroding iron surfaces under repository-relevant conditions. These 

results indicate that, in the event of a canister failure within a geological repository, dissolved U 

present as U(VI)  would be expected to undergo reduction and subsequently reprecipitate as 

probably UO2 on the corroding iron surface.  

In the leaching study, the corrosion of an un-irradiated MOX fuel pellet ( 10 wt% Pu with high 

specific alpha activity of 1.79 GBq/g) was investigated under an Ar atmosphere in simplified 

carbonate-containing water solution (10 Mm NaCl and 2mM NaHCO3,  referred to as 10:2 

solution) and in simulated  Forsmark groundwaters in the presence of metallic iron foils and iron 

powder. The findings in the carbonate-containing 10:2 solutions in the absence of metallic iron 

show a steady increase in U concentrations over the entire duration of the leaching test. This 

indicates that oxidized U(VI) was released in the solution due to the formation of radiolytic 

oxidants such as H2O2 at the pellet surface, thereby increasing U solubility. The results clearly 

demonstrate that, in the absence of metallic iron, radiolytic oxidants formed under α-radiation 

promote oxidative dissolution of the MOX fuel, leading to a continuous increase in dissolved 

concentrations. In contrast, in the presence of metallic iron and simulated Forsmark groundwater, 

the study shows that anoxic iron corrosion effectively establishes and maintains reducing 

conditions. The generation of Fe(II) and H2, together with the formation of iron corrosion products, 

successfully counteracts the oxidative effect induced by α-radiolysis. As a result, the oxidative 

dissolution of MOX fuel is strongly suppressed. This is evidenced by the consistently measured 

low dissolved U concentrations, which are in good agreement with the lower solubility limit of 

UO2(am), and Pu concentrations are below the detection limits. 

Furthermore, the linear increase in Fe(II) concentration and the accumulation of dissolved H2 ( 1.6 

m M) confirm corrosion of the metallic iron in contact with the synthetic Forsmark groundwater 

as occurred at the end of the 508- day leaching period. The very limited total uranium release over 

more than one year, together with its predominant association with solid phases, indicates that 

uranium remains largely in the reduced U(IV) state and is effectively retained within the system. 

Surface characterization supports these findings, showing the formation of Fe(III)-bearing 

secondary phases on the MOX pellet, likely resulting from the consumption of radiolytic oxidants, 

as well as Fe(II)-containing corrosion products formed on iron surfaces. These processes further 

contribute to buffering the redox conditions. Overall, this study demonstrates that under 

repository-relevant conditions, the presence of metallic iron can effectively mitigate α-radiation-

induced oxidative dissolution of MOX fuel. This confirms that iron can play a critical role in 

maintaining reducing conditions and enhancing the long-term stability of spent nuclear fuel in a 
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deep geological repository. In the subsequent study, to better understand if dissolved H2 has any 

influence on the process, a leaching test of the same MOX fuel pellet (10% Pu ) in the presence of 

magnetite and synthesized chukanovite was carried out. A strong inhibiting effect on fuel 

dissolution was observed for chukanovite. The relatively high Fe(II) concentrations resulting from 

the equilibration of the Forsmark groundwater with chukanovite counteract the oxidative 

dissolution caused by the high alpha field of the MOX fuel pellet. Whereas magnetite, on the other 

hand, produces much lower concentrations of Fe(II) in equilibrium with groundwater, which are 

not sufficient to suppress or inhibit the radiolytic dissolution of the MOX pellet.  Magnetite 

exhibited a comparatively weaker reducing capacity despite its ability to reduce U(VI) to some 

extent.  

In the final work, the coprecipitation studies were undertaken to understand the behaviour of SNF 

observed during the spent nuclear fuel leaching test carried out in the presence of H2.In this work, 

the study of the solubility behaviour of  U and the minor components of the nuclear waste matrix 

in relation to the major component UO2 was investigated. This study addresses the potential 

coprecipitation formation behaviour of the UO2 matrix in connection with a near-field situation 

under repository conditions. In the preliminary study, solid containing two different proportions of 

U(IV) with Ce(III), (Ce0.01U0.99 and Ce0.10U0.90) and in the subsequent study solid containing two 

different proportions of U(IV) with Pu and Np (Pu0.01Np0.001U0.989 and Pu0.05Np0.005U0.945) similar to 

their composition in SNF were successfully co-precipitated as amorphous solid solutions through 

neutralization of their acidic solutions at room temperature in glove box atmosphere and in the 

presence of sodium dithionite. The coprecipitate solids were then equilibrated over a wide pH 

range in 1 M NaClO4(U-Ce) and 0.01 M NaCl solution (U-Pu-Np) containing dithionite,  in an 

undersaturation test. The results demonstrate that the amorphous coprecipitates attained 

equilibrium rapidly, typically within one week in both cases. In both coprecipitation studies, the 

measured concentrations of U in equilibrium with the coprecipitate were in excellent agreement 

with the reported solubility of UO2(am) under reducing conditions [35].In the initial study, the Ce 

concentrations were completely dominated by the release of U. Ce concentrations were 

consistently lower than U across the pH range and increased slightly with higher Ce content in the 

solids, indicating that CexU1-xO2±y solids behave thermodynamically as solid solutions. The 

activity coefficients of Ce(OH)3(s) in the coprecipitate are much less than 1, indicating 

thermodynamically favorable mixing behavior of Ce(OH)3 with UO2. Several multiple analytical 

techniques were used to characterize the solids (chemical analysis,  SEM-EDX, XRD, XAS, XPS) 

to determine nature of solid solution formed.  The SEM-micrographs obtained show that the solids 

are uniform in appearance, with elemental mapping analysis confirming homogeneous distribution 

of Ce in the UO2 matrix.  The XRD results indicate that the solubility controlling solids are 

amorphous in both studies. The systematic decrease in lattice parameters with increasing Ce 

content provides further evidence of solid solution formation and structural integration within the 

UO2 matrix. Surface XPS analysis confirms that  U was present as U(IV) while Ce was present as 

Ce(III) oxidation state  in the U-Ce coprecipitated solid.  

In the U-Pu-Np study, the releases of Np indicated formation of ideal solid solutions between 

UO2(s) and NpO2(s). The release of Pu from the coprecipitates was totally dominated by the release 

of uranium in the whole pH range. The Pu concentrations decrease slightly with the decrease of 

Pu content in the solid, suggesting that PuxNpyU1-x-yO2±x±y solids behave thermodynamically as 

solid solutions. Solid characterizations by SEM-EDX/WDS analysis with elemental mapping 

indicate that U, Pu and Np appear homogenously distributed in the coprecipitated solid. XRD 
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analysis shows the lattice parameter decreases with increasing Pu and Np content, following 

Vegard’s law and confirming homogeneous solid solution formation with lattice contraction 

relative to UO2. XANES analysis confirms the oxidation state of Pu in the solids as Pu(IV) and 

not Pu(III) which can probably be attributed to the  oxidation of the samples as a result of the long 

storage in the glove box  or during transport of the samples to the beamline. 

In both coprecipitation studies, the measured solubilities and calculated conditional solubility 

products of Ce(OH)3 or Pu(OH)3 from the coprecipitate were several orders of  magnitude lower 

than their pure hydroxides solid phases. These results imply that incorporation into the UO2 matrix 

can significantly lower the effective solubility of these minor components (Ce, Pu, Np) relative to 

their corresponding pure hydroxide phases. These findings suggest that, under reducing conditions 

relevant to geological repositories, the concentration of transuranic actinides and other lanthanides 

released from the UO2 fuel matrix during  spent fuel  alteration or oxidative dissolution will not be 

determined by their individual solubilities when they coprecipitate with UO2(s) at the iron surface 

of the canister insert but will be orders of magnitude lower. It can be concluded that the solubility 

of the minor components cannot be only predicted on the basis of their individual solid phases but 

rather also on their coprecipitation behaviour (formation of solid solutions) with other 

radionuclides present in the spent fuel matrix. 
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Future work 

Building on the methodology and experience gained from the study of the co-precipitation of Pu 

and Np with UO2, future work should focus on improved control of sample handling and 

characterization to ensure the preservation of the redox state of the coprecipitated solids. All 

sample preparation and transfer should be carried out entirely under an inert atmosphere (glove 

box). In addition, characterization of the coprecipitates should be performed immediately after 

synthesis to minimize any alteration of the original oxidation states. To further strengthen the 

understanding of redox chemistry and local structure within the solid phases, complementary 

spectroscopic techniques such as XANES and XPS should be carried out.  

Additionally, studies on the dissolution behaviour of spent nuclear fuel in the presence of iron 

corrosion products (such as chukanovite or siderite) should be carried out to better simulate 

repository conditions and to provide further insights into radionuclide release under reducing 

conditions. This is especially important for thick carbon steel canisters, which in the majority of 

cases will be almost completely corroded when fuel contacts water, and only corrosion products 

can counteract the oxidative dissolution of the spent fuel. 

The work of Rai and coworkers [224] demonstrates the strong sensitivity of Pu solubility to redox 

conditions. The observed variability in the neutral to alkaline pH range further highlights the 

difficulty of maintaining a well-defined oxidation state in aqueous systems. These findings point 

to the need for improved understanding of Pu(III) chemistry under reducing conditions. Future 

work should therefore focus on the stability and behaviour of Pu(III) under repository-relevant 

reducing conditions, particularly in systems containing metallic iron and iron corrosion products. 

The work of Rai and coworkers [224] has shown that Pu(IV) can be reduced to Pu(III) in the 

presence of Fe(II), and that the extent of this reduction is strongly influenced by the nature of 

Fe(III) solid phases formed. However, complete equilibration is often not achieved, and the 

molecular-scale mechanisms controlling electron transfer at mineral–water interfaces remain 

unresolved. 

In the context of SNF disposal systems where metallic iron is present, it is therefore essential to 

investigate the stability of Pu(III), its interaction with iron corrosion products, and its potential 

impact on plutonium mobility under long-term reducing conditions. Systematic studies of Pu(III) 

solubility, hydrolysis, and carbonate complexation are essential, as these processes are expected to 

govern plutonium speciation in deep geological repository environments. Improved 

thermodynamic data for Pu(III) would reduce uncertainties in geochemical models and enhance 

the reliability of long-term safety assessments. 
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Appendix 

The table  below shows the amount of chemicals used in the synthesis of the simulated  

Forsmark groundwater used for the leaching experiment  
       
  

1L Basis pH 
 

7.19 
 

 ID    02A 
      

 
 n 

[mol/L] 

M  

(g/mol) 

m  

(g/L] 

mass in 

(mg/L) 

Cations/ Anions Results 02A 

[mol/L] 

Reagents 
    

Na+ 9.657E-02 

NaCl 8.08E-02 58.44 4.722E+00 4.722E+03 K+ 9.310E-04 

MgCl2 1.00E-02 95.211 9.556E-01 9.556E+02 Ca2+ 2.221E-02 

KF 7.74E-05 58.097 4.495E-03 4.495E+00 Mg2+ 1.004E-02 

CaCl2·6H2O 2.22E-02 219.07 4.865E+00 4.865E+03 HCO3
- 2.065E-03 

NaHCO3 2.06E-03 84.007 1.735E-01 1.735E+02 Cl- 1,489E-01 

FeSO4·7H2O 4.05E-05 278.02 1.125E-02 1.125E+01 SO4
2- 5.275E-03 

NaBr 3.04E-04 102.894 3.129E-02 3.129E+01 Br- 3.041E-04 

Na2SO4 5.20E-03 142.04 7.381E-01 7.381E+02 F- 7.737E-05 

Na2SiO3 2.16E-04 122.06 2.642E-02 2.642E+01 Si 2,165E-04 

KCl 8.54E-04 74.55 6.364E-02 6.364E+01 Fe2+ 4.047E-05 

MnSO4·H2O 3.77E-05 169.003 6.368E-03 6.368E+00 Mn2+ 3.768E-05 

SrCl2·6H2O 9.90E-05 266.6 2.638E-02 2.638E+01 Sr2+ 9.895E-05 

 

 

 

 

 

 

 

 

 

 

 

 

 

 




